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The distribution and speciation of mercury (Hg) were investigated in contaminated soils collected from two ad-
jacent land use systems (arid land and rice paddy) near theWanshanMercurymine, SWChina. In both sites, fine
soil aggregate size fractions (b231 μm) showed higher total Hg concentrations and higher soil organic matter
contents than in larger aggregate size fractions (231 to 2000 μm). Compared to arid land, paddy soils are charac-
terized by higher proportions of fine soil aggregates, higher soil organic matter and higher total Hg content. Soil
Hg speciation, based onX-ray absorption spectroscopy (XANES) analysis, indicated that themajority (64–81%) of
Hg in soils under both land use systems was associated with metacinnabar (β-HgS), indicating the precipitation
of β-HgS in soils. We also observed the presence of bioavailable HgCl2 and Hg(0) in soils at both sites, whichmay
represent a considerable environmental concern. Our study clearly showed that different cultivation practices
can largely change the distribution and speciation of Hg in agriculture soils.

© 2016 Elsevier B.V. All rights reserved.
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1. Introduction

Mercury (Hg) is an important pollutant due to its global distribution,
bioaccumulation and toxicity (Yin et al., 2014). Mercury contamination
is a widespread problem due to the increasing anthropogenic emissions
and deposition of Hg to soils (Li et al., 2009; Yin et al., 2012). Themobil-
ity, bioavailability and toxicity of Hg in soils are strongly dependent on
chemical speciation (Stein et al., 1996). Mining sites are “hotpots” of
soil Hg contamination. The roasting process (500–800 °C) during Hg
refining liberates elemental Hg(0) from Hg ores (Yin et al., 2013a) and
produces gangue materials and waste calcines. Like Hg ores, gangue
materials mainly contain cinnabar (α-HgS) and waste calcines contain
secondary Hg phases such as metacinnabar (β-HgS), mercuric chloride
(HgCl2), Hg sulfates, and Hg oxides (Kim et al., 2000). In Hg mining
areas, soil contamination is mainly derived by leaching Hg from tailings
and deposition of Hg(0) emitted from the roasting facilities and tailings.
Studies of speciation of Hg in soils from mining-impacted areas have
identified mainly mercuric sulfides with minor Hg salts (e.g., HgCl2)
and Hg(0) present (Schuster, 1991; Fernández-Martínez et al., 2006;
Rimondi et al., 2014). Soluble Hg salts are more easily transported and
typically serve as the substrate for Hg(II) reduction and methylation
during various biological and abiotic processes. Methylmercury
(MeHg) only represent a small fraction of the total Hg in soils, whereas
it is a more toxic species and can be bioaccumulated in the food chains
(Akagi and Nishimura, 1991).

TheWanshanMercuryMine District (WMMD) is the largest historic
Hg-producing district in China (Fig. 1). Long-term mining activities in
WMMD have produced roughly 125.8 million tons of mine wastes,
which aremainly consisted of the roasted calcines and ganguematerials
(Jiang et al., 2006). Mercury in mine waste has been eroded and
transported to local soils (Zhang et al., 2004; Qiu et al., 2005). Contam-
inated soils in WMMD in turn are currently being utilized in paddy rice
and arid land cropping practices (e.g. corn) (Qiu et al., 2008). This inte-
grated cropping system has the potential to create changes in the phys-
ical, chemical and bacterial properties of the soil, which may affect the
distribution and speciation of Hg, and potentially cause differences in
MeHg production in the soils (Roulet et al., 1998, 1999; Farella et al.,
2007). Relatively high levels ofMeHghave been reported in rice paddies
compared to arid land cropping soils (Kelly et al., 1997; Rothenberg
et al., 2011). A recent study in WMMD demonstrated much higher
MeHg concentrations in rice (up to 100 μg kg−1), 10–100 fold higher
than that of other arid land plants (e.g. corn, conola, tobacco and
cabbage) (Qiu et al., 2008). Understanding the effect of contrasting
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Fig. 1. Sampling locations of sites in the Wanshan Mercury Mining District.
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cultivation practices on soil Hg distribution and speciation is important
in evaluating food Hg safety.

Chemical speciation of Hg in solids has been investigated using
sequential extraction (Chadwick et al., 2013), solid-phase-Hg-thermo-
desorption (Biester et al., 1999) and X-ray absorption spectroscopy
(XANES) (Kim et al., 2000; Gray et al., 2004, 2006; Jew et al., 2010).
Among those methods, XANES is well known by its direct and non-
destructive advantages (Kim et al., 2000; Gray et al., 2004, 2006; Jew
et al., 2010). Utilizing XANES, our previous study reported large differ-
ences in Hg speciation in two of the most important Hg contamination
sources, roasted calcines and unroasted Hg ore, in WMMD (Yin et al.,
2013a, 2013b, 2013c). However, contaminated soils inWMMDwith dif-
ferent agricultural cultivation practices have not been investigated by
XANES. This study then investigated the hypothesis that an alternating
sequence of paddy rice and dry land cropping will affect changes in
the distribution and speciation of Hg in soil. Soil samples collected
from both rice and arid land cropping farmlands in WMMD were ana-
lyzed for total Hg (THg) and utilized EXAFS analysis to understand
speciation and the relationship to cultivation practices in this
historically-contaminated Hg mining region.

2. Materials and methods

2.1. Study sites and sampling

TheWMMD is located in Guizhou Province, SWChina (Fig. 1). Large-
scale mining activities ceased at WMMD in 2001. Due to long-term Hg
mining activities during the past hundreds of years, Hg waste tailings
are widespread (Jiang et al., 2006), and leading to serious Hg contami-
nation of the surrounding environment (Zhang et al., 2004; Qiu et al.,
2005, 2008; Zhang et al., 2010; Yin et al., 2013a, 2013b, 2013c). This
study chose sites near the Wukeng (WK) pile, which is seated at the
head of the Xiaxi Stream, due to its proximity to two adjacent farmlands
(sitesWK-P andWK-A). TheWK-P is a paddy fieldwhich is used for rice
planting usingwater fromupstreamon the Xiaxi stream. TheWK-A site,
with a relative higher elevation (~4 m higher) than the WK-P, is a dry
cropping farmland used mainly for corn.

At each site, approximately 2 kg of composite soil was collected into
plastic bags prior to the laboratory processing. In the laboratory, soil
samples were air dried, gently crushed to disaggregate larger clumps
(which did not significantly alter the aggregate size distribution), and
sieved through a 2 mm nylon sieve to remove stones, coarse materials,
and other debris. Samples were then stored in polyethylene bags. A
portion of the sieved soils were ground to b150 μm by an agate grinder
for THg analysis of the bulk soils.

2.2. Sieve analysis for soil aggregate size distribution

Approximately 500 g of the remaining air-dried 2-mm sieved soils
was weighed and progressively passed through nine sieves (with 10,
20, 40, 60, 80, 120, 140, 180 and 200 mesh) (Gee and Bauder, 1986).
The bulk soil samples were then separated into nine aggregate size
fractions: 2000–850 μm (midpoint: 1425.0 μm), 850–389 μm (mid-
point: 619.5 μm), 389–231 μm (midpoint: 310.0 μm), 231–180 μm
(midpoint: 205.5 μm), 180–125 μm (midpoint: 152.5 μm), 125–
105 μm (midpoint: 115.0 μm), 105–90 μm (97.5), 90–75 μm (midpoint:
82.5 μm) and b74 μm (midpoint: 37.5 μm). The weight of each aggre-
gate size fraction was recorded and the loss of sample mass during the
separation processes was no more than 2% of the total mass. The mass
percentage of each aggregate size fraction within the bulk soil was
calculated. Sieved soil fractions were then homogenized using a ZrO2

homogenizer (01467-AB, SPI Supplies®), and stored in plastic bags for
soil organicmatter (SOM) content, THg concentration andHg speciation
analysis.

2.3. Soil organic matter content and total mercury concentration analysis

SOM contents in all sieved soil fractions were determined by reduc-
tion of Cr2O7(-II) by organic C and subsequent determination of
unreduced Cr2O7(-II) by oxido-reduction titration with Fe(II) (Nelson
and Sommers, 1982). THg in bulk soil and soil size fractions were ana-
lyzed by a Lumex RA 915+ Hg analyzer (Lumex Ltd., Russia). The detec-
tion limit for THg was 0.5 ng g−1. Quality control for THg analysis was
addressed using certified reference material (NIST SRM 2710, Montana
Soil I), with an average recovery of 98.0 ± 1.4% (2σ, n = 5). The enrich-
ment factors (EFs) of Hg in each aggregate size fraction with respect to
bulk soil was calculated as EF = THgfraction/THgbulk, where THgfraction
and THgbulk were the concentrations of THg in a given aggregate size
fraction and the bulk soil sample, respectively.
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2.4. Mercury speciation analysis using XANES

Speciation of Hg in different soil aggregate size fractions was deter-
mined by mercury LIII-edge (12.284 keV) X-ray absorption spectra at
the 1W1B beamline of the Beijing Synchrotron Radiation Facility
(BSRF, Beijing, China). Mercury LIII-edge X-ray absorption spectra
were collected using a Si (111) double crystal monochromator
(detuned approximately 30% to eliminate higher order harmonics).
The storage ring operated at 2.2 GeV with a beam current of approxi-
mately 80 mA. An energy range of 200 to 1000 eV was used to acquire
spectra. Data of all samples were collected in fluorescence mode
under ambient conditions and data for reference compounds were
collected in transmission mode. An average of three scans was
performed to achieve an adequate signal/noise ratio (Lv et al., 2012).
Although Hg has a strong affinity to organic matters, previous studies
have shown that Hg in soils mainly exists as inorganic forms
(Schuster, 1991). Studies indicate that organicmaterial can inhibit crys-
tallization and growth of HgS aggregates and stabilize colloidal HgS
phases (Ravichandran et al., 1999; Deonarine and Hsu-Kim, 2009). Evi-
dences have shown that Hg is likely to react with thiol sulfur ligands of
macromolecular SOM to form Hg–SOM complexes, which is readily to
convert to Hg sulfides (Manceau et al., 2015). A study on the speciation
of Hg using Tessier sequential extraction procedure reported that
organic bound Hg only constitute b20% of the THg in WMMD soils
(Bao et al., 2011). Skyllberg (2008) showed that inorganic sulfide–
Hg(II)-complexes can predominate over Hg(II)-thiols even in a peat
soil with 50% organic content. In this study, investigation of the poten-
tial components and chemical structures of the samples are mainly
inorganic compounds including elemental Hg(0), cinnabar (α-HgS),
meta-cinnabar (β-HgS), mercuric chloride (HgCl2), mercuric sulfate
(HgSO4), yellow mercuric oxide (yellow HgO), red mercuric oxide
(red HgO), mercuric acetate (Hg(Ac)2) and mercuric selenide (HgSe).
Elemental Hg(0) is a liquid and thus disordered at ambient-
temperature and pressure (Jew et al., 2010). Crystalline Hg(0) at
(77 K) temperatures were used to quantify the Hg(0) fraction during
the XANES analysis (Jew et al., 2010). Instead of using a low tempera-
ture technique, we show that it is possible to quantify Hg(0) by regulat-
ing the liquid Hg(0) into Hg-purged solid phase using the following
procedure: 1) purging Hg from a ground mine calcine sample
Fig. 2. XANES spectra of the referenc
(b150 μm) from WMMD using a muffle furnace (550 °C, 12 h);
2)mixing liquidHg(0) froma broken thermometer (containing approx-
imately 0.7 g Hg) with 100 g Hg-free calcine powder in a sealed glass
bottle for 24 h. THg concentrations in the unpurged and Hg-free calcine
sample were 52 μg g−1 and 29 ng g−1, respectively. The XANES spectra
of both samples and standards are shown in Fig. 2. Linear combination
fits (LCF) to all the Hg spectra were performed by the whole reference
components through Athena program in the IFEFFIT package
(Newville, 2001). The XANES spectrum collected from a natural sample
containing multiple Hg phases can be decomposed using a linear least-
squares fitting method into the sum of its individual standard com-
pound, through direct comparison with the model compound spectra.
Fitting results of the composition of each sample are constrained by
the definition to only those library reference compounds.
3. Results

3.1. Soil aggregate size distribution and soil organic matter content

The average mass distribution of different soil aggregate size
fractions in both WK-A and WK-P is given in Table 1. The fractioned
bulkmasses in bothWK-A andWK-P gradually decreases with decreas-
ing aggregate sizes (Fig. 3A). Similar patterns of soil aggregate size dis-
tribution have been reported by many studies (Gee and Bauder, 1986;
Hardy and Cornu, 2006). InWK-A, the largest soil aggregate size fraction
is 2000–850 μm (37.15%), followed by 850–389 μm (24.45%), 389–
231 μm(11.99%), 231–180 μm (8.02%), 180–125 μm (6.11%), 125–
105 μm (4.79%), 105–90 μm (3.69%), 90–74 μm (2.64%) and b74 μm
(1.17%). In WK-P, the largest soil aggregate size fraction is 2000–
850 μm (24.68%), followed by 850–389 μm (20.10%), 389–231 μm
(14.58%), 231–180 μm (12.18%), 180–125 μm (9.80%), 125–105 μm
(7.45%), 105–90 μm (4.96%), 90–74 μm (3.40%) and b74 μm (2.84%).
The SOM contents in WK-A and WK-P in different aggregate size frac-
tions range from 4 to 22 mg g−1 and 8 to 33 mg g−1, respectively
(Table 1 and Fig. 3B). In general, the SOM contents in both WK-A and
WK-P soils increase with the increase of soil aggregate sizes (Fig. 3B),
consistent with other observations of Hg in fine-grained agricultural
soils (Schmidt and Kögel-Knabner, 2002).
e materials (A) and samples (B).



Table 1
Aggregate size distribution, soil organic matter content, total mercury and mercury speciation in soils from selected sites in the Wanshan Mercury Mining District.

Sampling
site

Aggregate size range
(μm)

Midpoint
(μm)

Mass
(%)

SOM
(mg g−1)

Fractional SOM
(%)

THg
(μg g−1)

Fractional Hg
(%)

EF β-HgS
(%)

α-HgS
(%)

HgCl2
(%)

Hg(0) (%)

WK-A 2000–850 1425.0 37.2 4 20.0 125.3 33.1 0.89 76.6 2.4 9.3 12.9
850–389 619.5 24.5 5 16.5 133.6 23.2 0.95 75.7 3.6 5.4 15.6
389–231 310.0 12.0 8 12.9 150.5 12.8 1.07 76.0 2.0 7.4 16.5
231–180 205.5 8.0 10 10.8 150.3 8.6 1.07 73.6 1.6 12.5 13.7
180–125 152.5 6.1 13 10.7 151.8 6.6 1.08 79.1 2.0 9.0 12.6
125–105 115.0 4.8 18 11.6 164.3 5.6 1.17 74.8 2.0 10.3 15.5
105–90 97.5 3.7 13 6.5 171.5 4.5 1.22 76.5 2.4 12.7 9.5
90–75 82.5 2.6 22 7.8 196.3 3.7 1.40 73.1 3.9 10.7 14.1
b75 37.5 1.2 21 3.3 221.3 1.8 1.57 70.3 6.7 10.4 14.3

WK-P 2000–850 1425.0 24.7 8 11.6 200.5 21.4 0.87 68.4 7.0 1.4 23.2
850–389a 619.5 20.1 13 15.4 198.0 17.2 0.86 – – – –
389–231a 310.0 14.6 17 14.6 225.0 14.2 0.97 – – – –
231–180 205.5 12.2 23 16.5 209.5 11.0 0.90 70.2 16.4 9.0 4.4
180–125a 152.5 9.8 20 11.6 246.5 10.4 1.06 – – – –
125–105a 115.0 7.5 26 11.4 221.0 7.1 0.95 – – – –
105–90a 97.5 5.0 23 6.7 295.7 6.3 1.28 – – – –
90–75 82.5 3.4 33 6.6 466.8 6.9 2.02 72.0 9.2 7.1 12.3
b75 37.5 2.8 33 5.5 447.3 5.5 1.93 67.4 11.6 5.9 16.7

a Sample not analyzed by XANES.

Fig. 3.Mass fractions (A), SOM (B), and THg (C) concentrations of the sieved soil fractions
from sites in the Wanshan Mercury Mining District.
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3.2. Total mercury concentration

The THgbulk concentrations in WK-A and WK-P are 141 μg g−1 and
232 μg g−1, respectively. The Hg concentration in the sieved soil frac-
tions in WK-A (125.3–221.3 μg g−1) and WK-P (198.0–466.8 μg g−1)
are given in Table 1. All samples exceed the limit value (23 μg g−1) of
inorganic Hg for residential soil set by USEPA (2011), indicating a high
environmental risk related to crop safety. As shown in Fig. 3C, both
sites show increasing patterns of THg along with the decrease of aggre-
gate size. Mercury tended to accumulate in the fine fractions, which can
be indicated more clearly by the EFs. The EFs of THg in different size
classes demonstrated higher accumulation in finer fractions (Table 1),
which is in line with previous reports on the preferential partitioning
of Hg to fine soil fractions (Fernández-Martínez et al., 2006).

3.3. Mercury speciation

Most XANES fitting studies allow errors of 10% of their stated value
(Kim et al., 2004). In this study, single-component fits were first
attempted in order to identify significant contributors (i.e., ≥10% of
the overall spectrum) to the final fit. This subset of significant compo-
nentswas then used to generate two-componentfits, repeating the pro-
cess until nomore significant contributors could be identified. Principal
component analysis/target transformhelps validate the identification of
four components infitting the results (Table 1). Some spectra contribute
in b10% amounts that they may be statistically insignificant, however.

As shown in Table 1, four Hg phases can be identified in the investi-
gated samples:α-HgS, β-HgS, HgCl2 and Hg(0). These phases are classi-
fied as contributing to the overall fit and the relative proportions in
which they contribute, scaled to 100%, represent the final speciation of
Hg in the sample. The majority of Hg in soils of WK-A (range: 69–81%)
andWK-P (64–73%) is associatedwithβ-HgS (Table 1).With the excep-
tion of two samples in WK-P (231–180 μm: 16.4%; b75 μm: 11.6%), the
fractions ofα-HgS in soils of WK-A andWK-P are in general lower than
the analytical error (10%), and are therefore considered to be statistical-
ly insignificant. In WK-A, fine aggregate size soils (231–180 μm: 12.5%;
125–105 μm: 10.3%; 105–90 μm: 12.7%; 90–75 μm: 10.7%; b75 μm:
10.4%) contain detectable HgCl2 fractions, whereas soil aggregates in
WK-P have fractions of HgCl2 less than 10%. In most of the samples in
WK-A (except 105–90 μm: 9.5%) and WK-P (except 389–231 μm:
4.4%), detectable Hg(0) of N10%were observed. Our results are general-
ly agreedwith the XANES data reported by Rimondi et al. (2014), which



Fig. 4.Correlations between THg and SOMcontents of the sieved soil fractions from sites in
the Wanshan Mercury Mining District.
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observed detectable HgCl2 and Hg(0) in sediments from theMt. Amiata
Hg mine (Italy).

4. Discussion

4.1. Effects of cultivation on soil aggregate size distribution and SOM
contents

Considerable differences in aggregate size distribution were
observed between WK-A and WK-P soils (Fig. 3A). Soil aggregates
with aggregate size ranges from 2000 to 231 μm constitute 74% and
59% of the total soil mass in WK-A and WK-P, respectively. Compared
to the WK-A, the WK-P is relatively depleted in large soil aggregates
(size: 2000–389 μm), whereas relatively enriched in fine soil aggregates
with aggregate size b389 μm (Table 1 and Fig. 3A). Soil aggregate size
distribution is reflective of the impact of soil and crop management
practices (Hussain et al., 1999). Evidence that soil aggregate size distri-
bution can be influenced by crop types, as well as soil management
practices, has been reported (Arshad and Coen, 1992). Rice is often
grown on soils which have a medium to fine aggregate size distribution
in their surface horizon (Moormann and Breemen, 1978). This could be
caused byflooding, which tends to break down larger aggregates or that
larger aggregates are preferentially eroded from paddies. Rapid wetting
of a dry soil have shown to cause slaking of the soil intomicroaggregates
(Dexter, 1988). Slower rates of wetting can produce partial slaking or
mellowing, which can result in considerable strength reductions and
can increase the soil friability (Utomo and Dexter, 1981).

In this study,we showed that SOM is not homogeneously distributed
among different aggregate size fractions (Table 1), suggesting the influ-
ence of soil texture on the partitioning of SOM inWMMD soils. Most or-
ganic matter in WK-A (51%) and WK-P (58%) was preferentially
associated with fine soil aggregates with aggregate size b231 μm.
Those fine soil aggregates only contribute 26% and 40% to the total soil
mass in WK-A and WK-P, respectively. Increasing of SOM in the fine
aggregate size fractions (Table 1) confirms that SOM is preferentially
increased in small aggregates with high surface area to mass ratios.
Compared to the WK-A, much higher SOM concentrations were ob-
served in the WK-P paddy soils, which may indicate that rice planting
may potentially increase the organic matter content of the soils. Indeed,
increases in SOMhave been observed in paddy field soils that have been
in cultivation for 30–100 years in Japan and China (Mitsuchi, 1974).
Flooding of rice paddy minimizes the exposure of soil to air, which
tends to retain organic matters in soil (Tisdall and Oades, 1982). Long-
term dry land cropping can expose more soil to the air, during which
the organic matter in soil is decomposed to carbon dioxide (Haynes
and Francis, 1993).

4.2. Distribution of total Hg content in soils

Soils from both WK-A and WK-P showmuch higher THg in fine soil
aggregate size fractions (Fig. 3C). Minerals in soils are mainly classified
as primary and secondary minerals. Primary minerals (such as quartz,
feldspars, etc), which have not experienced significant chemical or
structural alteration since their crystallization within the parent rocks,
are usually found in the relatively less weathered large soil aggregates.
Secondary minerals (such as clay minerals, goethite, and hematite),
mainly theweathering products of primaryminerals, are often enriched
in fine soil aggregates. Secondary minerals in soils have shown larger
specific surface area and higher adsorption capacity than primary min-
erals (Hardy and Cornu, 2006). The relative enrichment of THg in fine
soil fractions may be attributed to the higher content of secondary
minerals. Another possible explanation for enrichment of Hg in fine
soil fractions is provided by Kim et al. (2004), who demonstrated that
Hg-sulfides are insoluble yet mineralogically soft, and can preferentially
weather into finer soil fractions. Further, the enrichment of Hg in fine
fractions may be explained by SOM, consistent with other studies of
organic matter in soils, peats, and sediments (Yin et al., 1996;
Skyllberg et al., 2000; Schuster, 1991). Mercury has a strong affinity to
S-containing functional groups which are frequently found in soil or-
ganic matters (Skyllberg, 2008). Fine soil fractions in both WK-A and
WK-P show relatively higher THg concentrations (Fig. 3B). In all soil
fractions in WK-A (r = 0.82, p = 0.02) and WK-P (r = 0.89, p =
0.02), THg showed significantly positive correlations with the SOM
(Fig. 4), suggesting the close association between Hg and SOM in
WMMD soils. Compared to WK-A, much higher THg/SOM ratios were
observed in WK-P soils, partly attributed to the higher reactive surface
area of the more humified organic matter in paddy soils (Pramanik
andKim, 2014). Studies have reported that Hg–SOMcomplexes can rec-
oncile with the abundance of HgS (Ravichandran et al., 1999; Skyllberg,
2008; Skyllberg et al., 2000; Skyllberg and Drott, 2010; Deonarine and
Hsu-Kim, 2009; Manceau et al., 2015). Studies also reported changing
THg/SOM ratios in soils, are the result of historical Hg loading rates
and the quality of SOM in soils in the different sites of the same area
(Lindqvist et al., 1991; Grigal, 2003).

4.3. Hg speciation in soils under different cultivations

As shown in Table 1, our results indicate that β-HgS is the primary
Hg species (WK-A: 69–81%; WK-P: 64–73%). Other than two samples
in WK-P (231–180 μm: 16.4%; b75 μm: 11.6%), most soils in WK-A
and WK-P show the α-HgS fraction is lower than the analytical error
(10%). Our previous data showed that α-HgS (99%) is the primary Hg
species in Hg ores of WMMD, whereas the major Hg species in waste
calcines are α-HgS (52%) and β-HgS (42%) (Yin et al., 2013a). The lack
of α-HgS in WMMD soils may suggest lower mobility of α-HgS from
Hg mine wastes to WMMD soils, supported by the low solubility of α-
HgS (Rimondi et al., 2014). The fractions of β-HgS in WK-A (69–81%)
and WK-P (64–73%) are much higher than that in unroasted Hg ore
(mainly α-HgS) and roasted waste calcine (52%) in WMMD. β-HgS is
the low-temperature polymorph of HgS (Gerbig et al., 2011). Like α-
HgS (solubility: 10−54), β-HgS (10−52) also have a low solubility
under oxic, abiotic conditions (Faure, 1991). It is unlikely that themobi-
lization of β-HgS in Hg calcines can lead to the high proportion of β-HgS
in theWMMD soils. Another possible explanation for high β-HgS could
beits formation in soils. β-HgS has been found to be the most common
form in highly Hg-contaminated floodplains and soils (Ravichandran
et al., 1999; Benoit et al., 2001; Slowey, 2010; Skyllberg and Drott,
2010). Interactions of dissolved Hg(II) with dissolved organic matter
(DOM) have been shown to form β-HgS (Skyllberg and Drott, 2010).
Ravichandran et al. (1999) observed that humic fractions (humic, fulvic,
hydrophobic, and hydrophilic acids) of DOM inhibited the precipitation
and aggregation of β-HgS. The positive relations of Hg and SOM (Fig. 3)
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and the higher fractions of β-HgS inWMMD soils showed evidence that
a substantial amount ofβ-HgS can be formed in highly Hg contaminated
soils.

At WMMD, leaching of Hg mine waste has been shown to contain
high concentrations of Hg(II), which mainly form by dissolution of by-
product Hg species (Li et al., 2013). Detectable (N10%) of HgCl2 was ob-
served in some soils atWK-A (231–180 μm: 12.5%; 125–105 μm: 10.3%;
105–90 μm: 12.7%; 90–75 μm: 10.7%; b75 μm: 10.4%). As HgCl2 has
relatively high solubility (Faure, 1991), our observation of HgCl2 in
WMMD soils may be due HgCl2 leaching from the waste calcine. An
alternative explanation is that HgCl2 may form from more mobile/dis-
solved forms of Hg in WMMD soils, perhaps due to elevated salt [thus
Cl(-II)] levels in the soils compared to the waste calcines. Soluble Hg
species (e.g., HgCl2) in soils may interact with DOM and form β-HgS
(Ravichandran et al., 1999; Benoit et al., 2001; Slowey, 2010; Skyllberg
and Drott, 2010). Other than two samples in WK-A (105–90 μm: 9.5%)
and WK-P (389–231 μm: 4.4%), most samples in WMMD show signifi-
cant proportion of Hg(0) (N10%). Our data is consistent with the
EXAFS results by Rimondi et al. (2014), who observed Hg(0) in sedi-
ments collected from Mt. Amiata Hg mining district in Italy. In
WMMD, the presence of Hg(0) in soils can be explained by deposition
of gaseous Hg(0) that is emitted from Hg mining activities or from the
tailings as evidenced by high levels of gaseous elemental Hg (up to
1108 ng m−3) in the WMMD region (Wang et al., 2007). Soluble Hg
species (e.g., HgCl2) in soils can also be readily reduced to
Hg(0) during various biotic (e.g., microbially-mediated reduction) and
abiotic processes (Kritee et al., 2007).

5. Conclusion

Our study has shown that different cultivation (rice paddy, arid land
cropping) can lead to large differences in soil aggregate size distribu-
tions and SOM contents, which control the distribution of Hg in soils.
Small soil aggregates are generally characterized by higher SOM content
and higher Hg concentration. Rice cultivation not only reduces the
relative proportion of larger soil aggregates, but also tends retain SOM
by a potential minimization of the exposure to air. As a result, Hg con-
centrations in paddy soil may be increased during long-term rice culti-
vation. In WMMD, soils primarily contain β-HgS. Soluble Hg species
(e.g., HgCl2) interacting with soil DOM may be the main source of β-
HgS in these soils. The presence of minor amounts of HgCl2 and
Hg(0) in soils also represents a considerable environmental concern of
WMMD, because these Hg species are more bioavailable for Hgmethyl-
ation (Barkay et al., 1997) and subsequent bioaccumulation.
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