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Moss is usually as an initial colonizer in alpine glacier retreated regions. We hypothesized that moss can
significantly facilitate the toxic metals accumulation in alpine ecosystems based on its strong ability of
absorption and the role in soil development. Hence, we investigated the trace element pool sizes and
enrichment factors, especially for mercury (Hg) by using the Hg isotopic compositions to determine the
source contributions in a moss-dominated ecosystem over glacial erratic in Eastern Tibetan Plateau.
Results show that Hg, lead (Pb) and cadmium (Cd) are highly enriched in organic soils. Specifically, Cd
concentration is 5—20 times higher than the safety limit of the acid soil (pH < 5.5) in China. Atmospheric
depositions dominantly contribute to the Pb and Cd sources in organic soils, and followed by the moraine
particles influences. The lowering pH in organic soils increasing with glacial retreated time results in the
desorption of Cd in organic soils. Atmospheric Hg® uptake by moss predominantly contributes to the Hg
sources in organic soils. The average Pb accumulation rate over last 125-year is about 5.6 + 1.0 mg m—2
yr~! and for Cd is 0.4+ 0.1 mgm~2 yr—!, and for Hg® is 27.6 + 3.2 pgm~2 yr— .. These elevated accumu-
lation rates are caused by the high moss biomass and elevated atmospheric Hg, Pb and Cd pollution
levels in China and neighbouring regions. Our study indicates that the moss not only as the bioindicator,
but also plays an important role in the hazardous metal biogeochemical cycling in alpine regions.

© 2019 Elsevier Ltd. All rights reserved.
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1. Introduction in alpine ecosystems poses a distinct pollution risk.

Moss is usually as an initial colonizer in glacial retreated regions,

Alpine areas are very sensitive to global warming and human
activities. Of major significances are the alpine glaciers (Dyurgerov,
2003; Dyurgerov and Meier, 1997), which have been shrinking
rapidly due to the accelerated warming in recent decades (Brun
et al., 2017; Yao et al., 2012). As glaciers retreat, glacial erratic and
moraine (i.e., glacial debris, such as regolith and rock flour) tend to
establish an entirely new ecosystem (e.g., forest, steppe, and tun-
dra). Meanwhile, substantial hazardous metals through atmo-
spheric depositions are introduced into this new ecosystem,
leading to their concentrations largely increase compared to pre-
viously existed only in much smaller quantities (Bing et al., 2016;
Bing et al., 2014). The enhanced accumulation of these toxic metals
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and plays an important role in the soil development (Cannone and
Gerdol, 2003; Favero-Longo et al., 2012; Frenot et al., 1998; Raffl
et al., 2006). Specifically, moss is as the most widely used bio-
indicator to monitor the toxic metal pollution levels because of its
cost-effectiveness, diversity of habitats, structural simplicity, rapid
multiplication rate and easier sampling (Stankovic et al., 2018;
Tyler, 1990). Recent studies have revealed that moss has a signifi-
cant contribution to the nutrient element biogeochemical cycling in
terrestrial ecosystems (Elbert et al., 2012; Nakatsubo et al., 2015).
For example, ~50% of biological nitrogen fixing in terrestrial eco-
systems is caused by moss and lichen (Elbert et al., 2012). High
levels of rainfall and frequent cloud cover commonly occur in alpine
regions, thus inducing intensive coverage of moss in alpine eco-
systems (Britton et al., 2018; Miguez et al., 2017). Compared to
earlier studies that highlighted the moss biomonitoring of atmo-
spheric toxic metal pollution levels (Stankovic et al., 2018; Tyler,
1990), we hypothesized moss can significantly facilitate the toxic
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metals accumulation in alpine ecosystems based on its high
biomass and strong ability of absorption to these toxic metals.
One of essential issues is to understand the toxic metal sources
and accumulation pathways in alpine regions. The cold trapping,
which is associated with the intensive precipitation and cloud
water in alpine regions, is highlighted to result in the elevated toxic
metal depositions (Bacardit and Camarero, 2010; Bing et al., 2016).
Most of toxic metals (except for mercury) emitted to the atmo-
sphere as fine particulates subject to atmospheric transport over
days to weeks of residence time before deposited onto the Earth's
surface including vegetation (Tchounwou et al., 2012; Téth et al,,
2016). Different from most of toxic metals whose transport and
deposition are highly related to the particle form, elemental mer-
cury (Hg®) vapor plays an important role in biogeochemical cycling
of Hg in the environment (Lindberg et al., 2007; Obrist et al., 2018).
Mercury in terrestrial ecosystems is primarily from three origins:
deposition of atmospheric Hg® (e.g., via litterfall), deposition of
atmospheric Hg" (e.g., via precipitation), and geogenic sources (e.g.,
weathering of rocks), yet their relative importance in alpine eco-
systems remains poorly studied (Lindberg et al., 2007; Obrist et al.,
2018). For example, Zhang et al. (2013) reported atmospheric Hg
depositions increased with the elevation at a forest site of South-
west China and suggested the important influences from cold
trapping; while such elevation associated trend was insignificant in
forests of Eastern Tibet Plateau and soil Hg accumulation was
mainly determined by litterfall Hg depositions (Wang et al., 2017).
To determine toxic metal sources, stable isotope techniques
have been shown to provide a new mechanistic insight. An earlier
research in our study region (Mt. Gongga) used lead (Pb) isotopic
ratios to reveal Pb-ore-involved industries and coal combustion
mainly dominating the Pb sources in moss and organic soils (Bing
et al., 2014). In this study, we further used Hg isotopic composi-
tions to assess the Hg sources. Mercury isotopes undergo mass-
dependent fractionation (MDF, reported as 3?°’Hg) and mass-
independent fractionation (MIF, reported as A'”’Hg, A2°°Hg and
A%%THg) (Blum et al., 2014; Sonke, 2011). Atmospheric Hg" and Hg®
depositions, and geological Hg sources all show distinctly different
Hg isotopic compositions, especially in their MIF signatures (Biswas
et al., 2008; Demers et al., 2013; Enrico et al., 2016; Jiskra et al.,
2015; Wang et al., 2017; Zheng et al., 2016). Hence, Hg isotopes
serve as useful tracers to identify specific sources in alpine regions.
Compared to the conventional forest ecosystems including tall
tree, shrub, herb, moss, lichen, and soil profiles, we selected a moss-
dominated ecosystem over glacial erratic based on several reasons.
One is the simplicity of this moss-dominated ecosystem since
without distinct impacts from tall tree species, and soils mainly
derived from the decomposition of moss debris. In addition, this
ecosystem received much smaller litterfall and throughfall inputs
from forest canopy than the forest floor due to the distinct canopy
gap over glacial erratic. Moreover, without a root system of moss
simplifies the relationships of trace element allocation and trans-
port in vegetation and soils. Finally, it is easy to quantify the vari-
ations of trace element pool sizes just by harvesting and chemical
analysis of the moss and soil underneath over glacial erratic. It is
noteworthy that earlier studies at Mt Gongga have reported the
elevated cadmium (Cd), Pb and Hg concentrations in forest organic
soils, which attributed to the high atmospheric depositions (Bing
et al,, 2016; Bing et al., 2014; Fu et al., 2010). In this study, we
further highlighted an important role of moss in these toxic metals
accumulation in glacier retreated region. We investigated the trace
elements pool sizes and enrichment factors, especially for Hg by
using the Hg isotopic compositions, to determine the specific
source contribution in a moss-dominated ecosystem over glacial
erratic. In addition, we used the pool size variations over the glacial
erratic chronosequence to estimate the average accumulation rate

over last 125-year.
2. Methods
2.1. Sites description

The Hailuogou Glacier, located in the eastern TP, is one of the
major glacier systems on the east slope of Mt. Gongga
(101°30'—102°15’ E, 29°20'—30°20’ N; peak elevation: 7556 m a.s.1.,
Fig. 1). The glacier retreated area at the elevation of 2900—3000 m
has a ~2km complete primary vegetation chronosequence. The
glacier retreat period of 1890—2005 has been documented in detail
(Yang et al., 2015a; Zhou et al., 2013). The annual mean temperature
at the study site is 4.2 °C and the annual precipitation ranges from
1800 to 2000 mm, and ~80% of total precipitation occurs in May to
November (Luo et al., 2017). The site representing the 2005 retreat
has small pioneer tree species (height <3 m) including big leaf
poplar (Populus purdomii Rehd), common sea buckthorn (Hippophae
rhamnoides Linn) and willow (Salix magnifica Hemsl). At the sites of
retreat during 1990-1958, poplar becomes the dominant species
and during 1958-1890, poplar is gradually replaced by the Faber's
fir (Abies fabri Craib) and dragon spruce (Picea asperata). The
dominant moss genus over glacial erratic is Brachythecium,
Eurhynchium Actinothuidium, Hylocomium, Pleurozium, and Rhi-
zomnium (Sun et al., 2013).

2.2. Moss and soils sample collections

We set up eight sites (glacier retreat time: 1990, 1985, 1980,
1970, 1958, 1945, 1930, and 1890; elevation ranges 2900—3000 m;
Fig. 1) over erratic in glacier retreated regions in May of 2016. The
organic soil pH is 6.2 +0.1 at 1990, 6.6 + 0.2 at 1980, 6.2 + 0.1 at
1970, 6.4 +0.1at 1958, 6.1 +0.2at 1945, 4.7 +0.3 at 1930, and
4.8 + 0.1 at 1890 sites, respectively. The glacial erratic with the area
of 2—20 m? were selected in this study. Three 0.5 x 0.5 m subplots
over glacial erratic at each site were prepared and the moss and soil
profiles underneath were collected. The average thickness of the
soil horizon (O horizon) was 1—10 cm depth from site of 1990 to
1890. Within the soil horizon, the Oe (partially decomposed moss
debris and some litters) was 0—3 cm in thickness in each subplot,
with the Oa horizon (well decomposed humus layer) making up the
remainder of soil horizon. In addition, we have collected 6 rock and
moraine samples. We sampled moss and soil profiles underneath
(0—1 cm depth organic soil, 2—3 cm depth organic soil, 4—5cm
depth organic soil, 6—7 cm depth organic soil, and 8—9 cm depth
organic soil) over glacial erratic at 1890 site to determine the Hg
isotopic compositions.

2.3. Concentration measurements and pool sizes estimating

Soil samples were air dry in the dark in a clean room and then
subsequently ground by agate mortar to 200 mesh sieves (74 um).
Moss samples were ground by a separate electric grinder. Weights
of all dry samples have been recorded to calculate the biomass and
soil density before grinding. Measurements of Hg in moss and soil
samples have been described in detail in our previous works (Wang
et al., 2016b; Wang et al., 2017). Mercury concentrations of the
samples were measured by a DMA80 Hg analyzer. Standard refer-
ence materials were measured in every 10 samples, which yielded a
recovery of 95—105%. GBWO07405 (GSS-5, Hg=290+40ngg™ 1)
was utilized as the soil Hg standard, and GBW10020 (GSB-11,
Hg =150 + 25 ng g~ !) as the vegetation Hg standard.

Concentrations of the other trace elements for moss, soil and
rock samples were analyzed by Inductively Coupled Plasma Mass
Spectrometry (ICP-MS) and we followed the method procedures of
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Fig. 1. Sampling sites over a glacial erratic chronosequence at the glacier retreated area of Hailuogou.

USA EPA Method 6020B. Standard reference materials were
measured in every 10 samples, which yielded average recoveries of
96—112% (more details in Table S1 of SI, i.e., Support Information)
for soil reference materials and 87—106% (more details in Table S2)
for vegetation reference materials. Both vegetation and soil refer-
ence materials were from the National Quality and Technology
Supervision Agency of China (GBW10020 for vegetation reference
materials and GBW07405 for soil reference materials). In addition,
3 blank samples in every 50 samples were analyzed to ensure that
samples have not been contaminated during the digestion pro-
cesses. The trace element concentrations in blank samples were all
less than 1%o values of measured samples. Specific trace elements
pool sizes were estimated for each site based on the measured
concentration in soil and moss, and bulk soil and biomass densities:

Pool = CoNmoss x Mass_sizemoss + Y _ (Conggis

x Mass_sizegis) (1

In addition, we used the accumulation factor (AF) and enrich-
ment factor (EF) to assess the degree of accumulation as:

AF = Cmoss or soils /Crock (2)

EF = (C/R)moss or soils/(C/R) rock (3)

where C is the trace element concentration, and R is the reference
element concentration (in this case as Li; reasons can be found in
Discussion) in the moss, soil and rock samples. In order to evaluate
the degree of trace elements accumulation, the following grada-
tions are proposed (Abrahim and Parker, 2008): AF (or EF) < 1, no/
low accumulation; 1 < AF (or EF) < 3, moderate; 3 < AF (or EF) <6,
considerable; 6 < AF (or EF), very high accumulation.

2.4. Stable Hg isotopes measurements and mixing model

The procedure for Hg isotope measurement of moss and soils

samples has been described previously (Wang et al., 2017; Wang
et al., 2019). Briefly, all samples were processed by a double-stage
tube furnace and trapping solutions (anti aqua regia) for Hg pre-
concentration, and the Hg solutions were diluted to 1 ng mL~! prior
to Hg isotope measurement by the Nu-Plasma II MC-ICP-MS. The
recoveries of preconcentrating were 95%—103% for the standard
reference materials (BCR-482, Moss; GSS-4, Soil) and 93%—103% for
all samples. Concentrations and acid matrices of Hg standard so-
lutions (NIST-3133) and UM-Almadén secondary standard solution
were matched to the sample solutions. Hg-MDF is reported in
d notation using the unit of permil (%o) referenced to the neigh-
bouring NIST-3133 solution:

07 Hg (%9) = 1000 x [ (2*Hg/'**Heampe ) /

X (ZOZHg/ ]gngNISTSRMBBB) - 1] (4)

0'Hg (%) = 1000 x [ ("**Hg/"*®*Hgsampic) /

X (199Hg/]98HgNISTSRM3]33) - 1] (5)

0®Hg (%) = 1000 x [ (2 Hg/'®*Hgampe ) /

x (ZOOHg/]gngNISTSRM3133) - 1] (6)

6! Hg (%) = 1000 x [(20] Hg/]ggHgsample)/

X (201 Hg/]gngNISTSRMBBB) - 1] (7)

MIF is reported as A™*Hg following the convention suggested
by Blum and Bergquist (2007):

A"°Hg (%0)= 6'"Hg — 0.2520x6%*?Hg (8)
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A?%Hg (%0)= 6°°°Hg — 0.5024x6**?Hg (9)

A?Hg (%0)= 6°°'Hg — 0.7520x6*?Hg (10)

UM-Almadén secondary standard solution was analyzed for
every 10 samples. To assess if the non-unity recoveries resulting
from the double-stage offline combustion-trapping technique
induced discernible isotopic bias, we measured BCR 482 and GSS-4
at the beginning of sample pre-concentration sessions. Results of
UM-Almadén (3°%Hg = —0.54 + 0.04%0, A%°Hg = —0.00 + 0.04%o,
A%%THg = —0.03 + 0.02%0, Mean=1SD, Standard deviation, n=10)
and BCR-482 (3*%?Hg = —1.67 + 0.06%0, A%°Hg = —0.56 =+ 0.05%o,
A?%Hg — —0.01 +0.03%, A*°'Hg=-0.58 +0.04%0, Mean+1SD,
n=6), and GSS-4 (8%°’Hg=-1.72+0.08%, A" Hg=-
0.34+0.03%0, A?°'Hg=-0.34+0.03%0, A?°°Hg=—0.00 +0.02%o,
Mean+1SD, n = 6) are consistent with recommended values (Blum
and Bergquist, 2007; Estrade et al., 2010).

The double mixing model using A%°°Hg signatures was set up to
estimate atmospheric Hg® and Hg" contributions in moss and soils
(details in Discussion)

fi +f=1 (11)

f1 x AZOOHg] +f3 x AZOOng = AZOOHgmoss/soil (12)

where f; and f, are the fraction ratios calculated by A2°°Hg. The
uncertainties caused by the bias of A>?°°Hg were considered during
the estimate of all fraction ratios. Monte Carlo simulation was
applied to generate one million groups of A°°°Hg, which randomly
ranging from Mean—SD to Mean + SD. More in detail, the SD for
precipitation is 0.14%o, and for atmospheric Hg® is 0.04%o, and for
samples is 0.04%o. The fraction ratio is estimated as the average of
these solutions, which ranges 0—1, during one million times of
solving Eq. (10—11).

3. Results

Based on the document of “soil environmental quality risk
control standard for soil contamination of agricultural land” (GB
15618-2018) by China government, only the Cd concentration
(Table S3) is beyond this control standard, more in detail, 5—20
times greater than the Cd safety standard in acid soil (pH <5.5;
0.3 pgg 1), and even 1—4 times greater than the Cd pollution risk
limit (pH < 5.5; 1.5 ugg™'). Fig. 2 demonstrates highest AF for Hg
(up to 53, very high accumulation), followed by Cd (cadmium, ~5.8,
considerable accumulation) and Pb (~2.6, moderate accumulation),
and finally <1 for the other trace elements. Hence, it is essential to
determine the Hg, Cd and Pb accumulation pathways and sources in
this moss-dominated ecosystem.

Fig. 3(1—6) exhibit variations of concentration and pool size for
Pb, Cd and Hg. The Hg, Pb and Cd concentrations in moss are
generally lower than in Oe and Oa (p < 0.05, by T-paired test). The
pool size variations in moss, Oe and Oa have been shown in Fig. S1.
The pool sizes for Pb, Cd and Hg are all highest in Oa (average values
of 51-58%), and in Oe are comparable to in moss. In addition, the
fraction of Pb, Cd and Hg pool sizes in moss over total pool size
decreases with the age of organic soils. The Hg and Pb concentra-
tions and total pool sizes both exhibit the significant increase from
1990 to 1890 sites (p < 0.05). A peak of total pool size occurs for Cd
around 1990 and 1958 sites, and for Pb only around 1958 site.

Fig. 4(1-3) depict variations of EF for Pb, Cd and Hg. Overall, the
EF values for Hg, Pb and Cd are all greater than 10, and EF values in
moss and Oe are higher than in Oa for these toxic metals (p < 0.05,

100

Accumulation factor

Trace elements

Fig. 2. Average accumulation factors (AF, average concentration in moss and soil over
concentration in rock) for all trace elements over the glacial erratic chronosequence.

by T-paired test). This suggests the enhanced accumulation for Hg,
Cd and Pb, consistent with findings in earlier studies (Bing et al.,
2016; Bing et al., 2014; Fu et al., 2010). Specifically, Hg in moss
and soils is most enhanced (~54 times greater than in moraine), and
its EF is up to 45—1048. This suggests a specific biogeochemical
cycling of Hg. In addition, the EF values for Hg and Pb both exhibit a
significant increase from 1990 to 1890 sites (p < 0.05).

The Hg isotopic compositions at 1890 site are shown in
Fig. 5(1—2). Moss and soils have distinct negative 3°°’Hg ranging
from —3.17%0 to —1.91%., and —0.19%c to —0.11%c of A!%°Hg,
and —0.05%0—0.04%0 of A%20%Hg (Table S4). The A'%°Hg and 5°%?Hg
both show an increase trend with the increasing depth of soil
profiles and the largest shift of 32°>Hg between moss and deepest
soil is up to 1.26%o, and up to 0.08%. for A’®°Hg. The more positive
3292Hg and A'°Hg in soil profiles can be attributed to the Hg post-
depositional processes. For example, the atmospheric Hg® and Hg"
sources mixing would lead to the both positive 3?°’Hg and A%°Hg
in soil profiles; the microbial reduction induced Hg® re-emission
can induce more positive 3°%’Hg in soil profiles (Kritee et al.,
2008; Kritee et al., 2013; Sonke, 2011).

4. Discussion

4.1. Pathways and potential factors for heavy metals accumulation
in moss

There are several roles of moss in facilitating the accumulation
of heavy metals in organic soils. One is that heavy metals directly
uptake by moss, then with the decomposition of moss as the
organic detritus into soils. In addition, heavy metals are absorbed
by the organic matters which derived from the decomposition of
moss. Moreover, moss may help the moraine weathering, leading to
geological sources mixing into organic soils. Finally, moss induced
the lowing pH in organic soils likely results in the elevated heavy
metals runoff.

Without a root and cuticle layer system lead to moss cell walls
easily accessible for heavy metal ions and absorbing over the entire
surface (Onianwa, 2001; Stankovic et al., 2018; Tyler, 1990). Moss
accumulates heavy metals via the intracellular and extracellular
processes. Briefly, the intracellular process is that heavy metals are
reversible absorbed on the cell surface and then trapped as par-
ticulate matter within the surface layer or transported inside the
cell; for the extracellular process, absorbed metals are bound in
exchangeable form or chelating sites on the cell wall and outer
surface of the plasma membrane (Onianwa, 2001; Stankovic et al.,
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Fig. 3. (1-3) Variations of Pb, Cd and Hg concentrations in moss, Oe and Oa over the glacial erratic chronosequence; (4—6) variations of Pb, Cd and Hg pool size over the glacial

erratic chronosequence.

2018; Tyler, 1990).

There are numerous sources and factors to influence heavy
metal concentration in the moss. One is that the atmospheric de-
positions into moss surface via wet deposition, or dry deposition
that later be solubilized or washed away with precipitation
(Stankovic et al., 2018). In addition, though moss not like the
vascular plants to directly absorb heavy metals from soil by root,
the local soil still significantly contributes to the heavy metal con-
centration in the moss. This is because many substances in soil can
be transported as the form of solutes via precipitation and runoff
water to the surface of moss, or windblown particles from the
ground retaining on the surface of moss (Klos et al., 2012; Salemaa
et al., 2004; Stankovic et al., 2018). Besides these, the process of
heavy metals leaching from the surface of vascular plants can
contribute to the source in the moss on forest floor (Solberg and
Selmerolsen, 1978; Stankovic et al., 2018). In this study, since
quite small litterfall and throughfall input are from forest canopy
due to the canopy gap over glacial erratic, the atmospheric de-
positions and glacier moraine particle mainly contribute to the
trace elements sources in the moss.

Given Pb and Cd transport and deposition highly related to
particle form, water bringing or dissolving particles on the surface
of moss plays important role in facilitating their uptake processes
(Bargagli, 2016; Stankovic et al., 2018). Besides Hg?* uptake by
moss as the patterns of Pb and Cd, atmospheric Hg® uptake by moss
cannot be ignored. Since Hg? slightly soluble in water and easily re-
emitting back to atmosphere, it has been suggested that once taken

up, Hg® vapor is readily transformed into Hg>*, which is nonvolatile
and has a low mobility in the moss (Bargagli, 2016; Vannini et al.,
2014). Furthermore, several researches suggest that moss can
take up Hg® vapor rapidly and linearly from the atmospheric with
the small Hg® re-emission (Bargagli, 2016; Lodenius et al., 2003;
Vannini et al., 2014), and only distinct Hg mass loss when moving
the moss from the contaminated site to ambient site (Lodenius
et al., 2003; Lodenius, 2013). Thus, a longer atmospheric exposure
time for atmospheric Hg® uptake likely contributes to the higher Hg
concentration in moss at the earlier glacial retreated sites.

4.2. Principle component analysis

We used the principle component analysis (PCAs) to depict re-
lations of Hg, Cd and Pb to other trace elements in moss and soils
over glacier erratic. PCAs in Table 1 suggests that lithium (Li),
beryllium (Be), vanadium (V), cobalt (Co), nickel (Ni), copper (Cu),
gallium (Ga), arsenic (As), rubidium (Rb), strontium (Sr), molyb-
denum (Mo), cesium (Cs), barium (Ba), thallium (TI) and uranium
(U) have more than 0.50 factor loadings in first principle compo-
nent (PC1), specifically, the factor loading > 0.90 for Li, V, Co, Ni, Ga,
Rb and Cs. We found high factor loadings of As, antimony (Sb), Hg
and Pb in PC2, and high factor loadings of manganese (Mn), Cu, zinc
(Zn) and Cd in PC3, and high factor loading of chromium (Cr) in PC4.
Variations of pool sizes for other important trace elements, such Li,
Cu, Zn, Mn, As, Cr and Sb, have been discussed in detail in SI.

It has been well documented that Li, Be, V, Co, Ni, Ga, Cs, Sr and
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Table 1
Using PCAs to explain variations of trace elements in moss and soils above glacier
erratic.

Variable PCAs Component (86% of variances explained)
PC1 (55%) PC2 (17%) PC3 (10%) PC4 (4%)

Li 0.94 0.06 0.21 0.14
Be 0.89 0.19 -0.17 0.27
v 0.97 0.06 0.00 0.14
Cr 0.30 -0.20 0.23 0.83
Mn 0.48 -0.24 0.54 0.16
Co 0.90 0.03 0.23 0.25
Ni 0.90 0.03 0.25 0.22
Cu 0.56 -0.13 0.69 0.18
Zn -0.29 -0.07 0.89 —0.04
Ga 0.95 0.17 —-0.09 0.14
As 0.59 0.72 0.00 -0.07
Rb 0.92 —-0.07 —-0.03 0.03
Sr 0.80 0.17 -0.01 0.46
Mo 0.88 —-0.01 -0.10 —-0.06
cd —-0.26 0.16 0.84 0.16
Sb 0.17 0.93 —0.07 -0.15
Cs 0.91 0.19 —-0.06 -0.17
Ba 0.87 0.16 -0.23 0.27
Tl 0.73 043 0.12 023
Pb 0.08 0.96 0.04 0.05
U 0.80 0.11 —-0.20 0.27
Hg —0.26 0.54 -0.39 -0.48

Note. Varimax was used as the rotation method in PCA analyses. KMO (Kaiser-
Meyer-0lkin) is up to 0.842, indicating our data very suited for PCAs. Number in bold
font means the significant factor loading.

Ba are mainly crust-derived in background organic soils
(Tchounwou et al., 2012). Therefore, PC1 represents the crustal
sources. In addition, the moraine content is dominated by silicates
(~90%) at our sites, and Li content in background soils is highly
related to the silicate-weathering process (Gou et al., 2017; Yang
et al., 2015b). The Li concentration in rock and moraine is 6—7
times higher than in moss and soils (Table S3), suggesting the rock
and moraine can be the important source over glacier erratic.
Finally, the Li pool size does not exhibit a distinct increase with the
increasing year after glacier retreated as Hg, Pb and Cd (Fig. S2).
Hence, we selected Li as the proxy index to reflect the crustal in-
fluence, and as the reference element to calculate the EF in equation
3).

Trace elements with high factor loadings in PC2—PC4 are mainly
as the heavy metals and tend to be influenced by anthropogenic
activities (Tchounwou et al., 2012; Tyler, 1990). The PC2 has up to
0.96 factor loading for Pb, while 0.54 factor loading for Hg. This
suggests certain similarity of Hg and Pb accumulation processes,
while more important for the distinct dissimilarity between Hg and
Pb. This is because different from the Pb deposition associated with
aerosol physiochemistry, Hg® dry deposition plays an important
role in Hg biogeochemical processes (Lindberg et al., 2007; Obrist
et al., 2018). Lead and Cd once emitted to air, are subject to atmo-
spheric transport with the fine particle form, and deposit into
terrestrial ecosystems via dry deposition in particle form and wet
deposition in precipitation. The PCAs classified Pb and Cd in
different principle components (i.e., Pb in PC2 and Cd in PC3),
indicating the different post-depositional processes existing be-
tween Pb and Cd over glacial erratic.

4.3. Pb and Cd sources over glacial erratic

We observed enhanced Pb during the whole chronosequence
(all EF>10), suggesting atmospheric Pb depositions play an
important role. This can be further supported by several evidences.
One is that the PCAs results indicate Pb biogeochemical cycling is

much different from the cycling of crustal elements (e.g., Li)
because of a much higher loading factor for Pb in PC2. In addition, a
strong evidence from an earlier study by using Pb isotopic ratios at
our glacier retreated regions clearly showed that the Pb isotope
composition in the moss was comparable to in organic soils, but
different from in rock and moraine (Bing et al., 2014). The further Pb
mixing model suggested that anthropogenic Pb contribution was
up to 42% (at 1958 site) to 66% (1890 site) in the moss, and 45% (at
1958 site) to 60% (at 1890 site) in organic soils (Bing et al., 2014).
The highest crustal Pb sources around 1958 site is also supported by
our data, since both Li and Pb pool sizes peak at 1958 site (The
reason for Li peak discussed in detail in SI; Figs. S2 and 3), and such
peak value is even higher than sizes at 1890—1930 sites, which have
received much longer time atmospheric depositions.

For Cd, we observed enhanced enrichment factor in moss and
soils over glacial erratic. Hence, atmospheric Cd depositions are the
important sources. In addition, a higher pool size occurs around
1958 site and 1990 site as Li (The reason for Li peaks discussed in
detail in SI), also suggesting the crustal Cd influences. Different
from Pb, Cd has much lower retention in acid soils (Covelo et al.,
2007; Majewska et al., 2007; Vega et al., 2010). It is noteworthy
that the pH ranges 6.1 to 6.6 at 1990—1945 site, while decreases to
4.8 + 0.1 at 1890 site. The substantial humus formation, some pine
and spruce litters mixing (the dominant tree species as pine and
spruce around 1930 and 1890 sites) and organic soil development
likely contribute to such pH decrease. Lowering of pH leads to two
distinct impacts. One is that reducing Cd intracellular uptake and
extracellular binding, thus resulting in a lower concentration in the
moss (Klos et al.,, 2012; Salemaa et al., 2004; Stankovic et al., 2018).
The other is that the pH reduction increases the desorption of Cd in
soils leading to distinct leaching with runoff (Loganathan et al.,
2012; Tchounwou et al., 2012). These can be supported by that Cd
concentrations at 1930—1890 sites (pH of 4.7—4.8) are about 2
times lower than at 1945 site where with pH of 6.1, and total pool
sizes at 1930—1890 sites are also 15—32% lower.

4.4. Hg sources and deposition pathways

The enhanced Hg accumulation in moss and soils (40—90 times
higher than the concentration in rock and moraine; EF with average
value of 365 + 278) over glacial erratic indicates the ignored crustal
influences. Hence, atmospheric Hg depositions are the main sour-
ces. The atmospheric Hg depositions can be divided in two groups.
One is the atmospheric Hg® uptake by vegetation (i.e, dry deposi-
tion of Hg®), and the other is the Hg" deposition including dry and
wet depositions. Atmospheric Hg and Hg’ depositions show
distinctly different Hg isotopic compositions, especially in their MIF
signatures (Biswas et al., 2008; Demers et al., 2013; Enrico et al.,
2016; Jiskra et al., 2015; Wang et al., 2017; Zheng et al., 2016).
Hence, we used Hg isotopic signatures to determine the contribu-
tions of atmospheric Hg® dry deposition and atmospheric Hg'
deposition over glacial erratic.

The Hg MIF signatures are much less likely to be affected by
post-depositional processes than MDF in terrestrial ecosystems,
making the MIF signatures as a useful tracer to identify the
contribution of a specific atmospheric Hg deposition (Blum et al.,
2014; Sonke, 2011; Wang et al., 2017). Earlier Hg isotope studies
have well documented that the soil Hg photo-reduction and
organic matter redox with Hg can induce the distinct °Hg MIF
(Blum et al., 2014; Jiskra et al., 2015; Zheng et al., 2018). The positive
A%%Hg signal is mainly found in precipitation, and few geochem-
ical processes in soils can induce 2°°Hg MIF (Chen et al., 2012;
Demers et al., 2013; Gratz et al., 2010; Sherman et al., 2012; Yuan
et al,, 2015). Therefore, the double mixing model using A?°°Hg
signatures was set up to estimate atmospheric Hg® and Hg"
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Fig. 4. Variations of enrichment factor (EF, the ratio of C/Li in moss and soils over the ratio in rock) for Pb (1), Cd (2), and Hg (3) at each site over the glacial erratic chronosequence.
Estimated the average of atmospheric Pb (4), Cd (5) and Hg (6) accumulation rates over glacial erratic by using the slope of pool size versus glacier retreated time. The slope is

estimated with 95% confidence bounds.

contributions in moss and soils (details in Method). We used the
average value of A%®°Hg in air (—0.04 + 0.04%0) to represent the
atmospheric Hg® endmember (Demers et al., 2013; Fu et al., 2016;
Yu et al., 2016; Yuan et al., 2019) and in precipitation (0.25 + 0.14%o)
as the atmospheric Hg'' endmember (Chen et al., 2012; Demers
et al, 2013; Gratz et al,, 2010; Sherman et al., 2012; Yuan et al,,
2015).

Results from the endmember mixing model show that atmo-
spheric Hg® accounts for 74 +35% Hg in moss, and 80 +34% in
0—1 cm depth, and 75 + 34% in 2—3 cm depth, 76 + 31% in 3—5 cm
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depth, and 82 +33% in 5—7 cm depth, and 78 +34% in 8—9 cm
depth organic soil at 1890 site. This is consistent with earlier studies
that Hg in moss mainly derived from the atmospheric Hg® (Enrico
et al., 2016; Obrist et al., 2017; Olson et al., 2019). Flux measure-
ments highlighted the “cold trapping” inducing the elevated Hg'"
wet position via precipitation, throughfall and cloudwater in alpine
regions ecosystems (Blackwell and Driscoll, 2015; Gerson et al.,
2017; Townsend et al., 2014), whereas the Hg stable isotopes in
this study depict atmospheric Hg® uptake by moss being the pri-
mary source in organic soils over glacier erratic. This is consistent
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Fig. 5. Relationships among A?°’Hg, 3*°?Hg, and A'9°Hg for precipitation, air, moss, 0—1 cm depth, 2—3 cm depth, 4—5 cm depth, 6—7 cm depth, and 8—9 cm depth organic soil at
1890 site. The Hg isotopic signatures in precipitation are from literatures (Chen et al., 2012; Demers et al.,, 2013; Gratz et al., 2010; Sherman et al., 2012; Yuan et al., 2015), and in air

from literatures (Demers et al., 2013; Fu et al.,, 2016; Yu et al., 2016; Yuan et al., 2019).
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with earlier studies that atmospheric Hg® uptake by vegetation
dominates the organic soil Hg sources (Demers et al., 2013; Enrico
et al., 2016; Jiskra et al., 2015; Wang et al., 2017; Zheng et al., 2016).

4.5. Average of Pb, Cd and Hg accumulation rates

The Pb concentration over glacial erratic is comparable to values
reported in other alpine regions (Huang et al., 2008; Klaminder
et al,, 2005; Szopka et al., 2013; Tang et al.,, 2015), but ~2 times
higher than the geochemical baseline value (26 ugg~!) of China
(Cheng, 2003). Given Pb pool size almost linearly increases with the
glacier retreated time (except for 1945 and 1954 sites, Fig. 4), we
used the slope of pool size versus glacier retreated time to estimate
the average Pb accumulation rate. The average Pb accumulation
rate over last 125-year is 5.6 + 1.0 mgm~2 yr_ . The average of at-
mospheric accumulation rate is usually lower than the total at-
mospheric deposition flux because of the output flux. The average
Pb accumulation rate is about 3 times lower than the atmospheric
Pb total deposition flux (141 mgm™2 yr~!) at the rural site of
Northern China (Pan and Wang, 2015), but 1—3 times than fluxes at
rural sites of North America and Europe (Golomb et al., 1997;
Kyllonen et al., 2009; Sweet et al., 1998). These suggest a potential
risk of the Pb pollution at Mt. Gonnga if still elevated Pb deposition
flux in future.

Except for the significant crustal influenced and pH influenced
sites in Fig. 4, the average Cd accumulation rate is about
0.4+01mgm 2 yr~L From the lake and ombrotrophic peat bog
sediments, Norton et al. (1990) suggested 0.1-0.2mgm 2 yr~! in
rural/remote regions of North America. The usual Cd accumulation
rate in peatlands of Europe is also less than 0.2 mgm~2 yr—', only
several polluted sites with 0.2—0.4 mgm~2 yr~! Cd accumulation
rates (Coggins et al., 2006; Jensen, 1997; Rausch et al., 2005). From
Pan and Wang (2015), the Cd atmospheric deposition ranges
0.3—0.6mgm 2 yr~! with the average of 0.5+0.2mgm 2 yr ! in
10 cities of Northern China, consistent with our accumulation rate.

Over the 125-year period after glacier retreated, Hg accumulates
to 4513 +422 pgm—2 yr~! over glacial erratic (1890 site). Such Hg
pool is comparable to those found in mature temperate/boreal
forest ecosystems in  North  America and Europe
(3400—5800 pg m~2) (Juillerat et al., 2012; Navratil et al., 2014;
Obrist et al., 2012; Richardson and Friedland, 2015), but 2—5 times
lower than values in montane evergreen broadleaf forest ecosys-
tems (Wang et al., 2016b). From Hg isotope mixing model at 1890
site, the average 78% contribution of atmospheric Hg® to the soil Hg
pool size over glacier erratic. We assumed such average contribu-
tion can be applied to the whole glacial erratic chronosequence.
This is because the atmospheric Hg® contributions in each depth of
soil are comparable at 1890 site, though Hg in each soil horizon
derived from different time atmospheric depositions. Hence, the
average accumulation rate of atmospheric Hg® over last 125-year is
276+32pgm~2 yr' (ie, total Hg accumulation rate is
359+4.2pgm2 yr~!in Fig. 4). Such atmospheric Hg® accumula-
tion rate is larger than Amos et al. (2015) reported an average of
211+9.1pgm 2 yr-! present accumulation rate at 21 peatland
sites, and also greater than the average value of litterfall Hg
deposition (15.2 + 8.4 pgm~2 yr~ !, usually as the atmospheric Hg®
dry deposition in forests) in global temperate/boreal forest eco-
systems (Wang et al., 2016a).

The elevated accumulation rates of Pb, Cd and Hg in this study
can be attributed two causes. One is that the heavy Pb, Cd and Hg
atmospheric pollution in China and neighbouring regions (Fu et al.,
2015; Pan and Wang, 2015). For example, Fu et al. (2010) conducted
atmospheric Hg® measurements at Mt. Gonnga (1600 m a.s.1), about
50 km distances away from our studied sites during 2005—2007,
and found that atmospheric Hg® concentration was about

2.8—32ngm >, ~2 times higher than the background value of
Northern Hemisphere (1.4—1.6 ng m~—3) (Sprovieri et al., 2016). The
other is the intensive moss cover at Mt. Gongga, thus inducing high
rate of uptake. Sun et al. (2013) reported the moss biomass at Mt.
Gongga can be up to 200—600gm 2, consistent with
110—540 g m~2 (220 + 140, g m~2, n=24) in this study (Fig. S3).
Such moss biomass is almost comparable to the average litterfall
biomass production (269 + 112 gm~2, n=99) in temperate/boreal
forest ecosystems (Wang et al., 2016a; Wang et al., 2016b). Thus, the
high moss biomass is also possibly as the reason for elevated Pb, Cd
and Hg accumulation rates.

5. Conclusion

This study shows that Hg, Pb and Cd are heavily enriched in a
moss-dominated ecosystem over glacial erratic, and atmospheric
depositions are the major sources. More in detail, atmospheric
depositions via particle and precipitation dominantly contribute to
the Pb sources, and followed by the moraine particles influences.
The Cd variation is mainly controlled by the atmospheric de-
positions, and then impacts from the natural process of moraine
particles and the lowering pH in soils. Atmospheric Hg® uptake by
moss is the predominant pathway of Hg accumulation, and then
the Hg wet deposition (20—25% contribution). The average Pb
accumulation rate over last 125-year is about 5.6 + 1.0 mgm 2 yr—,
and for Cd is 0.4+ 0.1 mgm~2 yr~!, and for Hg® is 27.6 + 3.2 pg m 2
yr— L. These elevated accumulation rates are caused by the high
moss biomass and elevated atmospheric Hg, Pb and Cd pollution
levels in China and neighbouring regions. In addition, we suggest
further studies to investigate the Cd runoff and soil leaching, thus
comprehensively assessing the Cd pollution risk in the glacial
downstream aquatic ecosystems. Overall, our study indicates that
the moss not only as the bioindicator, but also plays an important
role in heavy metals biogeochemical cycling, specifically for Hg®
accumulation in alpine regions. We recommend more studies on
this issue in other alpine regions to systematically asses the moss
role in heavy metals global biogeochemical cycling.
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