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A B S T R A C T   

Ferrous sulfide (FeS) is an important carrier for metal(loid)s in anoxic environments, but the effect of FeS on the 
behavior of Sb is poorly understood. This work investigated the interaction of Sb(III) with FeS under anoxic 
condition. FeS was synthesized and both equilibrium and kinetic experiments on the interaction of Sb(III) with 
synthesized FeS were conducted at various pH values. The final solid phases were examined by SEM, XRD, TEM, 
and XPS. The results showed that the uptake of Sb(III) by FeS increased as pH decreased. The kinetic experiment 
at pH 5 obviously showed that the temporal decrease of Sb(III)aq coincide with the partial dissolution of FeS. In 
contrast, both the concentrations of Sb(III)aq and FeS in the kinetic experiment at pH 9 did not vary with time. 
The examination of the solid phases revealed the formation of amorphous Sb2S3 in the experiments at pH 5 and 
7.5. Different mechanisms were suggested to affect the interaction of Sb(III) with FeS under acidic and alkaline 
conditions. At pH 9, adsorption dominated in the interaction. The decrease of Sb(III)aq and the concomitant 
partial dissolution of FeS at pH 5 indicated the replacement of FeS by Sb2S3, which was more significant at lower 
pH. The replacement of FeS by Sb2S3 was a relatively slow process compared to the acidic dissolution of FeS. The 
result of this study helps understand the mobility of Sb in anoxic environments and may favor the remediation of 
Sb contamination by the use of FeS.   

1. Introduction 

Antimony is a toxic and carcinogenic metalloid of global concern 
(Amarasiriwardena and Wu, 2011; Kulp et al., 2014). It is considered as 
pollutants of priority interest by the European Union and the United 
States Environmental Protection Agency (Ungureanu et al., 2015). In the 
environmental systems, Sb can display in four oxidation states (− 3, 0, 
+3, and +5) but is mostly found in two oxidation states (+3 and + 5). It 
usually occurs as Sb(OH)6

- (Sb(V)) in relatively oxic environments or Sb 
(OH)3 (Sb(III)) in anoxic environments (Filella et al., 2002a, 2002b; 
Wilson et al., 2010). 

Antimony is of growing interest to industry. A significant input of Sb 
into the environment can result from some industrial processes, such as 
mining/smelting and the manufacture of alloys, semiconductors, fire 
retardants, glass, and polyethylene terephthalate (Filella et al., 2002a; 
He et al., 2012). 

In terrestrial environment, ubiquitous iron hydro(oxides) such as 
ferrihydrite, goethite, and hematite are recognized as the primary solid 

phases for sequestration of metal(loid)s. In a creek draining an aban
doned antimony mine, iron oxides are the main carrier phases for Sb in 
the suspended particulate matter (Casiot et al., 2007). In a river adjacent 
to the Hillgrove Sb-bearing deposits, Australia, attenuation of Sb occurs 
by deposition onto amorphous iron oxyhydroxides which can contain 
>10% of Sb (Ashley et al., 2003). In anoxic environments, reductive 
transformation of iron hydro(oxides) occurs due to microorganisms or 
reducing agents and amorphous FeS is typically the initial iron sulfide 
phase to form (Wolthers et al., 2005a; Burton et al., 2011, 2019). The 
naturally formed FeS can serve as a major sink of metal(loid)s in sedi
ment or groundwater and significantly affect the mobility of metal(loid) 
s (Wolthers et al., 2003, 2005b; Han et al., 2011). For example, in 
relatively reducing sediment, Sb associated with iron oxides may un
dergone post-depositional transformation and redistribute via precipi
tation as sulfide or sorption to sulfide surfaces (Coles et al., 2000; 
Fawcett and Jamieson, 2010). It has also been reported that FeS may be 
abundant in acid sulfate soil environments and significantly affect the 
mobility of Sb (Tighe et al., 2013; Karimian et al., 2018). Additionally, 
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FeS can be applied for remediation of groundwater and soil contami
nated with metal(loid)s because FeS has excellent adsorbent properties 
to some metal(loid)s (Gong et al., 2016; Chen et al., 2019). Therefore, 
the interaction between FeS and metalloids is of growing concern. The 
adsorption and precipitation of As by FeS have been reported in some 
previous studies (Wolthers et al., 2005b; Han et al., 2011; Xie et al., 
2016), but the interaction of Sb and FeS has been less studied. Recently, 
Han et al. (2018) investigated the interaction of Sb(III) with FeS under 
anoxic condition in a laboratory research. However, details of the 
interaction between Sb(III) and FeS are far from being well understood. 
Particularly, Sb has a high affinity to sulfur (Filella et al., 2002a) and can 
compete strongly with Fe(II) on the surface of FeS. We hypothesized that 
this competition can significantly affect the behavior of Sb in anoxic 
environments. To test this, we reacted Sb(III) with synthesized FeS with 
emphasis on the competition between Sb(III) and Fe(II) in the system. 
Knowledge about the interaction of Sb(III) with FeS would be important 
to understand the mobility of Sb in anoxic environments. 

2. Materials and methods 

Deionized water (DW) (resistivity: 18.2 MΩ cm) was prepared with a 
Milli-Q system (Millipore, Bedford, MA, USA). Deoxygenated deionized 
water (DDW) was prepared by sparging DW with high-purity N2 
(99.99%). Potassium antimonyl tartrate sesquihydrate (>99% purity) 
was purchased from Acros Organics Inc. (New Jersey, USA). Ferrous 
sulfate heptahydrate (FeSO4⋅7H2O), sodium sulfide nonahydrate 
(Na2S⋅9H2O) and other chemicals were of analytical grade. All solutions 
were prepared with DDW. Stock solutions of Sb(III) (500 mg/L), S(-II) 
(0.2 M), and Fe(II) (0.2 M) were prepared by dissolving potassium 
antimonyl tartrate sesquihydrate, sodium sulfide nonahydrate, and 
ferrous sulfate heptahydrate in DDW, respectively. 

The synthesis of FeS and the preparation of Sb(III) uptake by FeS 
were conducted in an anaerobic chamber (Model 855-ACB, PLAS-LANS, 
CO, USA) at an atmospheric composition of 95% Ar/5% H2. The residual 
oxygen inside the chamber was removed by Pd catalysts, resulting in an 
oxygen concentration below 1 ppm. 

Amorphous FeS was synthesized by mixing a ferrous sulfate solution 
with a sodium sulfide solution as described by Jeong et al. (2008). In 
brief, 0.2 M Fe(II) solution and 0.2 M S(-II) solution (V:V = 1:1) were 
mixed and black amorphous FeS precipitates quickly formed. The 
freshly precipitated FeS was used for the experiments on the dissolution 
of FeS and the interaction of Sb(III) with FeS. After the precipitation of 
FeS, sodium chloride was added to obtain 0.1 M NaCl as a background 
ionic medium. Then, the stock solution of Sb(III) was added into the FeS 
suspension to obtain a preset initial Sb(III) concentration. Preliminary 
tests showed that addition of sodium tartrate did not affect the disso
lution of FeS. The pH of the initial suspensions was adjusted by the 
addition of 0.1 M HCl and 0.1 M NaOH. The pH of the suspensions got 
stabilized within approximately 20 min. The initial volume of the so
lution was adjusted through the addition of DDW. Batch experiments 
were conducted in polyethylene vials. The vials were put on a shaker. 

Equilibrium experiments on the dissolution of FeS and the uptake of 
Sb(III) by FeS as a function of pH as well as kinetic experiments on the 
interaction of Sb(III) with FeS (over a period of 1,440 min) were carried 
out. The reaction time was 3 h for the dissolution of FeS as a function of 
pH and 24 h for the interaction of Sb(III) with FeS. The solution was 
sampled at the end of equilibrium experiments or at appropriate in
tervals of the kinetic experiments. After collection, the solution sample 
was immediately filtered using a cellulose membrane (0.22 μm pore 
size) for the determination of dissolved ions. 

All experiments were carried out at room temperature (20–25 ◦C) in 
triplicate and the mean data were reported. Some other details for each 
experiment were later given in the caption of figures. 

2.1. Analyses and solid characterization 

The pH of the solution was measured with a Denver UB-7 pH-meter. 
Fe(II) concentration was measured by a 1,10-phenanthroline spectro
photometric method (APHA, 1998). The precision of the measurement 
of Fe(II) in the solution was better than 3%. The solid FeS concentration 
was calculated as the difference between the concentrations of the initial 
FeS and the dissolved Fe(II). The concentration of Sb(III) was deter
mined by hydride generation- atomic fluorescence spectrometry 
(HG-AFS) (AFS-2202E, Haiguang Instruments Corp., Beijing, China) 
following a method from Fu et al. (2016). The limit of detection for Sb 
(III) based on 11 replicate analyses was 0.05 μg/L, and the relative 
standard deviation was 0.6%. 

The morphology of the synthesized FeS was examined by a scanning 
electron microscope equipped with an energy dispersive spectrometer 
(SEM-EDS, Model JSM-6460LV, JEOL, Japan). The mineralogy of the 
solid phases after interaction was characterized by X-ray diffractometer 
(Empyrean, PANanalytical Co., The Netherlands) using a Cu tube and a 
scanning range from 4◦ to 60◦ with a step size of 0.03◦ and 8 s/step 
measuring time. The solid phases after the interaction were also exam
ined by a field emission transmission electron microscope (Tecnai G2 
F20 S-TWIN, FEI Inc., USA), and an X-ray photoelectron spectroscopy 
(XPS, ESCALAB 250Xi, Thermo Fisher Scientific, Inc, USA). In the TEM- 
EDS analysis, semi-quantitative atomic percentages were calculated 
based on the signals of Fe, Sb, and S of the sample and matrix corrections 
were made in the software. XPS is an important surface-sensitive tech
nique with an analytical depth of about 0–10 nm. Here, XPS was used to 
determine the binding of Sb on the solid phases. 

3. Results and discussion 

An SEM image of the freshly synthesized mackinawite (Fig. 1) shows 
that the FeS was clusters of very fine grains. Similarly, it was noted that 
FeS synthesized using this procedure was extremely fine-grained and 
aggregated, and was therefore difficult to characterize (Csakber
enyi-Malasics et al., 2012). Amorphous FeS initially formed in anoxic 
environments is thought to be nanocrystalline mackinawite (Rickard 
et al., 1995), which tends to agglomerate rapidly. A wide range of the 
particle size of precipitated FeS have been given in literature. For 
example, some previous studies reported the particle size of precipitated 
FeS synthesized using the same procedure to be 4.2 nm (Wolthers et al., 
2003), 3–11 nm (Ohfuji and Rickard, 2006), and 3.5 nm (Jeong et al., 
2008). 

3.1. FeS solubility 

The effect of pH on the dissolution of FeS was examined in the pH 

Fig. 1. SEM image of the precipitates of FeS.  

D. Li et al.                                                                                                                                                                                                                                        



Applied Geochemistry 128 (2021) 104957

3

range 3–9.5 (Fig. 2). The dissolution of FeS was found to be highly 
dependent of pH. When pH decreased, the dissolution of FeS increased 
significantly. For example, only 1.4% of FeS dissolved at pH 9.5, 
whereas approximately 70% of FeS dissolved at pH 5. Similarly, the high 
dissolution of FeS at acidic pH has also been observed in previous studies 
(Wolthers et al., 2005b; Han et al., 2018). The dissolution of FeS can be 
described as follows:  

FeS(s) + 2 H+ → Fe2+ + H2S                                                           (1) 

In this reaction the proton competes for S(-II) and forms H2S (or 
HS− ), resulting in the increase of FeS dissolution at low pH. 

3.2. Batch interaction experiments 

The result of equilibrium experiments on the interaction of Sb(III) 
with FeS at pH 5 to 9 is shown in Fig. 3. In the control experiment (Sb(III) 
only) at each pH, the Sb(III)aq concentration did not show deviation 
from the initial value of 20 mg/L, indicating that the Sb(III)aq was not 
affected by any processes (e.g, Sb precipitation) over this pH range. In 
the experiments (FeS + Sb(III)), the Sb(III)aq decreased with decreasing 
pH. This contrast indicates that the concentration of Sb(III)aq was only 
affected by the interaction of Sb(III) with FeS and this interaction was 
pH dependent. The concentration of Sb(III)aq differed markedly between 
experiments under acidic and alkaline conditions. In the experiment at 
pH 5, the residual Sb(III)aq concentration was only 3.2 mg/L (equivalent 
to 84% decrease) compared to 15.5 mg/L (equivalent to 22.5% 
decrease) in the experiment at pH 9. This striking contrast possibly in
dicates that different mechanisms were responsible for the uptake of Sb 
(III) by FeS under acidic and alkaline conditions. 

Kinetic experiments on the uptake of Sb(III) by FeS were conducted 
at pH 5, 7.5, and 9, respectively. The temporal variation of FeS and Sb 
(III)aq concentrations in the experiments is shown in Fig. 4. The variation 
of FeS concentration without addition of Sb(III) is also shown in this 
figure. In the control experiments (FeS only) at pH 5, 7.5, and 9, the FeS 
concentration was 20, 35, and 40 mg/L at the beginning of the experi
ment and was basically steady thereafter (Fig. 4a and b and c). Taking 
into account the FeS was initially added at a concentration of 40 mg/L in 
each experiment, the initial dissolution of FeS was negligible at pH 9 but 
was more significant at pH 5 and 7.5. The initial dissolution of FeS in the 
experiments at pH 5 and 7.5 is consistent with the above-mentioned 
result that the dissolution of FeS was more significant at lower pH. 
The initial drop of the concentration of FeS at pH 5 and 7.5 indicates that 
the acidic dissolution of FeS (reaction (1)) is a rapid and efficient 
process. 

In the control experiments (FeS only) at pH 5, 7.5 and 9, the basically 

steady concentration of FeS after the beginning of the experiment 
(Fig. 4a and b, and c) indicates that, without addition of Sb(III), the solid 
FeS did not further dissolve. In the presence of Sb(III), the temporal 
variation of FeS concentration at various pH values differed signifi
cantly. In the kinetic experiment (FeS + Sb(III)) at pH 5, the FeS con
centration further decreased from 20 mg/L at the beginning to 11.4 mg/ 
L at the end, indicating that FeS further dissolved after the addition of Sb 
(III). This indicates that the addition of Sb(III) resulted in gradual 
dissolution of a fraction of FeS. Moreover, the gradual decrease of FeS 
and Sb(III)aq over this period reflected a relatively slow interaction be
tween Sb(III) and FeS particles, which contrasted to the rapid acidic 
dissolution of FeS (reaction (1)). In the kinetic experiments of both (FeS 
+ Sb(III)) and (FeS only) at pH 9, the FeS concentration was identical 
(approximately 40 mg/L) at the beginning of the experiment and was 
basically steady thereafter (Fig. 4c). This indicates that, even in the 
presence of Sb(III), no significant dissolution of FeS occurred at pH 9. In 
the kinetic experiment (FeS + Sb(III)) at pH 7.5, the concentrations of 
both FeS and Sb(III)aq were between the kinetic experiments at pH 5 and 
9 (Fig. 4). It can be postulated that the addition of Sb(III) at pH 7.5 also 
resulted in some dissolution of FeS. However, the dissolution of FeS at 
pH 7.5 was notably weaker than that at pH 5. 

3.3. Characterization of the solid phases after interaction 

The solid phases of the kinetic experiments (FeS + Sb(III)) were 
examined by TEM-EDS (Fig. 5). In the solid phase of the kinetic exper
iment (FeS + Sb(III)) at pH 5, precipitates of Sb2S3 were found as ag
gregates that coexisted with FeS particles (Fig. 5a). EDS analysis of the 
focus area of the aggregates showed strong signals of S, Sb, and Fe, and 
the semi-quantitative atomic percentages of Fe, Sb, and S were 4.5%, 
33.8%, and 61.7%, respectively (Fig. 5d). This corresponds to the 
composition of a mixture with Sb2S3: FeS = 4:1 (molar ratio). In the solid 
phase of the kinetic experiment (FeS + Sb(III)) at pH 7.5, precipitates of 
Sb2S3 were also found (Fig. 5b) but at a markedly lower frequency. The 
semi-quantitative atomic percentages of Fe, Sb, and S of the focus area 
were 9.6%, 32.6%, and 57.8% (Fig. 5e), which corresponds to the 
composition of a mixture with Sb2S3: FeS = 5:3 (molar ratio). However, 
no precipitates of Sb2S3 were found in the solid phase of the kinetic 
experiment (FeS + Sb(III)) at pH 9. This indicates that, in the interaction 
of Sb(III) with FeS, the formation of Sb2S3 was not significant at high pH. 

The solid phases of the kinetic experiment (FeS + Sb(III)) at pH 5 
were examined by XRD. The solid phases showed a very similar XRD 
pattern to that of pure FeS (Fig. 6). Although the TEM examination 
showed the occurrence of Sb2S3 precipitates in the solid phases, no 
signals concerning Sb sulfides were observed in the XRD analysis. 

Fig. 7 shows the XPS Sb-3d spectra of the solid phases of the 
Fig. 2. Dissolution of FeS as a function of pH (initial FeS concentration: 40 mg/ 
L; interaction time: 3 h). 

Fig. 3. Uptake of Sb(III) by FeS as a function of pH (initial FeS concentration: 
40 mg/L; initial Sb(III) concentration: 20 mg/L; interaction time: 24 h). 
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experiments (FeS + Sb(III)) at pH 5, 7.5, and 9. The chemical bonds of 
both Sb(III)–S and Sb(III)–O were found in all the solid samples. The 
signal of Sb(III)–S can originate from the precipitates of Sb2S3 as well as 
the binding of Sb(III) to sulfide functional group ≡SH0 (Bebie et al., 

1998) on the surface of FeS particles. The signal of Sb(III)–S was 
strongest in the pH 5 sample while it was weakest in the pH 9 sample. 
This is consistent with the result that the formation of Sb2S3 was more 
significant at lower pH. The occurrence of chemical bond Sb(III)–O is 

Fig. 4. Evolution of FeS and Sb(III) concentrations over time (initial FeS concentration: 40 mg/L; initial Sb(III) concentration: 20 mg/L).  

Fig. 5. TEM image and EDS spectrum of the solids after interaction (a: pH 5; b: pH 7.5; c: pH 9) (The signal of Cu originated from the copper support for the sample).  
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considered corresponding to the adsorption of Sb(OH)3 on the surface of 
FeS. The strong Sb(III)–O signal in all the three samples indicates that 
adsorption may contribute to the interaction of Sb(III) with FeS under 
both acidic and alkaline conditions. The adsorption of Sb(III) is further 
elucidated at the end of next section. 

3.4. The uptake of Sb(III) by FeS 

Under anoxic conditions, aqueous Sb(III) is predominantly present as 
Sb(OH)3 (Filella et al., 2002b). When sulfide is present, Sb(III) can react 
with sulfide and form precipitates of Sb2S3 (Wang et al., 2013; Zhang 
et al., 2016; Han et al., 2018).  

2 Sb(OH)3 + 3 H2S → Sb2S3(s) + 6 H2O                                            (2) 

In this reaction, H2S represents the sum of sulfide species in solution 
that consist of H2S, HS− , and S2-. 

The solubility product (Ksp) is a key factor controlling the dissolution 

or precipitation of a compound. As discussed above, the dissolution of 
FeS at alkaline pH is low. However, the dissolution of FeS at acidic pH 
can be enhanced, resulting in more sulfide present in solution (Wolthers 
et al., 2005b). When FeS co-exists with Sb(III) in solution, Sb(III) and Fe 
(II) may compete to be bound to the sulfide. The solubility product of 
Sb2S3 (log Ksp = − 92.8, Mane and Lokhande, 2003) is much lower than 
that of crystalline FeS (log Ksp = − 27.39, Jong and Parry, 2003) and that 
of nanoparticle FeS (log Ksp = − 3.5, Rickard, 2006), so Sb(III) has a 
higher potential than Fe(II) to be bound to the sulfide. According to the 
discussion above, the reaction between Sb(III) and FeS is proposed as 
follows.  

3 FeS(s) + 2 Sb(OH)3 + 6 H+ → 3 Fe2+ + Sb2S3(s) + 6 H2O                 (3) 

This reaction has also previously been proposed by Han et al. (2018). 
This reaction is well consistent with the result of the kinetic experiment 
(FeS + Sb(III)) at pH 5. In this experiment, the concentration of FeS 
(Fig. 4a) was highly correlated (R2 = 0.89) with that of Sb(III)aq 
(Fig. 4d), indicating a close relation between the partial dissolution of 
solid FeS and the decrease of aqueous Sb(III). The decrease of Sb(III)aq 
could be attributed to the formation of Sb2S3 because the TEM analysis 
showed the occurrence of Sb2S3 precipitates in the solid phases (Fig. 5). 
Subsequently, the theoretical stoichiometry between FeS dissolution 
and Sb2S3 precipitation was calculated. Because the decrease of FeS 
before 6 min was highly related to the effect of pH on the stability of FeS, 
the stoichiometry was calculated based on the variation of the concen
trations of FeS and Sb(III)aq after 6 min. From 6 to 1,440 min, the FeS 
and Sb(III)aq (expressed as Sb(OH)3 in reaction (3)) decreased from 
19.84 to 11.91 mg/L to 11.42 and 3.65 mg/L, respectively. This is 
equivalent to a molar FeSdissolution: Sb(III)decrease ratio of 1.401, which is 
close to the theoretical stoichiometry of FeSdissolution: Sb(III)decrease = 1.5 
in reaction (3). Therefore, this ratio strongly suggests that reaction (3) 
occurred in the interaction of Sb(III) with FeS at pH 5. In this experi
ment, if the decreased Sb(III)aq mostly converted to Sb2S3 (i.e., the 
precipitation was much more significant than the adsorption of Sb(III)), 
it could be expected that 11.42 mg residual solid FeS co-existed with up 
to 11.54 mg Sb2S3 in the final solid phases of 1 L reaction mixture. 
However, no signals of Sb2S3 were detected in the XRD analysis (see 

Fig. 6. Comparison of the XRD pattern of the solid phase with that of pure FeS.  

Fig. 7. XPS spectra of Sb 3d peaks for the solid phases after interaction (a: pH 5; b: pH 7.5; c: pH 9).  
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above). This possibly means that the precipitates of Sb2S3 were amor
phous. Similarly, Han et al. (2018) also reported a poorly crystalline 
phase of Sb2S3 in the interaction of Sb(III) with FeS. 

The precipitation of Sb2S3 was more significant at lower pH. This is 
consistent with the variation of Sb(III)aq concentration in both the 
equilibrium and the kinetic experiments. In the equilibrium experiments 
(FeS + Sb(III)) Sb(III)aq was much less at lower pH (Fig. 3), and in the 
kinetic experiments (FeS + Sb(III)) Sb(III)aq decreased more signifi
cantly when pH was lower (Fig. 4d). The TEM analysis on the solid 
phases of these experiments also revealed that precipitates of Sb2S3 were 
more frequently found at pH 5 compared to pH 7.5. The more pre
cipitates of Sb2S3 at lower pH corresponded to the higher dissolution of 
FeS. This is consistent with the pH dependence of the solubilities of both 
Sb2S3 and FeS. As pH decreases, the solubility of Sb2S3 decreases 
significantly (Oslen et al., 2018) while the solubility of FeS increases 
significantly (Fig. 2). 

In addition to the formation of Sb2S3, Sb in sulfidic systems has been 
reported to be able to form thioantimony species, e.g., Sb2S4

2- and 
HSb2S4

− (Polack et al., 2009; Planer-Friedrich and Scheinost, 2011; Ye 
et al., 2020). It has been reported that pH is a more significant factor 
compared to sulfide in controlling the transformation between Sb2S3 and 
thioantimonite (Chen et al., 2020). The solubility of Sb2S3 has been 
reported to decrease significantly with decreasing pH (Krupp, 1988; 
Olsen et al., 2018). In a study on the effect of pH on the transformation of 
aqueous Sb species in a sulfidic system, Chen et al. (2020) reported that, 
though in the presence of excess sulfide, Sb2S3 did not dissolve when pH 
was lower than 6.5 while significant dissolution of Sb2S3 through thio
lation was triggered when pH increased to 6.5. It can be postulated that, 
in a sulfidic system, acidic pH favors the precipitation of Sb2S3 while 
alkaline pH favors the dissolution of Sb2S3 through thiolation with 
excess sulfide. This is similar to the formation of As2S3 that can be 
favored under acidic conditions (Wilkin and Ford, 2002; Rodriguez-
Freire et al., 2014). Therefore, thioantimony species are likely to form 
only at high pH. However, due to the lack of excess sulfide in our system, 
it is assumed that the amount of thioantimony species was small and 
could not affect the dissolution of FeS significantly. This notion can be 
supported by the stable concentration of solid FeS over time in the ki
netic experiment at pH 9 (Fig. 4c). The adsorption of thioantimony 
species on FeS is postulated to be weak, because the chemical behavior 
of Sb is comparable to that of As (Filella et al., 2002a; Casiot et al., 2007) 
and thioarsenates have been reported to have a lower affinity to FeS 
compared with arsenate and arsenite (Couture et al., 2013; Vega et al., 
2017). 

Regarding the mineral-water interaction, ion exchange is also a 
significant process that might occur at the mineral surface (Coles et al., 
2000; Tertre et al., 2013). In the kinetic experiment (Fe(II)+Sb(III)) at 
pH 9, the concentration of FeS in the presence of Sb(III) was basically 
constant over time (Fig. 4c). This finding implies that exchange of Sb(III) 
for Fe(II) at the surface of FeS was not significant at alkaline pH. 
However, the effect of ion exchange under acidic and neutral conditions 
can not be identified. 

Moreover, no precipitates of Sb2S3 were observed at pH 9 in the TEM 
analysis. This can be attributed to the low dissolution of FeS under 
alkaline conditions (Fig. 2). Therefore, the interaction of Sb(III) with FeS 
at pH 9 is considered to be dominated by Sb(III) adsorption. The 
adsorption of Sb(III) on the FeS particles can occur through functional 
groups on FeS. It has previously been suggested that the surface of FeS 
has two possible functional groups: an iron(II) hydroxyl functional 
group ≡FeOH0 and a sulfide functional group ≡SH0 (Bebie et al., 1998). 
In a previous study, Han et al. (2018) reported that Sb coordination with 
S was dominant at pH 5 while the contribution of Sb coordination with O 
increased at pH 9. Additionally, with increasing pH, more As(III) is 
bound to O (As–O) and form ≡Fe–OAs(OH)2, whereas with decreasing 
pH, more As(III) is bound to S(-II) in the form of ≡S2–As(OH) (Gallegos 
et al., 2007). Because Sb usually shows a similar chemical behaviour to 
As (Filella et al., 2002a; Casiot et al., 2007), it is here proposed that Sb 

(III) was primarily bonded to O in the form of ≡Fe–OSb(OH)2 under 
alkaline conditions while it was primarily bonded to S(-II) in the form of 
≡S2–Sb(OH) under acidic conditions. In a study on the reduction of Sb 
(V) on the surface of FeS, Kirsch et al. (2008) suggested the Sb(III) co
ordination with S(-II) in a form of SbS3 complex after Sb(V) was reduced 
to Sb(III). 

4. Conclusions 

The interaction of Sb(III) with FeS was found to be highly pH 
dependent. Under acidic and alkaline conditions, different mechanisms 
were found to significantly affect the interaction of Sb(III) with FeS 
particles. Generally, Sb(III) adsorption was the predominant process at 
high pH, whereas a mineral-replacement-like reaction (FeS replaced by 
Sb2S3) occurred at low pH, possibly due to the much lower solubility of 
Sb2S3 than that of FeS. The replacement of FeS by Sb2S3 was more sig
nificant at lower pH. Moreover, the replacement of FeS by Sb2S3 was a 
relatively slow process compared to the acidic dissolution of FeS. 

In groundwater and anoxic sediments, FeS is an important meta- 
stable mineral that affects the mobility of metal(loid)s. This study im
proves knowledge about the interaction of Sb(III) with FeS in anoxic 
systems. 
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