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A B S T R A C T   

Taking advantage of the different histories of Hg deposition in Davos Seehornwald in E-Switzerland and 
Changbai Mountain in NE-China, the influence of atmospheric deposition on Hg soil dynamics in forest soil 
profiles was investigated. Today, Hg fluxes in bulk precipitation were similar, and soil profiles were generally 
sinks for atmospherically deposited Hg at both sites. Noticeably, a net release of 2.07 μg Hg m− 2 yr− 1 from the Bs 
horizon (Podzol) in Seehornwald was highlighted, where Hg concentration (up to 73.9 μg kg− 1) and soil storage 
(100 mg m− 3) peaked. Sequential extraction revealed that organic matter and crystalline Fe and Al hydr (oxide)- 
associated Hg decreased in the E horizon but increased in the Bs horizon as compared to the Ah horizon, 
demonstrating the coupling of Hg dynamics with the podzolisation process and accumulation of legacy Hg 
deposited last century in the Bs horizon. The mor humus in Seehornwald allowed Hg enrichment in the forest 
floor (182–269 μg kg− 1). In Changbai Mountain, the Hg concentrations in the Cambisol surface layer with mull 
humus were markedly lower (<148 μg kg− 1), but with much higher Hg soil storage (54–120 mg m− 3) than in the 
Seehornwald forest floor (18–27 mg m− 3). Thus, the vertical distribution pattern of Hg was influenced by humus 
form and soil type. The concentrations of Hg in soil porewater in Seehornwald (3.4–101 ng L− 1) and in runoff of 
Changbai Mountain (1.26–5.62 ng L− 1) were all low. Moreover, the pools of readily extractable Hg in the soils at 
both sites were all <2% of total Hg. Therefore, the potential of Hg release from the forest soil profile to the 
adjacent aquatic environment is currently low at both sites.   

1. Introduction 

Mercury (Hg) is one of the most toxic elements and has caused 
concerns worldwide (UNEP, 2019). It can be transported globally due to 
the volatility of elemental form (Hg0) and its long residence time (0.5–1 
years) in the atmosphere (Schroeder and Munthe, 1998; Obrist et al., 
2018). This allows Hg to reach remote areas without local sources 
(Wright et al., 2016; Wang et al., 2017). In addition, Hg in the surface 
environment may be transformed into methylmercury, which is a highly 

toxic neurotoxin that bioaccumulates in organisms and biomagnifies 
strongly through food chains (Beckers and Rinklebe, 2017). The higher 
the trophic position along food chains, the stronger biomagnification 
level in the organisms will be, resulting in extremely high Hg concen
trations in animals or fishes, and ultimately possibly causing potential 
health risks to consumers (Rheinberger and Hammitt, 2012). These 
altogether highlight the potential health risks of Hg in the environment 
to plants, wild animals and humans (Lindberg et al., 2007; Gustin et al., 
2020; Tsui et al., 2020). 
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Forests are important compartments in the global Hg biogeochemical 
cycle. Mercury enters into forest ecosystems through wet precipitation 
and dry deposition, including foliar uptake, particulate-bound Hg and 
gaseous oxidised Hg deposition (Grigal, 2002; Zhang et al., 2016). 
Catchment studies in different forest ecosystems in Europe, USA and 
China have indicated retention of 76–95% of atmospherically deposited 
Hg in the forest soil (Grigal et al., 2000; Schwesig and Matzner, 2000; 
Demers et al., 2007; Fu et al., 2010). Forest soils are therefore regarded 
as an effective sink for atmospheric Hg (Agnan et al., 2016). Mercury has 
a strong affinity for organic matter, especially organic thiols, and thus 
high concentrations of Hg in soils are frequently accompanied by high 
organic carbon values (O’Driscoll et al., 2011; Obrist et al., 2011; 
Guedron et al., 2013). Oxide and clay minerals are the second major 
sorbents of Hg next to organic matter (Gabriel and Williamson, 2004; 
Devai et al., 2005; Beckers and Rinklebe, 2017). 

To date, few studies have focused on Hg mobility and transport along 
the soil profile. Only some investigations have shown the vertical dis
tribution of Hg along the profile of Cambisols, Umbrisols, Phaeozems, 
Fluvisols, Luvisols and Arenosols (Richardson et al., 2013; Rozanski 
et al., 2016; Richardson et al., 2017; Gomez-Armesto et al., 2020b). 
Among all soils, Podzol is one of the most investigated profiles. Based on 
the significant correlations between Hg, Fe and organic matter contents, 
podzolisation was hypothesised, but not yet proven, to transfer 
organic-matter-bound Hg in the forest floor through the E horizon into 
the Bs horizon (Richardson et al., 2013; Gomez-Armesto et al., 2020b). 
Nonetheless, how well such a hypothesis could be supported by Hg 
fluxes and speciation along the profile is still unknown. Moreover, 
speciation, mobility and the sink or source function of each horizon 
along the profile has seldom been investigated. This makes under
standing the fate and transport of Hg along the profile and assessing the 
potential release of Hg from the soil profile very difficult. 

Forest ecosystems in China and Switzerland have been exposed to 
very different Hg depositional trends. While there is continuously 
increasing Hg deposition in China, the deposition rate of Hg has 
decreased since the 1960s in Switzerland (Ross-Barraclough and Shotyk, 
2003; Thevenon et al., 2011b). Decreased Hg deposition may create a 
potential re-mobilisation of Hg previously adsorbed in soils. In a forested 
catchment in Germany, the forest floor was recognised as a source for 
arsenic by releasing 11 times higher arsenic flux than the total deposi
tion (Huang and Matzner, 2007). It was suggested that arsenic has 
accumulated in the forest floor at times of high arsenic deposition rates 
in the past and is now released from the forest floor after the arsenic 
deposition rates declined. In the case of Hg0, it has been evidenced that 
the soil acts as Hg sinks at elevated atmospheric Hg0 exposure and 
switches to sources when atmospheric Hg0 at low levels (Xin and Gustin, 
2007; Agnan et al., 2016). Our two investigated sites, Davos See
hornwald, Switzerland and Changbai Mountain, China are located 
within the boreal zone with similar climate conditions. Due to the 
different Hg deposition histories, we hypothesise that the soil dynamics 
along the forest soil profile could be very different between these two 
sites. Therefore, we aimed to understand how different histories of Hg 
deposition affect Hg behaviour in forest soils. More specifically, the 
objectives of this study were (1) to understand the sink or source func
tion of the forest soils for Hg under current atmosphere deposition, (2) to 
examine whether the different Hg deposition histories in Switzerland 
and China may be reflected by Hg distribution and speciation along the 
soil profile, (3) to reveal the factors regulating Hg distribution along the 
soil profile and (4) to assess the potential of Hg release from the forest 
soils in Switzerland and China to the adjacent environment. 

2. Materials and methods 

2.1. Site description 

The Davos Seehornwald site is located at 46◦48′55.2′′ N, 9◦51′21.3′′

E at 1639 m a.s.l. in the middle range of the subalpine belt in the eastern 

part of the Swiss Alps (Fig. S1a). The average annual temperature in this 
region is 3.4 ◦C, and the average annual precipitation is 1000 mm 
(Etzold et al., 2011). The coniferous forest is dominated by Norway 
spruce (Picea abies (L.) Karst.) with a maximum canopy height of 27 m 
and a leaf area index of about 3.9 m2 m− 2. The tree age of the dominant 
trees ranges between 250 and 400 years. The understory vegetation is 
rather patchy, covering roughly 30% of the forest floor and is mainly 
composed of dwarf shrubs and mosses. The soil types are Chromic 
Cambisols and Rustic Podsols (Etzold et al., 2011). 

The forest catchment of Mountain Changbai (42◦24′ N, 128◦28’ E, 6 
ha) has a 600–2000 m a.s.l. altitude (Fig. S1b). The sampling sites are 
located at 800 m a.s.l. in a temperate mixed forest. The climate is 
controlled by a moist temperate continental mountain climate, with a 
mean annual temperature of 3.6 ◦C and mean annual precipitation of 
approximately 700 mm. The vegetation in the reserve is vertically 
classified into three spectra: mixed forest (600–1100 m a.s.l.), coniferous 
forest (1100–1700 m a.s.l.) and mountain birch zone (1700–2000 m a.s. 
l.). The mixed forest is dominated by Pinus koraiensis, Quercus mongolica, 
Acer mono and Tilia amurensis. The forest has two vertical structures (the 
arborous layer and shrub layer) with a canopy height of 20–30 m and 
canopy coverage of 80%. The coniferous forest is dominated by Pinus 
koraiensis. The birch zone is dominated by Betula ermanii, Abies neph
rolepis and Picea jezoensis var. komarovii. The forest soil is mainly Haplic 
Cambisol (Han et al., 2018). 

2.2. Bulk precipitation and throughfall sampling in Davos Seehornwald 
and Changbai Mountain 

Bulk precipitation, throughfall and soil solutions were sampled 
biweekly from September 2018 to September 2019 in Seehornwald. 
Bulk precipitation and throughfall were collected with amber borosili
cate collectors (177 cm2) in brown glass bottles placed 1 m above the 
ground. A fine sieve made of glass wool filtered out needles and other 
litter. To minimise the probable Hg transformation during storage in the 
field, samplers were placed in dark tubes to avoid any impact of sunlight 
and spiked with 1 mL of 69% w/w HNO3 in advance. Bulk precipitation 
was collected by three samplers at an open site. For throughfall sam
pling, six samplers were installed in a line and pooled to yield three 
samples for analysis at each sampling date. In Changbai Mountain, three 
stainless steel rain collectors with Teflon coating (1 m2) were installed in 
the open field and under the canopy to retrieve bulk precipitation and 
throughfall during and immediately after each rain event from 
September 2018 to September 2019, respectively. At the end of each 
month, all samples were pooled together for Hg analysis. Generally, all 
water samples at both sites were completely oxidised with bromine 
chloride (BrCl) and then reduced with SnCl2. The produced Hg0 was 
purged from the water samples at a flow rate of 2.5 L min− 1 by a vacuum 
pump and captured by a chlorine-impregnated activated carbon (ClC) 
trap. Mercury collected in the ClC trap was then thermally desorbed in 
argon carrier gas and preconcentrated into a 40% mixed acid solution 
(VHNO3: VHCl = 2 : 1). Ultimately, Hg in bulk precipitation and 
throughfall was calculated by Hg content in the trapping solution. More 
detailed protocols have been described in Li et al. (2019). 

2.3. Soil solution sampling in Davos Seehornwald and runoff sampling in 
Changbai Mountain 

Forest floor percolates were collected bi-weekly below the Oi litter 
layer or in the Oe humus horizon (defined as 0 cm of depth) using a zero- 
tension lysimeter with Plexiglas plates. In the mineral soil horizons, 
samples were collected at three depths (15, 50 and 80 cm) using a 
tension lysimeter with ceramic cups (high flow porous ceramic cups, Soil 
moisture Equipment Corp. Santa Barbara, USA). A vacuum of 50 kPa 
was applied to the tension lysimeters at the beginning of each sampling 
period. To account for the spatial variability below the canopy cover, 
eight depth replicates were installed for both types of lysimeters (the 
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zero-tension and tension lysimeter). The lysimeter plates and suction 
lysimeters had been installed and sampled in the field for more than 20 
years in Seehornwald before the beginning of Hg measurements, and 
thus potential Hg-adsorbing surfaces were assumed to be saturated. 
Runoff was sampled monthly at the weir of the Baihe (Fig. S1b) in 
Changbai Mountain from September 2018 to September 2019. After 
returning to the lab, the treatment of forest floor percolate, soil solution 
and runoff samples were the same as bulk precipitation and throughfall 
(Section 2.2). The design of sampling systems and programs in field were 
somehow different between Seehornwald and Changbai Mountain due 
to different climate, topography, vegetation coverage, local laws and 
facilities available. In Changbai Mountain, soil porewater was not taken 
for Hg analysis due to the adsorption problem of Hg to the lysimeter 
surfaces, which were installed in 2018. Since Changbai Mountain had 
the highest Hg deposition recently, Hg enrichment and mobilisation in 
the deeper horizons were not expected (Fig. 1a). Previous investigations 
also showed that the distribution of Hg in the mineral soil was all similar 
along the profiles with different forest types in China (Zhou et al., 2017; 
Du et al., 2019; Ma et al., 2022). Therefore, sink functions are all ex
pected here and we estimated the soil profile function in a more reliable 
way with runoff data. 

2.4. Litterfall and soil sampling 

Litterfall in Seehornwald was collected using twenty circular traps, 
installed 1 m above the ground. Each litterfall trap consisted of a ring 
with a 0.50 m2 collecting area, below which a net in polyester with a 
mesh size of 0.25 mm was fixed. From September 2018 to October 2019, 
litterfall was sampled biweekly or monthly in the autumn (2018), once 
between December 2018 and May 2019 and twice in summer 2019. In 
Changbai Mountain, five litter traps were placed 1 m above the ground. 
Each trap was made up of a polythene frame (1 m × 1 m) and a nylon 
mesh (2 mm). Litter falling into the traps was collected between 
September 2018 and October 2019. Litterfall from both sites was oven- 
dried at 65 ◦C until a mass variation of less than 0.03% in the next 8 h, 
weighed, ground, homogenised and stored at 4 ◦C before Hg analysis. 
Soil samples at each forest site were taken in two plots (distance more 
than 10 m). Since the soil is usually inhomogeneous, in each sampling 
plot, forest soil (about 1 kg) was taken as a mixed sample from different 
walls of a soil profile by the horizon and stored in polyethylene zip-type 
bags. Soil samples were air-dried in a cleanroom. Subsequently, the air- 
dried soil samples were homogenised and sieved to 2 mm with a mortar 
before total Hg analysis. 

2.5. Calculation of Hg-fluxes 

Fluxes with throughfall and bulk precipitation were calculated by 
multiplying the precipitation amount with the Hg concentrations on the 
basis of the sampling frequency. Fluxes with soil solutions were calcu
lated by multiplying the biweekly concentrations of Hg with the 
biweekly vertical water fluxes simulated by the process-based soil- 
vegetation-atmosphere transport model LWFBrook90 (Hammel and 
Kennel, 2001) that was recently implemented in an R environment 
(Schmidt-Walter et al., 2020). LWFBrook90 is a modification of the 
well-known Brook90 model (Federer, 2002; Federer et al., 2003), that 
simulates daily transpiration, interception, soil and snow evaporation, 
streamflow and soil water fluxes through a soil profile covered with 
vegetation. The Penman-Monteith equation modified according to 
Shuttleworth was used to calculate the soil and plant interception, 
evaporation and transpiration fluxes in the model. The values for the 
movement of water in the ground resulted from the numerical solution 
of the Richards equation. The daily meteorological forcing data was 
derived from the adjacent MeteoSwiss Station Davos (Seehornwald). 
Transport in the vadose zone was solved via the Mualem-van Genuchten 
model (van Genuchten, 1980). The hydraulic parameters needed to 
describe the water retention curve were derived from measured soil 
texture, bulk density and organic matter content in each soil horizon 
using the pedotransfer function of Puhlmann and von Wilpert (2011). 
Mercury fluxes with litterfall were calculated by multiplying the con
centrations with the amount of litterfall based on the sampling 
frequency. 

2.6. Sequential extraction of mercury in the forest floor and mineral soil 

Mercury in the forest floor (Oe and Oa layers in Davos Seehornwald) 
was fractionated based on DiGiulio and Ryan (Digiulio and Ryan, 1987). 
Around 2.0 g of the forest floor were taken for sequential extraction, 
including the following five steps: (1) 25 mL of de-ionised water at 22 ◦C 
for 1 h (water-soluble fraction), (2) 25 mL of 1 M NH4OAc 22 ◦C for 1 h 
(exchangeable fraction), (3) soluble fraction (fulvic bound) and (4) 
precipitates (humic bound) of 1 M NH4OH extraction (45 mL) for 1 h 
with subsequent HCl acidification to pH 1 (fulvic bound) as well as (5) 
residual phases (aqua regia digestion). Around 2.0 g of the mineral soil in 
Seehornwald (Ah, E, Bs and C horizons) and from Changbai Mountain 
(Ah1 (0–5 and 5–10 cm deep), Ah2, Bw, BwC and C horizons) were taken 
for sequential extraction modified from Huang and Kretzschmar (2010), 
including the following seven steps: (1) 20 mL of de-ionised water for 1 h 
(water-soluble fraction), (2) 20 mL of 1 M NH4OAc for 1 h 

Fig. 1. (a) Concentrations of total mercury (mean ± sd), (b) carbon and (c) soil pH-(H2O) along the soil profiles in Davos Seehornwald, Switzerland and Changbai 
Mountain, China; mean values and standard deviations of three replicates of total mercury concentrations are shown and standard deviations of some values are too 
small to be shown. 
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(exchangeable fraction), (3) 20 mL of 0.1 M pyrophosphate for 1 h 
(humic and fulvic bound), (4) 20 mL of 0.4 M NH2OH⋅HCl for 0.5 h (Mn 
oxides), (5) 40 mL of 0.2 M NH4-Oxalate buffer (pH 3.25) in the dark for 
2 h (amorphous Fe and Al (hydr)oxides), (6) 20 mL of 4 M HCl at 95 ◦C 
for 1 h (crystalline Fe and Al (hydr)oxides) and (7) residual phases (aqua 
regia digestion). Generally, all extraction steps were performed at room 
temperature if not otherwise specified. After each extraction step, the 
suspension was centrifuged at 4000×g for 10 min and then decanted. 
The remaining soil solid was washed twice with deionised water before 
the next extraction step. The supernatants were filtered to 0.22-μm 
(PTFE Syringe Filter) for total Hg analysis. 

2.7. Quality control and analysis of total mercury 

Total Hg concentrations in bulk precipitation, throughfall, soil so
lution and supernatant samples were analysed via BrCl oxidation fol
lowed by stannous chloride reduction and dual amalgamation combined 
with cold vapour atomic fluorescence spectroscopy (CVAFS, Model III, 
Brooksrand, USA) following USEPA Method 1631 E (USEPA, 2002). The 
limits of detection for total Hg in aqueous samples were 0.20 ng L− 1. 
Recoveries of matrix spikes for total Hg in all liquid samples ranged 
between 90 and 112%. Total Hg concentrations in litterfall and soil 
samples were measured by a Milestone DMA-80 direct Hg analyser. 
National Institute of Metrology (NIM) solid standard reference materials 
GBW07405 (GSS-5, Yellow-red Soil: Hg: 290 ± 40 ng g− 1) and 
GBW10020 (GSB-11, Quince Leaves: Hg: 150 ± 25 ng g− 1) were used for 
soil and vegetation Hg standards, yielding recoveries of 93–110% (n =
13) and 95–108% (n = 15), respectively. The average relative standard 
deviation of Hg repeated analysis was 4.6%. 

3. Results and discussion 

3.1. Mercury in bulk precipitation, throughfall and litterfall 

During the period of investigation, the concentrations of Hg in bulk 
precipitation were 4.26–46.4 ng L− 1 and 4.10–33.5 ng L− 1 in See
hornwald and Changbai Mountain, respectively (Table 1). In 
Switzerland, Hg deposition has declined for decades due to the strict 
European regulation of anthropogenic Hg emission (Ross-Barraclough 
and Shotyk, 2003; Thevenon et al., 2011a). However, despite the current 
high industrial Hg emission in China (Streets et al., 2011; Liu et al., 
2019), the Hg levels in bulk precipitation in Changbai Mountain and 
Seehornwald were surprisingly similar. Generally, Hg concentrations in 
bulk precipitation in China decrease from south to north (Guo et al., 
2008; Wan et al., 2009; Wang et al., 2009; Fu et al., 2010), and Changbai 
Mountain is located in northeastern China. In addition, Changbai 
Mountain is a rather remote area, being 300 km from the nearest in
dustrial area in Changchun City (Fig. S1b), thereby explaining the low 
Hg concentrations in bulk precipitation. 

The concentrations of Hg in throughfall at Seehornwald and 
Changbai Mountain were remarkably higher than in the corresponding 

bulk precipitation (Table 1). The increased Hg in throughfall was 
derived from atmospheric Hg previously deposited on the canopy (Rea 
et al., 2000; Grigal, 2002). The strong and significant correlation be
tween Hg in bulk precipitation and throughfall in Seehornwald (slope: 
1.79, r = 0.75, p = 0.01, Fig. S3a) and Changbai Mountain (slope: 1.81, 
r = 0.91, p < 0.01, Fig. S4a) indicated the washout effect seems to be 
similarly intensive at both sites since both sites have an average of 1.8 
times higher Hg concentrations in throughfall than in bulk precipitation 
(Fig. S3a and S4a). Interestingly, Hg concentrations in litterfall were 
18.3–31.8 μg kg− 1 in Changbai Mountain and the values in Seehornwald 
were 3–4 times higher (67.3–111 μg kg− 1). It is accepted that foliage 
takes up atmospheric Hg mainly through the stomata, although Hg can 
also be immobilised via nonstomatal pathway, e.g. sorption, on the leaf 
surface (Ericksen et al., 2003; Stamenkovic and Gustin, 2009; Obrist 
et al., 2012; Laacouri et al., 2013). Physiological properties of foliage, 
like surface area index, stomatal density, and cuticle material, may in
fluence Hg adsorption and absorption (Laacouri et al., 2013). The 
different forest types and tree species may affect Hg uptake efficiency by 
leaves in these two forest sites. Hg accumulation in litterfall is also 
subject to leaf longevity. A longer lifetime of needles in Seehornwald 
(Picea abies, more than 4 years) made more Hg accumulate in litterfall 
than in Changbai Mountain (Pinus koraiensis, Quercus mongolica, 0.5–3 
years) (Fan et al., 2019; Navratil et al., 2019). 

3.2. Mercury association with soil organic matter along the soil profile 

Soil organic matter has been known as the major factor governing the 
spatial and vertical distribution of Hg in soils (Grigal, 2003; Richardson 
et al., 2013; Shetaya et al., 2019). In this study, the different forms of 
humic substances, i.e. mor humus in Seehornwald and mull humus in 
Changbai Mountain, substantially influenced not only the vertical dis
tribution but also the mobility of Hg along the forest soil profile. In 
Changbai Mountain, the lack of a distinguishable litter layer reflects the 
rapid decomposition of litterfall at near-neutral pH and rapid integration 
of organic matter into the mineral topsoils (Ah1 horizon). Mercury had 
the highest concentration at 0–10 cm depths (92–148 μg kg− 1), and 
below 10 cm, the Hg concentrations were all <35 μg kg− 1 (Fig. 1a). Such 
distribution, in general, agrees well with the organic carbon content and 
pH, which decreased from 5 to 7 g kg− 1 to ~0.3 g kg− 1 and from ~6 to 
~5 with depth (Fig. 1b and c). Litterfall is generally the primary depo
sition pathway of Hg into forest soils, responsible for 64% and 75% of 
total Hg deposition in Seehornwald and Changbai Mountain, respec
tively (Table 2). This reflects that China’s high atmospheric Hg emis
sions in the past two decades have been deposited in the form of litter, 
leading to enhanced Hg accumulation in surface soils (Gong et al., 2014; 
Wang et al., 2016). Such a conclusion relays on the fact that gaseous Hg 
re-emissions from the forest soils are much smaller than total Hg 
deposition. The distribution density of air-forest floor Hg0 fluxes with a 
global database showed that Hg0 fluxes occur most frequently at ~1.75 
μg m− 2 yr− 1 in conifer forests (Agnan et al., 2016). Also, a recent study 
characterised that surface-air Hg flux in a forested catchment was − 2.2 

Table 1 
Concentrations of total mercury in bulk precipitation, throughfall, litterfall, forest floor percolate, mineral soil solution and runoff from September 2018 to September 
2019 in Davos Seehornwald, Switzerland and Changbai Mountain, China.  

Compartment Swiss Davos Seehornwald Chinese Changbai Mountain 

Median Average Min–Max Median Average Min–Max 

Bulk precipitation (ng L− 1) 11.2 a 14.1 4.26–46.4 10.9e 14.0 4.10–33.5 
Throughfall (ng L− 1) 31.8 a 41.0 2.79–92.8 33.8e 37.9 16.1–78.3 
Litterfall (μg kg− 1) 87.7 b 85.1 67.3–111 26.7f 25.6 18.3–31.8 
Forest floor percolate (ng L− 1) 20.7 c 28.0 5.46–101 – – – 
15 cm deep soil solution (ng L− 1) 9.64 d 12.1 3.40–27.6 – – – 
50 cm deep soil solution (ng L− 1) 23.2 a 24.0 3.77–46.8 – – – 
80 cm deep soil solution (ng L− 1) 11.2 e 20.2 6.28–64.0 – – – 
Runoff (ng L− 1) – – – 3.22e 3.23 1.26–5.62 

‒: not determined; sample size: a: 15; b: 8, c: 16; d: 14, e: 12. f: 9. 
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μg m− 2 yr− 1, accounting for 6.6% of the total Hg deposition (Eckley 
et al., 2021). Using the estimated global database, the air-forest floor Hg 
exchange flux was 4% and 8% of total Hg deposition in Seehornwald and 
Changbai Mountain, respectively. 

The forest floor in Seehornwald and Ah1 horizon in Changbai 
Mountain are both the uppermost layers directly trapping Hg deposited 
from the atmosphere. Noticeably, Hg concentrations in the Seehornwald 
forest floor (182–270 μg kg–1) were almost double those in the Ah1 
horizon in Changbai Mountain (92–148 μg kg− 1). In Seehornwald, the 
acidic condition (pH = 3–4) caused by Norway spruce litterfall does 
allow the presence of a 5–10 cm thick forest floor containing the highest 
Hg concentrations along the profiles, which can be explained by (1) the 
efficient uptake of Hg0 from the atmosphere via stomata and the dry 
deposition of Hg(II) and particulate Hg into needles (Barquero et al., 
2019) as well as (2) the decomposition of soil organic matter, leading to 
enrichment of Hg in the forest floor (Hall and Louis, 2004). Our data 
here indicated the retention of 20.0 μg m− 2 yr− 1 in the forest floor 
(calculated as total Hg deposition minus the forest floor percolate flux), 
accounting for 51% of the total deposition (39.2 μg m− 2, Table 2). In 
comparison, rapid decomposition of litterfall in Changbai Mountain has 
led to the retention of Hg in the Ah1 horizon. Since the Ah1 horizon 
consisted of more than 95% mineral phases, similar Hg enrichment via 
decomposition of organic substances to the Seehornwald forest floor is 
almost negligible. On the other hand, the bulk soil density of the Ah1 
horizon at Changbai Mountain (0.6–0.8 g cm− 3) was much higher than 
the Seehornwald forest floor layers (0.1 g cm− 3). Therefore, the total soil 
storage of Hg for each cubic metre in the forest floor in Seehornwald 
(20–25 mg m− 3) is much smaller than the topsoil Hg storage in Changbai 
Mountain (50–120 mg m− 3) (Fig. 2). 

Differently from Changbai Mountain, the Hg concentration peaked 
additionally in mineral soils at 20–40 cm depths (60–74 μg kg− 1, Bs 
horizon) in Seehornwald. In comparison, Hg concentrations were mostly 
between 20 and 40 μg kg− 1 above and below the Bs horizon (Fig. 1a). 
Podzolisation, the process of organic matter complexation and eluviat
ing Fe and Al from the E horizon to the B horizon, has been proposed to 
govern Hg vertical distribution in Podzol (Richardson et al., 2013; 
Pena-Rodriguez et al., 2014; Gomez-Armesto et al., 2020a). Here, the 
coupling of Hg transport along the soil profile with podzolisation was 
moreover evidenced by the very different SE-based speciations of Hg in 

Ah, E, Bs and C horizons (Fig. 3b and Fig. S2b). Although fractions 
associated with organic matter and crystalline Fe and Al (hydr)oxides 
were the major components in all horizons, the concentration of organic 
matter associated Hg was 8.71 μg kg− 1 in the Ah horizon, which 
decreased to 7.20 μg kg− 1 in the E horizon but increased greatly to 23.0 
μg kg− 1 in the Bs horizon. A similar tendency was also observable for 
amorphous (0.02, 0.01 and 1.98 μg kg− 1 in the Ah, E and Bs horizons) 
and crystalline Fe and Al (hydr)oxide bound Hg (26.4, 12.2 and 36.8 μg 
kg− 1 in the Ah, E and Bs horizons, respectively). Such observation agrees 
well with the eluviation process of sesquioxides and humic acids. 
Together with the results from Cambisol in Changbai Mountain whose 
Hg vertical distribution is mainly governed by soil organic matter, we 
can additionally highlight that the profile Hg distribution could have a 
strong linkage to soil type (Frohne and Rinklebe, 2013; Richardson 
et al., 2013). 

3.3. Interplay between atmospheric deposition and soil dynamics of 
mercury 

The current atmospheric deposition interacted with Hg in soil pro
files in Changbai Mountain and Seehornwald in markedly different 
ways. While the Cambisol profiles in Changbai Mountain trapped most 
atmospheric deposited Hg in the surface layers, there are mobilisation 
and immobilisation of Hg in different layers of the Podzol profiles under 
current atmospheric Hg deposition in Seehornwald. Based on Hg annual 
fluxes, the Bs horizon currently served as a source of Hg along the profile 
(net release 2.07 μg m− 2 yr− 1), while the other layers acted as sinks 
(Table 2). The lack of correlation between the Hg in throughfall and 
forest floor percolate (Fig. S3b) indicates partial retention of throughfall 
Hg and some Hg mobilisation from the forest floor. The humic sub
stances in the forest floor are effective in trapping Hg in throughfall by 
possibly forming strong inner-sphere complexes with e,g, reduced 
sulphur groups and nano-sized β-HgS (Skyllberg et al., 2006; Manceau 
et al., 2015). On the other hand, plant litter has been demonstrated to 
release Hg to a different extent based on the tree species and water 
compositions (Tsui et al., 2008). The lack of significant correlations 
between Hg in 15, 50 and 80-cm-layer soil solutions may reflect the 
concentrations of Hg in 50 and 80-cm-layer soil solutions were strongly 
influenced by Hg mobilisation from the Bs horizon. Interestingly, a 
strong and significant correlation between Hg in the forest floor perco
late and 15-cm-layer soil solution (r = 0.66, p < 0.01, Fig. S3c) indicates 
the adsorption of Hg to the Ah and E horizons is likely to be more 
important than re-mobilisation. Unlike most other divalent metals, Hg 
has its greatest extent of adsorption in acidic media (Yin et al., 1996; 

Table 2 
Annual fluxes (mean ± sd) a of total mercury by bulk precipitation, throughfall, 
litterfall, total deposition (calculated as throughfall + litterfall) and forest floor 
percolate, as well as 15, 50 and 80-cm-layer soil solutions from September 2018 
to September 2019 in Davos Seehornwald, Switzerland and runoff in Changbai 
Mountain, China.  

Compartment Swiss Davos Seehornwald (μg Hg 
m− 2 yr− 1) 

Chinese Changbai 
Mountain (μg Hg 
m− 2 yr− 1) 

Bulk precipitation 8.02 ± 0.25 5.14 ± 0.02 
Throughfall 19.6 ± 1.01 9.55 ± 0.04 
Litterfall 25.0 ± 0.28 15.3 ± 0.69 
Total deposition b 39.2 ± 0.73 20.4 ± 0.84 
Forest floor percolate (a 

sink) c 
19.2 ± 0.67 (- 20.00 ±

0.70) d  
–  

15-cm-deep soil (a sink) c 7.45 ± 0.41 (- 11.75 ±
0.54) d  

–  

50-cm-deep soil (a 
source) c 

9.52 ± 0.45 (+2.07 ±
0.43) d  

–  

80-cm-deep soil (a sink) c 5.10 ± 0.27 (- 4.42 ±
0.36) d  

–  

Runoff  –  0.46 ± 0.00 

‒: not available. 
a Sds are calculated according to standard deviations of Hg concentrations 

measured in the spatial replicates of samples. 
b Total deposition is calculated as the sum of throughfall and total litterfall. 
c Represents the source or sink function of the soil horizon. 
d Net Hg fluxes calculated as the Hg output minus input of the soil horizon. 

Fig. 2. Soil storage of mercury along the soil profiles in Davos Seehornwald, 
Switzerland and Changbai Mountain, China; mean values and standard de
viations of three replicates are shown. 
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Bishop et al., 2020). In fact, stronger retention of Hg released from the 
upper layer was observed in the 0–15 cm layer with pH of 3.5–4.5 (62%) 
than in the 50–80 cm layer with pH of 4.5–5.5 (46%). 

From the long-term aspect, the influence of different atmospheric 
deposition histories at both sites was reflected by the presence of more 
legacy Hg in Seehornwald profiles than in Changbai Mountain profiles. 
The concentrations of Hg were the lowest in the C horizon along all 
profiles in Seehornwald (18 and 40 μg kg− 1) and Changbai Mountain 
profiles (18 and 34 μg kg− 1). This reflects that the vertical distribution of 
Hg along the soil profiles at both sites was more likely governed by the 
atmospheric deposition previously rather than the geogenic source 
(Zheng et al., 2016). Accordingly, the accumulation of legacy Hg in 
Seehornwald can be reflected by (1) the much higher net total soil Hg 
storage in Seehornwald than in Changbai Mountain and (2) the 
remarkably elevated soil Hg concentrations in the Bs horizon in See
hornwald profiles. Taking the Hg level from C horizons as the baseline 
concentration, we estimated minimum accumulations of 0.69 and 1.78 
mg m− 2 down to 80 cm deep in the mineral soils in Davos Seehornwald, 
whereas 0.17 and 0.52 mg m− 2 were estimated in Changbai Mountain 
(down to 70 cm deep). 

A chronosequence of mineral soil Hg of Podzols in NE-USA forests 
has highlighted a 21–53% decrease of Hg pools in the first 20 years, but a 
recovery of Hg pool in 55–140 years after clear-cutting (Richardson 
et al., 2017). This result indicates the effective transfer and accumula
tion in the mineral horizons may take 30–100 years and shows that the 
Hg accumulated in deeper mineral horizons are legacy deposits. Indeed, 
mineral soil retention of Hg has been estimated on an order of centuries 
to millennia (Richardson and Friedland, 2015). In Davos Seehornwald, 
there were remarkably elevated concentrations (61–74 μg kg− 1) and 
storage levels of Hg (~100 mg m− 3) in the Bs horizons (20–40 cm deep) 
as compared to the other horizons (Figs. 1a and 2), thus showing the 
accumulation of legacy Hg. In comparison, the accumulation of Hg 
occurred exclusively in the topsoils (0–10 cm deep) in Changbai 
Mountain, and there was no net Hg soil storage below 10 cm deep in 
Changbai Mountain profiles, well reflecting its origin from the near past 
(Wang et al., 2013). 

3.4. Potential of mercury release from forest soils and environmental 
implications 

Generally speaking, the potential of Hg transfer in the forest soils in 
Seehornwald and Changbai Mountain to the adjacent aquatic environ
ments is very low, as indicated by (1) the low Hg concentration in forest 
floor percolates and mineral soil solutions, (2) the very small pools of 
readily mobilisable Hg and (3) the effective sink function for Hg along 

with the mineral soil profiles. In Seehornwald, the concentration of Hg 
ranged from 8.97 to 25 ng L− 1 in forest floor percolates and between 
5.07 and 41 ng L− 1 in mineral soil solutions (Table 1), which were at a 
similar level to those found in a remote forest in Germany (<15–131 ng 
L− 1 in forest floor percolates and <15 ng L− 1 in mineral soil solutions), 
(Schwesig et al., 1999). In Changbai Mountain, the Hg concentrations in 
runoff were also very low (1.26–5.62 ng L− 1). 

Interestingly, the sequential extraction indicates that such a strong 
affinity of Hg to the forest floor and mineral soils is mostly due to the 
association of Hg with the recalcitrant phases (Reis et al., 2015; Morosini 
et al., 2021). While >80% of Hg in the forest floor was in the residual 
fraction, 60–95% of total Hg in Seehornwald and Changbai Mountain 
mineral soils was associated with crystalline and residual phases (Fig. 3 
and Fig. S2). Although reductive dissolution of Fe (hydr)oxides may 
release Hg from mineral soils (Barringer and Szabo, 2006; Jacobson 
et al., 2012), the potential of large amounts of Hg mobilisation via 
reductive dissolution of Fe (hydr)oxides is generally scarce at both sites. 
This is because Hg associated with amorphous Fe and Al (hydr)oxides in 
mineral soils (NH2OH⋅HCl and oxalate extractable fractions) is <1% in 
Seehornwald and <0.5% in Changbai Mountain mineral soils and 
crystalline Fe (hydr)oxide-bound Hg is not actively involved in redox 
reactions. Most Hg in the forest floor was associated with the recalcitrant 
fractions, e.g. the residual (>80%) and humic bound fractions (~15%, 
Fig. S2a). These recalcitrant fractions (>80%) possibly represent 
nano-particulate β-HgS component in the forest floor. Manceau et al. 
(2015) applied high energy-resolution X-ray absorption near-edge 
structure spectroscopy identifying Hg complexed to soil organic mat
ter and nano-sized β-HgS, with fractional amounts of 26% and 74%, 
respectively in the O horizon of a floodplain. However, these fractions of 
Hg may be slowly released into aquatic environments via humic sub
stance decomposition (Jiskra et al., 2017). The large proportion of 
organic matter-associated Hg (16–35% in Seehornwald and 5–11% in 
Changbai Mountain mineral soils, Fig. S2b and S2c), could be similarly 
released slowly via organic matter decomposition. In the case of the 
forest floor, the released Hg via oxidative decomposition will be trapped 
by the underlying Ah and E horizons, as evidenced by their current sink 
function for Hg (Table 2). The release of Hg from litter during decom
position was evidenced in a litterbag experiment carried out in an 
evergreen broad-leaved forest in SW-China, showing an 851% increase 
of water-soluble forms during one year field incubation (Yang et al., 
2019). Differently from the forest floor, organic matter associated Hg 
released from mineral horizons will be rapidly trapped by the mineral 
compositions such as Fe and Al (hydr)oxide and clay minerals and the 
rest organo-mineral complexes, which are all effective sorbents for Hg in 
soils (Gabriel and Williamson, 2004; Beckers and Rinklebe, 2017). 

Fig. 3. Concentrations of mercury in different sequential extraction-based fractions in the (a) forest floors and (b) mineral soils in Davos Seehorwald, Switzerland 
and the (c) mineral soils in Changbai Mountain, China; mean values and standard deviations of three replicates are shown. 
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Accordingly, there is a very low potential of Hg associated with soil 
organic matter being mobilised into the adjacent environments. 

Another high potential release of Hg to aquatic ecosystems can be 
caused by the large storage of Hg in the Bs horizon. First, there were 
elevated Hg concentrations in 50-cm-layer porewater (21.1–41.4 ng 
L− 1) compared to 15 cm (5.07–10.5 ng L− 1) and 80-cm-layer porewater 
(9.75–32.0 ng L− 1, Table 1). Then, based on the calculated fluxes at 
different depths (Table 2), Hg along Seehornwald profiles shows a net 
release of 2.07 μg m− 2 Hg from the horizon between 15 and 50 cm 
depths. The Bs horizon can be plausibly explained as the Hg source by its 
much larger Hg soil storage among all horizons (up to 100 mg m− 3, 
Fig. 2). Desorption of adsorbed Hg occurs when Hg in the solution is 
lower than the equilibrium concentration (Jing et al., 2008). Therefore, 
the legacy Hg accumulated in the past century in the Seehornwald Bs 
horizon may be re-mobilised due to the currently lower Hg-deposition 
rate than in the past century (Thevenon et al., 2011b), which lowers 
Hg concentrations in porewater and consequently shifts the equilibrium 
toward Hg desorption. This hypothesis may be reflected by the highest 
Hg storage but lowest Hg concentrations in porewater in the Bs horizon 
along the profile (Table 1 and Fig. 2). Mercury desorption from the Bs 
horizon seems contradicting to the fact that Hg in remote mineral soils is 
usually not mobile (Jiskra et al., 2017). However, our calculation indi
cated an annual release (2 μg Hg m− 2 yr− 1) of only 0.008% of total Hg in 
the Bs horizon (100 mg Hg m− 3, 25 cm thick). Similar low desorption 
rates were found in batch experiments with 3 forest soils in China with 
Hg concentrations of 338–477 μg kg− 1, showing averagely desorption of 
0.24–0.58% of adsorbed Hg (Xue et al., 2013). Based on the current mass 
balance, the net release of Hg from the Bs horizon via seepage water 
(2.07 μg m− 2) may account for approximately 5.9% of the readily 
mobilisable pool (35 μg m− 2, 15–50 cm depths). Little of the readily 
mobilisable pool is actually moving due to the very short equilibrium 
time during seepaging as compared to the extraction equilibrium 
(totally 2 h) in the lab. For the moment, Hg mobilisation from Bs is 
generally a very slow process. Moreover, the deeper horizons (50–80 cm 
depth) are a sink of Hg released from the Bs horizon with a net accu
mulation of 4.42 μg m− 2. Therefore, the general potential as a release of 
Hg into freshwaters is low. Meanwhile, such an internal transportation 
mechanism may significantly delay the movement of Hg downward 
through the soil profile and into freshwaters, increasing the lag time 
between atmospheric Hg deposition and its leaching to aquatic 
ecosystems. 

A significant linear relationship between annual Hg deposition by 
coniferous forests and Hg concentrations in fishes within 14 ecoregions 
in the South Central U.S. (Drenner et al., 2013). When Hg deposition 
exceeds 10 μg m− 2 yr− 1 in coniferous forest, the average Hg concen
trations in fish were suggested above the threshold concentration (300 
ng g− 1) of Hg recommended by the U.S. EPA for the issuance of fish 
consumption advisories. Accordingly, total Hg deposition in See
hornwald and Changbai Mt. were 39.2 and 20.4 μg Hg m− 2 yr− 1, sug
gesting the potential risk of over-high Hg concentrations in fishes within 
their aquatic ecosystem. Nevertheless, several studies with Hg concen
trations in river and lake water similar to those in our soil porewater and 
runoff show Hg levels in fishes within the accepted guidelines of the 
FAO/WHO (MeHg of 3.3 μg Hg kg− 1 week− 1) (Ramlal et al., 2003; 
Malczyk and Branfireun, 2015). Such contradicting statements reveal 
the complexity using Hg deposition rate or Hg concentrations in waters 
to predict Hg levels in fishes. Therefore, the transfer, transformation and 
bioaccumulation of Hg from the forest catchment to aquatic environ
ments remain a cause for concern, even if the potential of Hg release 
from the forest soils to aquatic environments is generally low. 

4. Conclusions 

Unlike Hg in sediment and peatland profiles, our results reflect that 
Hg in the forest soil profiles does not always reflect the Hg deposition 
history. Depending on the soil type, the transport and accumulation of 

legacy Hg along the mineral profiles will be strongly coupled with the 
soil formation processes such as podzolisation in Seehornwald. This 
changes subsequently not only the vertical distribution but also the as
sociation of Hg with different solid phases in soils along the soil profile. 
Under current deposition rates, the soil profiles in Swiss Seehornwald 
and Chinese Changbai Mountain are all sinks for the atmospherically 
deposited Hg. Noticeably, there is a net release of Hg from the Bs horizon 
in Seehornwald, where the soil Hg storage is largely enriched as 
compared to the other mineral horizons. However, the underlying ho
rizons retain Hg re-mobilised effectively, alleviating thus the release of 
Hg from the Bs horizon into the adjacent aquatic environment. 
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