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A B S T R A C T   

Arsenic (As) is one of the most harmful and widespread groundwater contaminants globally. Besides the 
occurrence of geogenic As pollution, there is also a large number of sites that have been polluted by anthro-
pogenic activities, with many of those requiring active remediation to reduce their environmental impact. Cost- 
effective remedial strategies are however still sorely needed. At the laboratory-scale in situ formation of 
magnetite through the joint addition of nitrate and Fe(II) has shown to be a promising new technique. However, 
its applicability under a wider range of environmental conditions still needs to be assessed. Here we use sediment 
and groundwater from a severely polluted coastal aquifer and explore the efficiency of nitrate-Fe(II) treatments 
in mitigating dissolved As concentrations. In selected experiments >99% of dissolved As was removed, compared 
to unamended controls, and maintained upon addition of lactate, a labile organic carbon source. Pre- and post- 
experimental characterisation of iron (Fe) mineral phases suggested a >90% loss of amorphous Fe oxides in 
favour of increased crystalline, recalcitrant oxide and sulfide phases. Magnetite formation did not occur via the 
nitrate-dependent oxidation of the amended Fe(II) as originally expected. Instead, magnetite is thought to have 
formed by the Fe(II)-catalysed transformation of pre-existing amorphous and crystalline Fe oxides. The extent of 
amorphous and crystalline Fe oxide transformation was then limited by the exhaustion of dissolved Fe(II). 
Elevated phosphate concentrations lowered the treatment efficacy, indicating joint removal of phosphate is 
necessary for maximum impact. The remedial efficiency was not impacted by varying salinities, thus rendering 
the tested approach a viable remediation method for coastal aquifers.   

1. Introduction 

Arsenic (As) is one of the most serious groundwater contaminants 
that globally poses many challenges to the preservation and safe use of 
groundwater resources. Arsenate (As(V)) and arsenite (As(III)) are 
dominant valence states in groundwater, the latter in more reducing 
environments (Lei et al., 2018). As(III) is also more mobile and nearly 10 
times more toxic for humans (Sharma and Sohn, 2009). As it can be 
taken up by plants and animals, it may affect the entire food chain 

(Morin and Calas, 2006). Potential health impacts include leathality, 
inhibition of growth, photosynthesis as well as reproduction and 
behavioural effects (Howe et al., 2001). Elevated As concentrations in 
groundwaters are mostly reported from geogenic sources (e.g., Fendorf 
et al., 2010; Podgorski and Berg, 2020), however, anthropogenic ac-
tivities, particularly industrial, agricultural and mining are also common 
causes of As contamination (Qiu et al., 2017; Cantu et al., 2016; Eden-
born et al., 1986; Luther et al., 2012; Morin and Calas, 2006; Revesz 
et al., 2016). In recognition of its toxicity, widespread occurrence and 
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diffuculty of remediation, As has been the highest ranked contaminant 
on the U.S. national substance priority list since 1997 (ATSDR, 2019). 
Growing awareness of its toxicity has resulted in the U.S. Environmental 
Protection Agency (USEPA) reducing the As drinking water standard 
from 50 μg/L to 10 μg/L, in line with the World Health Organisation 
(WHO) health-based recommendation (Missimer et al., 2018; Podgorski 
and Berg, 2020). Meanwhile, clean-up of As contaminated groundwaters 
remains extremely challenging. Many currently applied technologies 
have shown to be expensive and/or inefficient under conditions that 
commonly mobilize As (Akin et al., 2012; Liu et al., 2019; USEPA, 2002; 
Van Deuren et al., 2002). For example, pump-and-treat approaches 
require generally long periods of operation, often decades or more, with 
reducing effectiveness over time (Van Deuren et al., 2002). 

Timely and cost-effective As remedial strategies that are broadly 
effective are sorely needed. One of the major alternatives to pump-and- 
treat schemes is in-situ immobilisation, which removes As from 
groundwater by stimulating its adsorption onto and co-precipitation 
within compatible minerals. Most in-situ immobilisation approaches 
target specifically the formation and transformation of iron (Fe) min-
erals, as they are known to be highly efficient As binding agents, spe-
cifically Fe oxides in oxic environments and Fe sulfides in anoxic 
environments (Beaulieu and Ramirez, 2013; Benner et al., 2002; Cañas 
Kurz et al., 2020; Dixit and Hering, 2003; Kneebone et al., 2002; O’Day 
et al., 2004; Pedersen et al., 2006; Saunders et al., 2008; Teclu et al., 
2008). For example, Akin et al. (2012) reported a 99.2% reduction in 
dissolved As following the addition of synthesised magnetite nano-
particles. Also, Omoregie et al. (2013) found that nitrate (NO3

− ) 
amendments stimulated Fe(II) oxidation and formed fresh hydrous ferric 
oxide, in their case hematite, that remediated As contaminated 
groundwater to concentrations below the WHO guideline limits. Using 
batch and column experiments, Lien and Wilkin (2005) concluded Fe to 
be an effective in-situ As remedial reagent, with uptake occurring via 
adsorption and co-precipitation to green rust, a mixed valence Fe hy-
droxide. Kanel et al. (2005) reported the successful immobilisation of 
both As(III) and As(V) by co-precipitation on magnetite and maghemite. 
Sun et al. (2006) reported that Fe mineral co-precipitation is favoured 
for As(V), compared to As(III), while As(III) is adsorbed more rapidly 
than As(V) under anaerobic conditions. As(III) typically dominates in 
strongly reducing aquifers in which Fe(III) and sulfate reduction are 
taking place (Sasaki et al., 2009). Sulfate-reducing conditions were 
stimulated in an As contaminated aquifer treated with both Fe2+(aq) and 
sulfate and found to achieve long term (>15 months) removal of As 
below 5 μg/L in association with the inferred precipitation of both FeS 
and Fe (oxy)hydroxides (Beaulieu and Ramirez, 2013b). Beak and Wil-
kin (2009) reported As removal by both iron sulfides and iron (oxy) 
hydroxides whether conditions were sulfate-reducing or not. Deditius 
et al. (2014) observed As to not only be structurally incoporated into 
pyrite but to also occur as amorphous nanoparticle aggregates. 

Overall, stimulated (trans)formation of iron minerals in affected 
groundwaters often effectively removes As from the dissolved phase 
(Akin et al., 2012; Cañas Kurz et al., 2020; Giles et al., 2011; Omoregie 
et al., 2013). Its reliability and durability, however, is contingent on the 
stability of the Fe minerals and the As bound to them. This is a central 
challenge for effective As remediation because many Fe oxides and 
sulfides are not stable over the typically broad ranging redox conditions 
that dominate at many As-polluted sites. Specifically, many less crys-
talline iron oxide minerals are unstable at the reducing environments 
typical of As-polluted groundwaters, e.g., at landfill sites, chemical 
plants (Beaulieu and Ramirez, 2013; Tufano et al., 2008) and other lo-
cations where the degradation of organic co-contaminants affects 
aquifer conditions. In fact, groundwater contamination often results 
from organics facilitating Fe(III) oxide substrate reduction (Bonte et al., 
2013; Kocar et al., 2006; Rawson et al., 2016). The adsorbed or 
co-precipitated As formed from remedation efforts is thus also suscep-
tible to re-mobilisation (Bonte et al., 2013; Revesz et al., 2016). 
Conversely, the oxidative dissolution of As-containing Fe sulfides, such 

as arsenopyrite and pyrite is another major pathway for As release 
(Fakhreddine et al., 2020; Prommer et al., 2018; Qiu et al., 2017; Rathi 
et al., 2017). In sulfate-reducing environments, sulfide production can 
also potentially lead to the formation of thioarsenic species and signif-
icantly enhance As mobility (e.g., Wang et al., 2020; Burton et al., 2013; 
Suess and Planer-Friedrich, 2012; Planer-Friedrich et al., 2007; Keimo-
witz et al., 2007). 

The mixed valence iron oxide magnetite (Fe(II)Fe (III)2O4) is, by 
comparison, much more stable under a wider range of aquifer condi-
tions, including both weakly oxic and iron (III)-reducing environments 
(Sun et al., 2016b; Yuan et al., 2009). The presence of magnetite facil-
itates multiple pathways for contaminant immobilisation, including 
adsorption, surface precipitation and structural incorporation (Coker 
et al., 2006; Lovley and Phillips, 1986; Schwertmann and Cornell, 
2000). Not only does magnetite demonstrate high sorption capacity and 
specificity for As, but it can also absorb both As(III) and As(V) with 
similar affinity (Bujňáková et al., 2013; Giménez et al., 2007; Jönsson 
and Sherman, 2008; Root et al., 2009; Shipley et al., 2009; Yavuz et al., 
2006). The in situ formation of magnetite has therefore the potential to 
be a more reliable treatment option than those creating Fe(III) oxides 
(Sun et al., 2016b; Yuan et al., 2009). 

To date, the efficiency of magnetite as an As sequester has mostly 
been demonstrated in controlled laboratory experiments with simplified 
water and/or solid matrices (Farrell et al., 2014; Johnson et al., 2005; 
Kocar et al., 2006; Sun et al., 2016a, 2018). While these results estab-
lished the feasibility of this approach, its efficiency and robustness 
during field-scale applications will depend on the ability to work well 
under a wide range of geochemical, in particular varying redox condi-
tions. Among potential concerns is high phosphate, which can compete 
for sorption sites on neoformed Fe minerals (Su and Puls, 2001). 
Furthermore, high salinity, sulfate and chloride concentrations can also 
affect sorption and redox cycling (Jain and Loeppert, 2000; Mamin-
dy-Pajany et al., 2011; Morelli et al., 2017). 

Within this context, the main objective of the present study was to 
assess the remedial viability of stimulating Fe mineral formation and As 
uptake in amended microcosms containing natural sediments from 
highly As-polluted groundwaters. Secondary to this, was to assess the 
impacts of a high sulfate, phosphate and salinity on Fe and S minerali-
sation and the efficiency of As retention. The investigated microcosms 
contained sediments from a typical coastal aquifer with elevated salinity 
and phosphate contamination. A variety of microcosms of varying nat-
ural sediments were combined with groundwater collected on-site or 
synthesised to represent local groundwater to systematically explore the 
geochemical response to nitrate-Fe(II) amendment and elucidate the 
critical factors affecting the extent and duration of remediation. In all 
experiments, the stability of the sequestering Fe minerals was chal-
lenged through the addition of lactate as a labile organic substrate 
stimulating reducing conditions. We hypothesised that the nitrate-Fe(II) 
treatment would more effectively sequester As than the sulfate-lactate 
treatment. Further, increased salinity and elevated phosphate concen-
trations would both decrease the degree of As removal from 
groundwater. 

2. Material and methods 

2.1. Site sediment and groundwater sampling 

The study site, located in coastal southern Italy, has hosted mutliple 
industrial activities since the 1970’s, resulting in severe accidental 
pollution of the underlying aquifer by petroleum and fertilizer products 
(Colombani et al., 2015; Sbarbati et al., 2020). The shallow coastal 
aquifer comprises Pleistocene–Holocene alluvial deposits of sandy and 
sandy-loam sediments, interbedded by silt and silty-clay lenses (Mas-
trocicco et al., 2012). A mixed contaminant plume of dissolved As, 
ammonia and phosphate extends across an area of over 4 ha (Sbarbati 
et al., 2020).The groundwater pH varies between pH 6 and 8. Redox 
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conditions vary vertically, with an upper sub-oxic zone (at <5 m depth) 
and mildly reducing conditions developing with depth (especially at 
>15 m depth), as indicated by increases in dissolved Mn and Fe. 
Groundwater salinity varies spatially, ranging from fresh (<600 mg L− 1 

TDS) to saline (>35,000 mg L− 1 TDS) conditions due to (i) seawater 
infiltrating from a canal proximal to the contaminant plume and (ii) 
seawater intrusion that is locally enhanced by the ongoing remediation 
activities (Mastrocicco et al., 2012). An extensive pump-and-treat sys-
tem has operated for almost two decades. Currently, groundwater is 
pumped from 70 wells across the site at a rate of 5000 m3 day− 1. 

Sediment and groundwater samples were collected during a 2018 
sampling program (10–18 December) and retrieved from depths be-
tween 11 and 12 m below surface, i.e., targeting the depth of the highest 
As concentration. The samples were collected (i) adjacent to an identifed 
source zone (samples used in experiments E1.3 and E2, respectively, see 
Tables S1 and S2) and (ii) at two downstream locations where core 
sample positions corresponded with multilevel sampling (MLS) ports 
(samples used in experiments E1.1 and E1.2) located within the As 
plume. Groundwater salinities ranged between 1500 and 4900 mg L− 1 

while redox conditions were relatively stable with Eh values ranging 
between +300 mV and +350 mV. A complete site characterisation is 
available in Sbarbati et al. (2020). 

Sediments were collected by piston core sampler, immediately sealed 
in vacuum bags and stored at − 18 ◦C for 2 months prior to use. 
Groundwater samples were collected from MLS ports using a low flow 
bladder pump after pH, DO and Eh measurements had stabilised. All 
field parameters were determined towards the end of purging using a 
multi-parameter probe WTW Multi 340i, which includes: a SentiTix 41 
pH combined electrode with a built-in temperature sensor for pH mea-
surement, a CellOx 325 galvanic oxygen sensor for DO measurement, a 
combined AgCl–Pt electrode for ORP measurement and a Tetracon 325 
4-electrode conductivity cell for EC measurements. Groundwater sam-
ples were filtered to 0.45-μm, and those intended for major cation 
determination were acidified to pH 2.0 with ultrapure HCl. Ground-
water samples were collected in air-tight containers (glass amber bot-
tles) and kept in the dark at 4 ◦C until analysed to determine 
groundwater composition or for use in the experiment. 

2.2. Microcosm experiments 

Microcosms (Table S1) used sediments from three locations (E1.1, 
E1.2, E1.3) in combination with either corresponding groundwater 
samples from adjacent locations (GW) or artificial groundwater (AW) 
containing 7 g NaCl, 1.2 g MgCl2 6H20, 0.5 g KCl and 0.1 g CaCl2 2H20, 
dissolved in 1 L deionised water (Table S3). Our microcosms were 
designed to test the feasibility of stimulated As sequestration in 
magnetite produced by oxidising Fe(II) (added as ferrous sulfate, 10 
mM) with nitrate (10 mM NaNO3) (Sun et al., 2016b). Nitrate was 
selected instead of oxygen as oxidant because it is more soluble while 
also reacting more slowly with ferrous Fe (Sun et al., 2016b). This allows 
for a more dispersed distribution of reagents during in situ applications. 
After 12 days, 1 mM of lactate, a labile reductant, was added to the 
treatment batches to stimulate the reduction of Fe(III) and thereby to 
test the stability of any existing As–Fe-oxide assemblages. A total of 6 
treatments and their respective unamended control microcosms (lacking 
added Fe(II) and nitrate) were observed with three of each using 
groundwater and high salinity water (14.4 mS cm− 1). 

All microcosms were prepared, performed and sampled in a glove 
bag under a N2 atmosphere to limit oxygen exposure throughout the 
experiment. In each microcosm, 50 g sediments were mixed with 500 
mL GW or AW in 500 mL HDPE bottles prepared without headspace. All 
microcoms were wrapped in foil to prevent light exposure and incubated 
at room temperature on an orbital shaker at 80 RPM within a N2-filled 
glove bag to maintain anoxic conditions for a period of 45 days. Solution 
sampling occurred once every three days within a N2-filled glove bag. 
Aliquots of sediments and solutions were removed to maintain a 

constant soil:water ratio. During subsampling, microcosms were moni-
tored for physico-chemical parameters using pH indicator strips, a 
combined AgCl–Pt electrode for ORP and a Tetracon 325 4-electrode 
conductivity cell for electric conductivity (EC). Solutions were filtered 
to 0.2 μm and preserved as needed for water composition analysis. Pre- 
and post-experimental sediment characterisation was performed via 
sequential chemical extraction. 

An additional series of 9 microcosms was performed to compare the 
efficacy of oxic (NaNO3) versus anoxic (Na2SO4) treatments and to 
evaluate the effect of salinity and phosphate on As mobility, (Table S2). 
For these experiments, only source zone sediment (E2) was used, in 
combination with synthetic groundwater. Salinity effects were assessed 
using artificial ‘low’ and ‘high’ salinity water (Table S3). Phosphate 
competition was assessed in the presence and absence of 3 mM KH2PO4, 
typical of background levels at the site. The stability of any existing 
As–Fe-oxide assemblage was tested by the addition of 10 mM lactate on 
Day 12. Batches for the formation of reduced sulfides were treated with 
dissolved reactive organic carbon (serving as electron donor) at incep-
tion in the form of 10 mM sodium lactate and extra inorganic sulfate 
(SO4

2− ) as 10 mM NaSO4. This method is a commonly used strategy to 
stimulate sulfate reduction (Omoregie et al., 2013; Sun et al., 2016c). 

2.3. Analytical procedure 

2.3.1. Solution analysis 
Major cations and anions were determined by ion chromatography 

(IC) with a Dionex ICS 1100 and Dionex ICS 5000 (Thermo Fisher Sci-
entific, Germany), respectively with detection limits at 10 ppb and an 
analytical precision of ±5%. Alkalinity was determined by acid (HCl) 
titration using Standard Method 2320 B (APHA, 1995). Sample solutions 
for dissolved metals were acidified to 1% HNO3 for analysis by induc-
tively coupled plasma mass spectrometry (ICP-MS) with an X Series II 
instrument (Thermo Fisher Scientific, Germany), detection limits at 1 
ppb (0.05 ppb for As). Rhodium was added as an internal response 
standard and used for monitoring instrument drift. For analysing As, the 
instrument was set at resolving power ~10,000, to resolve the As peak 
from argon-chloride interference. Quantification for each element was 
based on comparison to a six-point standard curve from a multi-element 
standard. Accuracy was within 100 ± 5% based on certified NIST 
standards. 

2.3.2. Sediment characterisation 
The elemental compositions of the sediments were assessed by acid 

digestion following the EPA Method 3050 B (SW-846) procedure 
(USEPA, 1996). A homogenised sediment aliquot for each sample was 
weighed and transferred into a Teflon container that was previously 
washed with acid, placed in a digestion block, covered and digested by 
hot acid reflux in a mixture of HNO3, HCl, H2O2 and HF for several hours 
at 90–95 ◦C. To remove any traces of undigested silicates, the obtained 
suspensions were filtered through a 0.45 μm nylon membrane. Dissolved 
metals in the solutions were analysed by ICP-MS using standard methods 
(Sbarbati et al., 2020; Sun et al., 2016a). 

Seven-step sequential extractions were conducted to quantify 
empirical Fe and As associations with solid phases. Full details of the 
employed 7 extraction steps are provided in Table S4 and in Sun et al. 
(2016a). Wet sediment samples were collected in vials. The extractions 
were all conducted at room temperature using a dry mass of 150 mg and 
an extractant volume of 10 mL. Each suspension was centrifuged for 25 
min at 8500 rpm and the extractant then decanted and filtered using 
0.45 μm nylon membrane filters. Dissolved Fe and As concentrations in 
the extractions were determined using ICP-MS, as previously described. 

2.4. Data handling procedure 

First series microcosm results were separated based on water type, 
either AW or GW, and averaged across the three sediment types. The 

A. Barron et al.                                                                                                                                                                                                                                  



Applied Geochemistry 136 (2022) 105155

4

nitrate-Fe(II) treated microcosms, referred to hereafter as treatments, 
are discussed in comparision with the corresponding unamended control 
microcosms (those without added FeSO4 or NaNO3), referred to here-
after as their corresponding controls. Statistically significant differences 
between data populations were assessed using single factor, (one-way) 
analysis of variance (ANOVA), or F-test. ANOVA tests determine 
whether there are differences in the means of two or more groups on the 
basis of normal population distributions. Population variance, or F-dis-
triubtion, was assessed based on the independent variable of sediment 
type and dependant variables of pre- and post-experiment SE data, 
treatments and controls or AW and GW water types. A null hypothesis of 
all group means are equal, i.e., no difference, was rejected based on a 
significance level (p value) of less than 0.05. 

3. Results 

3.1. Microcosms assessing the feasibility of As sequestration 

3.1.1. Mineralogical characterisation 

3.1.1.1. Initial sediment mineralogy. The three sediment types used in 
these microcosm experiments were all medium to coarse-grained, 
weakly compacted sands ranging in colour from grey to orange-red, 
based on field observations. Bulk Fe contents, determined by total 
digestion, ranged between 174.6 and 242.1 mmol kg− 1. Extractable Fe 
contents, determined by sequential chemical extraction, were <10% of 
the total Fe and ranged between 4.6 and 12.5 mmol kg− 1 (Fig. 1). 
Crystalline Fe oxides ranged from 2.8 to 8.6 mmol kg− 1, the largest pool 
of extractable Fe while still representing only a small fraction of the total 
Fe. Small quantities of amorphous Fe oxides, 0.8–2.5 mmol kg− 1 and Fe 
carbonates, 0.7–1.2 mmol kg− 1 were also present. Recalcitrant Fe ox-
ides, most likely magnetite, were <2%. Exchangeable and sulfidic Fe 
minerals were <0.5% and <5%, respectively. 

Bulk As contents ranged between 2.3 and 2.4 mmol kg− 1, of which 
0.9–2.4 mmol kg− 1 was extractable (Fig. 1). Extractable As was pre-
dominantly associated with amorphous Fe oxides with a concentration 
of 0.4–1.5 mmol kg− 1, followed by crystalline Fe oxides, 0.2–0.5 mmol 
kg− 1, and Fe carbonates, 0.1–0.2 mmol kg− 1, respectively. Loosely 
bound As was <10%, As adsorbed on and co-precipitated with recalci-
trant Fe oxides was <5% and As associated with sulfides was <1%. 

3.1.1.2. Mineral formation in microcosms. Significant decreases 

(between 5.2 and 5.3 mmol kg− 1, or about 45%) of the extractable Fe 
were observed in both the artificial water control (AWC) and ground-
water control (GWC) (Fig. 2). Extractable Fe was also lower than ex-
pected in the treatments with Fe amendment, ranging between 8.0 and 
8.6 mmol kg− 1. This implies that a significant quantity of the added Fe 
was not readily extractable after amendment. Changes in mineral 
assemblage composition (fractional representation) were found to be 
largely consistent across treatments and controls. Significant losses of 
amorphous and carbonate Fe minerals occurred while increases in 
recalcitrant Fe and Fe sulfide phases were observed. The proportion of 
crystalline Fe minerals increased from 68% to between 75 and 83% from 
pre- to post-treatment, while additionally recalcitrant and sulfide Fe 
minerals formed. A greater loss of amorphous Fe minerals was oberved 
in the controls compared to the treatments. 

No significant differences in absolute mineral concentrations were 
observed between the artificial water and groundwater types. Fe sulfides 
increased significantly from 0.1 mmol kg− 1 in both the groundwater 
treatment (GWT) and artificial water treatment (AWT) to 0.9 and 1.5 
mmol kg− 1, respectively. Recalcitrant Fe oxides increased from 0.15 to 
0.23 and 0.33 mmol kg− 1 for GWT and AWT, respectively. Amorphous 
Fe oxides decreased from 1.75 mmol kg− 1 to 0.05 and 0.07 mmol kg− 1, a 
loss of between 92 and 99% in AWT and GWT, respectively. 

Although extractable Fe concentrations decreased, no significant 
difference occurred between pre- and post-experiment total extractable 
As concentrations (Fig. 2). However, the specific extraction pools did 
change. Prior to incubations, most As was associated with amorphous 
phases. Post-experiment, As was mostly extracted with crystalline Fe 
oxides. As associated with amorphous Fe oxides decreased from 1 mmol 
kg− 1 to 0.14 and 0.19 mmol kg− 1 for AWT and GWT, respectively, with 
no significant difference between treatments and unamended controls. 
As associated with crystalline Fe oxides increased from 0.3 mmol kg− 1 to 
0.84 and 1.22 mmol kg− 1 for AWT and GWT, respectively and to 1.06 
and 1.34 mmol kg− 1 for AWC and GWC, respectively. 

As bearing sulfides also increased significantly in both treatments 
and unamended controls while being significantly higher in treatments 
(0.08–0.1 mmol kg− 1) than both respective controls (~0.04 mmol kg− 1). 
No significant difference was observed between treatment water types. 
As associated with recalcitrant Fe oxides increased in treatments, 
doubling from 0.06 mmol kg− 1 to 0.13 mmol kg− 1

, but not in un-
amended controls, with no difference observed between treatment water 
types. As associated with Fe carbonates significantly reduced post- 
experiment, across both FeSO4 and NaNO3 treatments (>90%) and 

Fig. 1. Total sediment Fe (top) and As (bottom) concentrations as determined by acid digestion for three site sediments, E1.1, E1.2 and E1.3 collected 11–12 m below 
surface. The reactive fraction is the sum of sequential extraction analysis results subtracted from acid digest totals (orange). The remainder is referred to as unreactive 
Fe and As (grey). (For interpretation of the references to colour in this figure legend, the reader is referred to the Web version of this article.) 
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their respective controls (~65%), consistent with the near total loss of Fe 
carbonates (Fig. 2). 

3.1.2. Hydrochemistry 

3.1.2.1. Fe. Dissolved Fe concentrations in stored groundwater pre- 
amendment (Day 0) ranged from 0.02 to 0.07 μM, and were therefore 

up to 2 orders of magnitude lower than those measured at the time of 
field sampling (2–7 μM), indicating that some oxidation had likely 
occurred during sample handling and storage. Dissolved Fe concentra-
tions in the treatments were depleted by Day 12, prior to lactate addition 
(Fig. 3). GWT and AWT microcosms showed similar behaviour, despite 
highly variable salinities (2–15 mS cm− 1), with a progressive colour 
change observed from clear to reddish-brown throughout the course of 

Fig. 2. Sequential extraction Fe mineralogy fractions (top) and As mineralogical associations (bottom) averaged from three site sediments (E1.1, E1.2 and E1.3). 
Initial fractions (far left) compared to final fractionations in microcosms (from left to right): artificial water treated with 10 mM FeSO4 and 10 mM NaNO3 (AWT), 
groundwater treated with 10 mM FeSO4 and 10 mM NaNO3 (GWT), the respective artificial water control (AWC) and the respective groundwater control (GWC). 

Fig. 3. Dissolved As (top) and Fe (bottom) concentrations in artificial water microcosms (left, circles) and site groundwater microcosms (right, triangles). Data 
presented is the average of the three E1 scenarios (Table S1). FeSO4 (10 mM) and NaNO3 (10 mM) treatment results are shown in solid blue and comparative controls 
(no FeSO4, NaNO3 or lactate) in hollow red. Concentrations are reported in mM. Grey shading indicates 1 mM lactate addition in treatments only. (For interpretation 
of the references to colour in this figure legend, the reader is referred to the Web version of this article.) 
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the experiment (Fig. 4). No significant release of Fe occurred in the 
treatments for more than 30 days following the addition of lactate. 

3.1.2.2. As. Initial dissolved As levels in GW ranged between 3 and 5 
μM, comparable to concentrations at the time of sample collection in the 
field, where concentrations ranged between 2 and 6 μM (Sbarbati et al., 
2020). These levels were significantly higher than concentrations in the 
AWT (0.01 μM), which had no As amended to the solution. An imme-
diate reduction of ~99% of dissolved As concentration was observed 
within the GWT, with no re-release of As observed after the addition of 1 
mM lactate on Day 12 (Fig. 3). As concentrations in AWT also remained 
low following nitrate-Fe(II) amendment. In contrast, As concentrations 
in the unamended controls increased markedly within the first 3 days (e. 
g., from 0.085 μM to approximately 3.7 μM for AWC), and remained 
elevated for the remainder of the experiment. 

3.1.2.3. pH, redox potential and alkalinity. All treatment microcosms 
showed a declining pH during the first 9 days, before returning to 
neutral conditions and finally becoming slightly alkaline after the 
addition of lactate at Day 12 (Fig. 5). This trend was not evident in the 
controls, where generally stable pH levels persisted throughout the 
experiment. The treatments were slightly reducing with a redox poten-
tial (Eh) of − 100 mV. Eh then increased sharply for both treatments and 
controls, from 0 mV on Day 9 to +200 mV by Day 12, consistent with Fe- 
controlled redox processes rather than denitrification. Initial alkalinity 
was 8.3 meq CaCO3 L− 1 in GW, notably higher than the 0.2 meq CaCO3 
L− 1 measured in the AW microcosms. GWT alkalinity declined steeply 
by Day 3 to 1 meq CaCO3 L− 1 before increasing to ~6.5 meq CaCO3 L− 1 

at Day 12 (Fig. 5). The same increase occurred in AWT. 

3.2. Additional microcosms assessing ion competition and preferential 
electron donors and acceptors 

Nitrate-Fe(II) treatment on As mobility was evaluated for variable 
salinity and phosphate levels in AW. Additionally, the efficiency of a 
nitrate-Fe(II) treatment was compared to that of a sulfate-lactate 

treatment. 
The overall highest As release occurred in sulfate-lactate treatment 

microcosms. No significant difference in As release was observed be-
tween the lower and higher salinity microcosms of this treatment 
(Fig. 6). Arsenic concentrations rose overall from 0.02 to 0.08 and 0.1 
mM for AWT high salinity and AWT low salinity microcosms, respec-
tively. Microcosms were observed to progressively change colour from 
clear to black (Fig. 4). The measured redox conditions were mildly 
oxidising to reducing throughout the experiment (150 to − 150 mV), and 
sulfate concentrations halved, decreasing from ~12 mM to ~7 mM in 
both AWT high and low salinity microcosms. 

Nitrate-Fe(II) treatments also showed no significant difference in 
dissolved Fe and As concentrations between lower (5.3 mS cm− 1) and 
higher (15.5 mS cm− 1) salinity AWTs (Fig. 7). The 5 mM of amended Fe 
in these microcosms was almost completely removed from solution by 
Day 12. Dissolved As was <0.1 μM by Day 12 but remobilised upon 10 
mM lactate addition, with concentrations increasing to 30 μM by Day 30 
in both lower and higher salinity cases. 

The presence of phosphate decreased As retention, although this 
effect was moderated or reversed by the addition of Fe. Arsenic release 
was most pronounced (0.11 mM) in high phosphate (4.5 mM) micro-
cosms lacking Fe amendment (Fig. 7). In contrast, As release was halved 
(0.07 mM) with the Fe amendment, was more than 4 times lower (0.02 
mM) with Fe amendment and lower phosphate (1.5 mM) and more than 
4 orders of magnitude lower (0.03 μM) in microcosms with Fe amend-
ment and no phosphate (Fig. 3). No significant difference in dissolved Fe 
concentrations was observed across treatments. Post lactate addition, no 
re-release of As was observed in treatments without phosphate. 

4. Discussion 

4.1. As immobilisation 

Overall, the experimental results show that As was immobilised 
when (i) the treatment dose was sufficiently high (10 mM Fe(II)) and (ii) 
the amount of reactive organic carbon was modest (1 mM). Under these 

Fig. 4. A: Day 3 FeSO4 (10 mM) and NaNO3 (10 mM) 
treatment (first, third and fifth pairs as duplicates) 
and respective control microcosms (second, fourth 
and sixth pairs as duplicates, no FeSO4 or NaNO3). B: 
Day 9 FeSO4 (10 mM) and NaNO3 (10 mM) treat-
ments showing progressive colour change to red 
brown (first, third and fifth pairs as duplicates) and 
respective control microcosms (second, fourth and 
sixth pairs as duplicates, no FeSO4 or NaNO3) 
showing no colour change C: Day 9 (left), Day 12 
(centre) and Day 34 (right) SO4-lactate (10 mM) 
microcosm duplicate pairs showing progressive 
colour change to black. (For interpretation of the 
references to colour in this figure legend, the reader is 
referred to the Web version of this article.)   
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circumstances, As sequestration was achieved in both AW and GW 
treatments, with aqueous As concentrations decreasing by two to three 
orders of magnitude compared to the corresponding controls, to <0.1 
μM. The enhanced As removal in the treatment microcosms is attributed 
to the transformation of Fe minerals into Fe sulfides and recalcitrant Fe 
mineral phases (such as magnetite), which are capable of incorporating 
As within their mineral structures (Coker et al., 2006; Huerta-Diaz and 
Morse, 1992; Langner et al., 2013; Sun et al., 2016a; Tufano and Fen-
dorf, 2008) and via adsorption (Bostick and Fendorf, 2003; Farquhar 
et al., 2002; ThomasArrigo et al., 2016). 

Importantly, the results also suggest that the addition of lactate did 
not destabilize any neo-formed As–Fe oxide assemblages within the 
treatments, as suggested by a lack of As and Fe release into solution, 

which would be indicative of Fe reduction. The neo-formed mineral 
phases consisted mostly of reduced Fe and crystalline phases, which are 
relatively resistant to destabilisation by lactate or other organic sub-
strates. The absence of As release may point to the structural incorpo-
ration of As within crystalline minerals or incorporation into surface 
complexes rather than any type of more easily reversible sorption. While 
the general ability of the treatments to attenuate As was demonstrated 
by the substantial transformation of amorphous Fe oxides into more 
stable phases and the absence of As release, it should be noted that the 1 
mM lactate amendment did not induce significant Fe(III) reduction, 
likely due to an excess of other electron acceptors including nitrate and 
sulfate. Consumption of nitrate (decreased 0.8–2.5 mM) and sulfate 
(decreased 1–2 mM), see Fig. S1, account, in principle, for 10–40% and 

Fig. 5. Solution pH (top), alkalinity (middle) and calcium (bottom) concentrations in artificial water microcosms (left, circles) and site groundwater microcosms 
(right, triangles). Data presented is the average of the three E1 scenarios (Table S1). FeSO4 (10 mM) and NaNO3 (10 mM) treatment results are shown in solid blue 
and comparative controls (no FeSO4, NaNO3 or lactate) in hollow red. Concentrations are reported in pH units, meq CaCO3 L− 1 and mM, respectively. Grey shading 
indicates 1 mM lactate addition from Day 12 in the treatment microcosms only. (For interpretation of the references to colour in this figure legend, the reader is 
referred to the Web version of this article.) 

Fig. 6. Dissolved As (left) and Fe (right) concentrations in E.2 (Table S2) SO4-lactate (10 mM added from the start) treated microcosms of low salinity (5.3 mS cm− 1) 
(solid stars) and high salinity (15.5 mS cm− 1) (hollow triangles). Reported in mM. 
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60–130% of the observed lactate oxidation, respectively, based on the 
stoichiometries for lactate oxidation coupled to nitrate reduction:  

6NO3
− + H+ +C3H5O3

− + 3H2O → 6NO2
− + 6H2O + 3CO2              (1) 

and lactate oxidation coupled to sulfate reduction:  

3SO4
2− + 5H+ + 2C3H5O3

− → 3HS- +6H2O + 6CO2                         (2) 

Although nitrate reduction is expected, the comparatively large 
amount of sulfate reduction compared to Fe(III) reduction is unexpected 
as it does not adhere to the typical observed redox sequence. 

Subsequent experiments tested the robustness of our treatment 
method further by (i) amending labile organic carbon in excess (i.e., 10 
mM) and (ii) reducing the Fe(II) amendment from 10 mM to 5 mM. In 
these experiments the electron accepting capacity of nitrate was entirely 
consumed, oxidising approximately 20% of the lactate while sulfate 
reduction, by comparison, accounted for no more than 10% (~1 mM) of 
lactate oxidation, see Fig. S2. We hypothesize that the higher nitrate to 
sulfate concentration ratio may have influenced the reduction processes. 
The surplus of lactate induced greater reducing conditions (Fig. 8), 
which was accompanied by rising dissolved As concentrations (Fig. 3) 
but did not increase dissolved Fe concentrations. Although sequential 
extractions were not conducted in these experiments, the lactate surplus 
was sufficient to reductively dissolve all amorphous phase Fe(III), which 
would be expected to cause spiking dissolved Fe and As (Chowdhury 
et al., 2011; Saalfield and Bostick, 2010). However, given that dissolved 
Fe concentrations did not increase, it appears, like in the 10 mM Fe 
treatments, that amorphous phases were no longer present. The release 
of As, therefore, may have resulted from As(V) desorption due to pH 
values higher than 7.5 (Fig. 5) (Dixit and Hering, 2003; Jain and 
Loeppert, 2000) or the reduction of As(V) to As(III), which desorbs more 

readily (Dixit and Hering, 2003; Giles et al., 2011; Herbel and Fendorf, 
2006; Kocar et al., 2006; Meng et al., 2002). 

4.2. Fe mineral host phases for As 

Prior to the treatments, As in the sediments was largely associated 
with amorphous Fe minerals, which are vulnerable to reductive disso-
lution under shifting redox conditions, and therefore are at risk of 
becoming a critical source of As (Muehe et al., 2013; Tufano and Fen-
dorf, 2008). Yet, in our experiments, the overall oxidation state of Fe 
was relatively stable. Most mineralogical transformations appeared to 
involve the conversion of amorphous Fe(III) oxides to more crystalline 
Fe(III) phases. The observed loss of these amorphous phases would 
normally be expected to lead to a decrease in surface area, thereby 
causing a loss in sorption sites and thus an associated release of As into 
the aqueous phase (Dixit and Hering, 2003; Pedersen et al., 2006). 
However, As concentrations remained relatively low throughout the 
experiment, indicating that the new mineral phases contained sufficient 
sorption capacity to retain As. In fact, the fraction of As associated with 
crystalline Fe minerals increased considerably in both treatments (21%) 
and controls (75%), becoming the most important As hosting phase. The 
formation of the crystalline Fe minerals was likely driven by Fe 
(II)-catalysed recrystallisation of the amorphous Fe minerals (Handler 
et al., 2014; Hansel et al., 2005; Peiffer et al., 2021; Taylor et al., 2019; 
Yang et al., 2010). As the crystalline fraction increased in both the 
treatments and controls, the most likely source of Fe(II) was the disso-
lution of Fe(II) carbonates within the sediments, which were observed to 
significantly decrease in both treatment and control microcosms. 

Further, As uptake occurred in association with recalcitrant phases 
including sulfides and magnetite. The quantity of As extracted in these 

Fig. 7. Dissolved As (left) and Fe (right) concentrations from three E2 microcosms (Table S2) amended with FeSO4 (5 mM) and NaNO3 (10 mM). (a) E2.2 being low 
(1.5 mM) phosphate (1.5 mM) and low salinity (5.3 mS cm− 1) (solid stars), (b) E2.3 being low phosphate (1.5 mM) and high salinity (15.5 mS cm− 1) (hollow circles) 
and (c) E2.5 being high phosphate (4.5 mM) and low salinity (5.3 mS cm− 1) (hollow triangles). Reported in mM. Grey shading indicates 10 mM lactate addition from 
Day 12. 

Fig. 8. Solution Eh in artificial water microcosms (left, circles) and site groundwater microcosms (right, triangles). Data presented is the average of the three E1 
scenarios (Table S1). FeSO4 (10 mM) and NaNO3 (10 mM) treatment results are shown in solid blue and comparative controls (no FeSO4, NaNO3 or lactate) in hollow 
red. Concentrations are reported in mV. Grey shading indicates 1 mM lactate addition from Day 12. (For interpretation of the references to colour in this figure 
legend, the reader is referred to the Web version of this article.) 
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fractions was twice as high in the treatment microcosms compared to the 
controls, consistent with the concomitant observed increase in the 
concentrations of Fe sulfide phases. Similarly, As associated with 
recalcitrant Fe phases increased in the treatment microcosms. Recalci-
trant and sulfide phases, such as magnetite and arsenian or arsenopyrite, 
are preferred remedial hosts for As since it is incorporated within the 
crystal lattice and not prone to substitution by other anions (Huerta-Diaz 
and Morse, 1992; O’Day et al., 2004; Sun et al., 2016b). However, 
magnetite is the ideal targeted host given the greater susceptibility of Fe 
sulfides to changing redox conditions (Coker et al., 2006; Saalfield and 
Bostick, 2009; Sun et al., 2016b). Recalcitrant Fe minerals, under these 
conditions most likely prevailing as magnetite, form via topotactic or 
solid-state conversion of amorphous Fe minerals due to adsorption of Fe 
(II) (Hansel et al., 2015; Peiffer et al., 2021; Yang et al., 2010). The 
addition of Fe(II) within treatment microcosms has most likely enhanced 
its formation, along with pH rising to ~8.0, which would lead to a 
significantly faster rate of magnetite formation (Aeppli et al., 2019; 
Hansel et al., 2005). The increasing pH resulted from lactate minerali-
sation and concomitant calcite dissolution as evidenced by rising cal-
cium concentrations and alkalinity (Fig. 5). The formation of Fe sulfides 
within control microcosms suggests that sedimentary organic carbon or 
another, unidentified reductant was present within the sediments to 
facilitate sulfate reduction. Interestingly, neither sulfate nor nitrate 
concentrations decreased appreciably (Fig. S1). The treatment experi-
ments found 0.8–1.4 mmol Fe per kg of Fe sulfides to form in the sedi-
ments, which would require 0.08–0.14 mM of sulfate to be reduced from 
solution. This amount is negligible compared to the dissolved sulfate 
concentrations and consequently would not have been easily 
observable. 

Iron oxide mineral formation in the nitrate-Fe(II) treatment experi-
ments was less abundant than anticipated based on the amount of Fe(II) 
added. This may be due to a lack of available organic carbon substrates. 
Straub et al. (1996), among others, reported that the nitrate-dependent 
oxidation of Fe(II) to Fe(III) in brackish systems is not purely autotrophic 
and relies on the presence of organic substrates. Given that no exoge-
nous OC was added before Day 12 and DOC within the GW was only 
present at low concentrations while also being largely refractory 
(Sbarbati et al., 2020), the nitrate-Fe(II) reaction was likely inhibited. 
Given this limitation, it is likely that organic carbon should also be 
added to contaminated sediments low in carbon environments to 
enhance mineralisation. 

4.3. As retention in different treatment environments 

Aqueous As concentrations were highest in the sulfate treatments 
where they were actively released from sediments, peaking at concen-
trations that were four times above the Fe(II) treatment microcosms and 
well above water quality standards. Sulfate was rapidly consumed to 
below half of its initial concentration within these experiments and the 
microcosms turned black, clearly indicating Fe sulfide precipitation 
(Burton et al., 2011; Saalfield and Bostick, 2009). It is possible realgar 
also precipitated, albeit to a limited extent, given the measured Eh (150 
to − 150 mV) and pH (6.5–8.5) in these microcosms largely exceeded 
conditions for realgar stability (Langner et al., 2013; Smedley and Kin-
niburgh, 2002). The hydrogen sulfide that was generated during sulfate 
reduction may have caused the reductive dissolution of Fe-oxides and 
precipitation of mackinawite:  

2Fe(OH)3 + 3HS− + 3H+ → 2FeS + 6H2O + S0                                (3) 

and/or pyrite:  

Fe(OH)3 + 2HS- + 1H+ → FeS2 + 3H2O                                           (4) 

Arsenic could, in principle, be mobilised in association with 
declining Fe-oxide concentrations, as the sorption affinity of As on fer-
rihydrite is 3–6 orders of magnitude greater than that of mackinawite 

(Burton et al., 2011; Smedley and Kinniburgh, 2002; Wolthers et al., 
2005). However, the alkaline pH and sub-oxic conditions were also 
favourable for the mobilisation of As through the formation of thio-
arsenic species, which could have promoted enhanced As partitioning 
into the dissolved phase (Suess and Planer-Friedrich, 2012). 

Sulfidic conditions have previously been shown to be conducive to 
the development of magnetite if there is abundant Fe(II) (Yang et al., 
2010). In our case, no Fe(II) addition was made to the sulfate treatments, 
causing the sulfate-lactate microcosms to develop sulfidic conditions 
that mobilize As. Thus, in-situ immobilisation of As through sulfate 
amendments does not appear to be a viable strategy in this environment. 

Salinity variations among the microcosms did not significantly affect 
As mobilisation. This indicates minimal competition of As with other 
anions for sorption sites as well as minimal effects on mineral trans-
formation and As coprecipitation. This may have resulted from As(III)/ 
As(V) forming strong inner-sphere complexes with Fe oxides and Fe 
sulfides (Huerta-Diaz and Morse, 1992; Tufano and Fendorf, 2008), 
which would not be easily displaced by weakly adsorbing anions. Our 
results are consistent with those of Meng et al. (2002), who also reported 
direct competition from chloride to be largely negligible. 

In contrast to salinity variations, phosphate had a significant impact 
on As mobilisation. The effect of phosphate competition on As retention 
has been well documented (Dixit and Hering, 2003; Hug et al., 2008; 
Meng et al., 2002; Voegelin et al., 2010, 2019), with phosphate 
commonly outcompeting As for sorption sites. Increased As release was 
concurrent with rising bicarbonate concentrations, resulting from 
lactate mineralisation, which may have further enhanced the adverse 
influence of phosphate. Meng et al. (2002) reported such magnification 
of phosphate competition in combination with increased concentration 
of anions such as bicarbonate. 

5. Conclusions 

In our laboratory-based experiments, As was successfully removed 
from water as a result of Fe mineral (trans)formations that were largely 
stimulated by the addition of Fe(II). Our study was aimed at facilitating 
the direct formation of recalcitrant Fe phases, specifically magnetite. 
Magnetite, however, formed only to a limited extent, most likely due to 
the fast precipitation of Fe(II) sulfides, which too rapidly removed the 
supply of Fe(II) required for direct Fe-oxide transformation. Nitrate- 
dependent Fe-oxidation failed to occur, despite the abundance of ni-
trate as oxidant, possibly due to limited organic carbon availability, 
which is usually necessary as a co-substrate. Instead, magnetite formed 
through the direct Fe(II)-catalysed transformation of pre-existing 
amorphous and crystalline minerals, whereby the amount that was 
transformed was limited by the exhaustion of dissolved Fe(II). Thus, in 
our study the joint addition of nitrate and Fe(II) appeared to be super-
fluous to the achieved remedial efforts and the quantity of amended Fe 
(II) proved to be the defining factor for the generation of recalcitrant Fe 
minerals and stable As immobilisation. 

While As could be released in microcosms using insufficient Fe(II) (i. 
e., 5 mM amendments), most likely due to a residual association with 
remaining amorphous Fe minerals susceptible to reduction, the higher 
Fe(II) amendment (10 mM) induced a more complete transformation of 
the amorphous Fe phases and more stable retention in the solid phase 
during the reductive step. Importantly, the (trans)formation from 
amorphous to crystalline phases did not induce any observable release of 
As which is promising for field remediation application. The addition of 
labile organic carbon (lactate) as a reductant had no effect on As stability 
in the case of the higher Fe(II) amendments, most likely because a 
structural incorporation of As was achieved. Conversely, a decreased Fe 
(II) amendment resulted in less reliably sequestered As, most likely due 
to a less complete Fe mineral (trans)formation and lower levels of 
structural incorporation. Moreover, in contrast to previous studies that 
investigated chloride and sulfate effects on Fe mineral formation path-
ways (e.g., Hansel et al., 2005), our work did not show any considerable 
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impact. This means that potentially there is no diminished remedial 
efficiency to be expected for in situ application in coastal and other saline 
aquifers. 

Microcosm studies such as this represent the first step in developing 
appropriate remediation plans for contaminated sites. Understanding 
(and predicting) As concentrations and transport requires quantitative 
interpretation of the data. A crucial next step is the development of a 
process-based biogeochemical model that is capable of describing and 
quantifying the mineral (trans)formations and associated As behaviour 
that were observed in the present experimental study (Siade et al., 
2021). This will allow the design of amendments that can maximise the 
generation of the target Fe phases under widely variable conditions that 
are common at contaminated sites. Models based on these data are thus 
vital to developing remediation approaches that are effective and 
sustainable. 

Declaration of competing interest 

The authors declare that they have no known competing financial 
interests or personal relationships that could have appeared to influence 
the work reported in this paper. 

Acknowledgements 

This publication includes data generated by the research project 
“Proposal for lowering Arsenic concentration in groundwater: lab ex-
periments, simulation models and field pilot test”, coordinated by the 
Earth Science Department of Sapienza University of Rome. Portions of 
this work were funded by U.S. National Science Foundation (NSF) grant 
EAR-1521356 and U.S. National Institute of Environmental Health Sci-
ences grants P42 ES010349 and 2T32 ES007322. A.B. was funded 
through a Robert and Maude Gledden scholarship from the University of 
Western Australia. 

Appendix A. Supplementary data 

Supplementary data to this article can be found online at https://doi. 
org/10.1016/j.apgeochem.2021.105155. 

References 

Aeppli, M., Vranic, S., Kaegi, R., Kretzschmar, R., Brown, A.R., Voegelin, A., 
Hofstetter, T.B., Sander, M., 2019. Decreases in iron oxide reducibility during 
microbial reductive dissolution and transformation of ferrihydrite. Environ. Sci. 
Technol. 53, 8736–8746. https://doi.org/10.1021/acs.est.9b01299. 

Akin, I., Arslan, G., Tor, A., Ersoz, M., Cengeloglu, Y., 2012. Arsenic(V) removal from 
underground water by magnetic nanoparticles synthesized from waste red mud. 
J. Hazard Mater. 235–236, 62–68. https://doi.org/10.1016/j.jhazmat.2012.06.024. 

APHA, 1995. In: Standard Methods for the Examination of Water and Wastewater, 23nd 
edition. APHA. Standard Methods For the Examination of Water and Wastewater, 
19th edition. New York.  

ATSDR, 2019. Substance Priority List Resource Page. ATSDR. 
Beak, D.G., Wilkin, R.T., 2009. Performance of a zerovalent iron reactive barrier for the 

treatment of arsenic in groundwater: Part 2. Geochemical modeling and solid phase 
studies. J. Contam. Hydrol. 106, 15–28. https://doi.org/10.1016/j. 
jconhyd.2008.12.003. 

Beaulieu, B., Ramirez, R.E., 2013. Arsenic remediation field study using a sulfate 
reduction and zero-valent iron PRB. Groundw. Monit. Remed. 33, 85–94. https:// 
doi.org/10.1111/gwmr.12007. 

Benner, S.G., Hansel, C.M., Wielinga, B.W., Barber, T.M., Fendorf, S., 2002. Reductive 
dissolution and biomineralization of iron hydroxide under dynamic flow conditions. 
Environ. Sci. Technol. 36, 1705–1711. https://doi.org/10.1021/es0156441. 

Bonte, M., van Breukelen, B.M., Stuyfzand, P.J., 2013. Temperature-induced impacts on 
groundwater quality and arsenic mobility in anoxic aquifer sediments used for both 
drinking water and shallow geothermal energy production. Water Res. 47, 
5088–5100. https://doi.org/10.1016/j.watres.2013.05.049. 

Bostick, B.C., Fendorf, S., 2003. Arsenite sorption on troilite (FeS) and pyrite (FeS2). 
Geochem. Cosmochim. Acta 67, 909–921. https://doi.org/10.1016/S0016-7037(02) 
01170-5. 
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