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A B S T R A C T   

Phosphate may affect the behavior of metal(loid)s in environments, so the interaction of Sb(III) with FeS affected 
by phosphate was investigated in this study. Sb(III) was reacted with synthesized FeS in solution at pH 5.5, 7.0, 
and 9.0 with and without the addition of phosphate. The concentrations of Fe(II), Sb(III), and phosphate in the 
solution were monitored, and the solid phases were examined by XRD, TEM, and XPS. For the interaction of Sb 
(III) with FeS in the absence of phosphate, the formation of Sb2S3 was very important at pH 5.5 and 7.0, whereas 
Sb(III) adsorption was the dominant process at pH 9.0. The interaction of Sb(III) with FeS could be significantly 
affected by phosphate, and this impact was dependent of pH and phosphate concentration. At pH 5.5 and 7.0, the 
effect of phosphate varied markedly with increasing phosphate concentration. Low phosphate loadings (9.5 and 
19 mg/L) had a negligible effect on the mobility of Sb(III), while high phosphate loadings (95 and 475 mg/L) 
notably enhanced the uptake of Sb(III) by FeS. In the case of high phosphate loadings, Fe3(PO4)2‧8H2O was 
formed and resulted in the dissolution of FeS, which was favorable for the formation of Sb2S3 and consequently 
the uptake of Sb(III). In the experiments at pH 9.0, the addition of phosphate only resulted in minor desorption of 
Sb(III) because FeS was very stable and consequently both Fe3(PO4)2‧8H2O and Sb2S3 were unlikely to be formed. 
The results of this work may help to better understand the effect of phosphate on the behavior of Sb in some 
anoxic environments where FeS is present.   

1. Introduction 

Antimony is a toxic and carcinogenic metalloid of global concern 
(Amarasiriwardena and Wu, 2011; Kulp et al., 2014). It has been 
recognized as a pollutant of priority interest by the European Union and 
the United States Environmental Protection Agency (Ungureanu et al., 
2015). The release of Sb into the environment can occur as a result of 
human activities related to mining and some industrial processes such as 
mining/smelting and the manufacture of alloys, semiconductors, fire 
retardants, glass, and polyethylene terephthalate (Filella et al., 2002a; 
He et al., 2012). In environmental systems, Sb can be present in four 
oxidation states (− 3, 0, +3, and +5) but is mostly found in two oxidation 
states (+3 and + 5). It usually occurs as Sb(OH)6

- (Sb(V)) in relatively 
oxic environments or Sb(OH)3 (Sb(III)) in anoxic environments (Filella 
et al., 2002a, 2002b; Wilson et al., 2010). In sulfidic systems, Sb can 
react with sulfide and lead to the formation of thioantimonite complexes 
such as HSb2S4

− or Sb2S4
− (Spycher and Reed, 1989; Polack et al., 2009; 

Hockmann et al., 2020). 
The mobility of metal(loid)s in the environment has been recognized 

to be highly related to minerals. In terrestrial environments, ubiquitous 
Fe(III) hydro(oxides) such as ferrihydrite, goethite, and hematite are 
recognized as the primary host phases for metal(loid)s. In anoxic envi-
ronments, however, reductive transformation of Fe(III) hydro(oxides) 
occurs due to microorganisms or reducing agents and metal(loid)s are 
subsequently released and redistributed (Li et al., 2006; Kocar et al., 
2010; Burton et al., 2011). Meanwhile, sulfate-reducing bacteria in 
anoxic environments can reduce sulfate to sulfide that subsequently 
reacts with ferrous ion (Watson et al., 1995; Jong and Parry, 2003). 
Amorphous FeS is typically the initial iron sulfide phase to be formed 
post to the reduction of Fe(III) hydro(oxides). It is generally considered a 
nanocrystalline form of mackinawite (Wolthers et al., 2003; Burton 
et al., 2011, 2019). The newly formed FeS can serve as a major sink of 
metal(loid)s that are released from the reductive transformation of Fe 
(III) hydro(oxides). For example, As(III) and Sb(III) have been 

* Corresponding author. 
E-mail address: zhangguoping@vip.gyig.ac.cn (G. Zhang).  

Contents lists available at ScienceDirect 

Applied Geochemistry 

journal homepage: www.elsevier.com/locate/apgeochem 

https://doi.org/10.1016/j.apgeochem.2022.105297 
Received 18 January 2022; Received in revised form 2 April 2022; Accepted 5 April 2022   

mailto:zhangguoping@vip.gyig.ac.cn
www.sciencedirect.com/science/journal/08832927
https://www.elsevier.com/locate/apgeochem
https://doi.org/10.1016/j.apgeochem.2022.105297
https://doi.org/10.1016/j.apgeochem.2022.105297
https://doi.org/10.1016/j.apgeochem.2022.105297
http://crossmark.crossref.org/dialog/?doi=10.1016/j.apgeochem.2022.105297&domain=pdf


Applied Geochemistry 140 (2022) 105297

2

recognized to be significantly sequestered by FeS in anoxic environ-
ments (Han et al., 2011, 2018). As a consequence, FeS can significantly 
affect the mobility of metal(loid)s in sediment or groundwater (Wolthers 
et al., 2003, 2005; Han et al., 2011). 

Increased inputs of nutrients into rivers, lakes, and estuaries can 
affect the mobility of metal(loid)s in supergene environments (Park 
et al., 2018; Neidhardt et al., 2021). For example, dissolved As can 
entirely adsorb to aquifer sediments in the absence of PO4

3− , whereas 
strong competition between PO4

3− and dissolved inorganic As in the 
form of AsO3

3− and AsO4
3− can be assumed when PO4

3− is present 
(Biswas et al., 2014; von Bromssen et al., 2008). Competition of PO4

3−

and As for sorption sites was observed by Rathi et al. (2017) in labora-
tory sorption experiments using orange-colored aquifer sediment. As a 
result of the competition between PO4

3− and As, remarkably high PO4
3−

and As concentrations were observed in anoxic groundwater of flood-
plain aquifers in large Asian deltas such as the Bengal Delta or the Red 
River Delta (Neidhardt et al., 2018; Podgorski and Berg, 2020). 

In the interaction with FeS under anoxic conditions, As(III) or Sb(III) 
can react strongly with FeS. Previous studies reported the formation of 
As(III)–S complex or As2S3 (Wolthers et al., 2005; Han et al., 2011, 2018; 
Burton et al., 2014), AsS (Han et al., 2011), Sb(III)–S complex or Sb2S3 
(Han et al., 2018; Li et al., 2021) or SbS3-like precipitates (Kirsch et al., 
2008) on the surface of FeS. The interaction between metal(loid)s and 
FeS particles may become more complicated in the presence of PO4

3− . 
Particularly, co-existence of Fe3(PO4)2‧8H2O and FeS was observed in 
the biotic transformation of schwertmannite coupled with PO4

3− addi-
tion (Schoepfer et al., 2019) and at the sediment-water interface of an 
urban canal (Dodd et al., 2003). Moreover, in the application of phos-
phate to the mitigation of metal(loid) mobility (Munksgaard and Lot-
termoser, 2013; Saavedra-Mella et al., 2019) in some sulfidic mine 
tailings, high concentrations of PO4

3− and Sb can be present in anoxic 
layers where reduction of abundant sulfate and Fe(III) to H2S and Fe(II) 
can also occur. The crystalline precipitate of Fe3(PO4)2‧8H2O is called 
vivanite, which is an authigenic mineral that is commonly found in 
aquatic systems, terrestrial systems as well as wastewater sludges (Rothe 
et al., 2016). As to the effect of PO4

3− on the interaction of As(III) with 
FeS, Niazi and Burton (2016) reported that PO4

3− had a negligible effect 
on the sorption of As(III) on FeS in the pH range of 6–9. Park et al. (2018) 
added oxidized and fresh FeS into metal(loid)-contaminated soil and 
investigated the mobility of As and Sb under oxic and anoxic conditions, 
and concluded that the presence of PO4

3− apparently inhibited the 
sorption of As but did not significantly change Sb sorption. We hy-
pothesized that the interaction of Sb(III) with FeS may be affect by 
PO4

3− via the formation of Fe3(PO4)2‧8H2O. To examine this hypothesis, 
we reacted aqueous Sb(III) with synthesized FeS under anoxic condi-
tions (in the absence and presence of PO4

3− ) and monitored the mobility 
of Sb in this system, so as to better understand the mobility of Sb in 
anoxic environments that received high inputs of PO4

3− . 

2. Materials and methods 

2.1. Materials 

Deionized water (DW) (resistivity: 18.2 MΩ cm) was prepared with a 
Milli-Q system (Millipore, Bedford, MA, USA). Deoxygenated deionized 
water (DDW) was prepared by sparging DW with high-purity N2 
(99.99%). Potassium antimonyl tartrate (PAT) sesquihydrate (>99% 
purity) was purchased from Acros Organics Inc. (New Jersey, USA). 
Ferrous sulfate heptahydrate (FeSO4‧7H2O), sodium sulfide nonahydrate 
(Na2S⋅9H2O), anhydrous dibasic sodium phosphate (Na2HPO4), and 
other chemicals were of analytical grade. All solutions were prepared 
with DDW. Stock solutions of Sb(III) (500 mg/L), S(–II) (6.4 g/L, 0.2 M), 
and Fe(II) (11.2 g/L, 0.2 M) were prepared by dissolving potassium 
antimonyl tartrate sesquihydrate, sodium sulfide nonahydrate, and 
ferrous sulfate heptahydrate in DDW, respectively. 

The use of PAT as a source of Sb(III) has been criticized due to the 

possible complexation of Sb(III) by tartrate (Filella and Williams, 2010; 
Filella and Williams, 2012). However, Li et al. (2019) reported that the 
effect of 0.5 mM tartrate on the adsorption of Sb(III) on granular ferric 
hydroxide was likely minor. Moreover, the high solubility of PAT 
allowed the use of high Sb(III) concentrations (20 mg/L) in our exper-
iments, while the solubility of another frequently used Sb(III) reagent - 
Sb2O3 was reported to be only 12.6 mg (Sb)/L (Gayer and Garrett, 
1952). 

2.2. Synthesis of FeS and experiments 

The synthesis of FeS and the interaction of Sb(III) with FeS in the 
absence and presence of PO4

3− were conducted in an anaerobic chamber 
(Model 855-ACB, PLAS-LABS, CO, USA) at an atmospheric composition 
of 95% Ar/5% H2. The residual oxygen inside the chamber was removed 
by Pd catalysts, resulting in an oxygen concentration below 1 ppm. 

For the synthesis of FeS, a method proposed by Jeong et al. (2008) 
was applied. In brief, 0.2 M FeSO4 solution and 0.2 M Na2S solution (V:V 
= 1:1) were mixed and black FeS precipitates were quickly formed. The 
characteristics of FeS synthesized by the reaction of Fe(II) with S(–II) 
were previously reported by Ma et al. (2020) and Li et al. (2021). The 
XRD pattern of the FeS precipitates is shown in Fig. 1. Overall, the 
synthesized FeS was amorphous and appeared as clusters of very fine 
grains because FeS particles tended to agglomerate rapidly. 

The freshly precipitated FeS was aged for 3 h before it was used for 
the experiments on the interaction of Sb(III) with FeS. Sodium chloride 
was added to obtain 0.1 M (5.85 g/L) NaCl as a background ionic me-
dium. Then, stock solutions of Sb(III) and PO4

3− were added into the FeS 
suspension to obtain preset initial Sb(III) and PO4

3− concentrations. The 
pH of the initial suspension was adjusted by the addition of 0.1 M HCl 
and 0.1 M NaOH. The initial volume of the solution was adjusted to 50 
mL through the addition of DDW. The reaction mixture was sampled at 
the end of experiments. After collection, the solution sample was 
immediately filtered using a cellulose membrane (0.22 μm pore size) for 
determination of the pH and the concentrations of dissolved Sb(III), Fe 
(II), and PO4

3− . The final solid phases of the experiments were separated 
and immediately dried using a vacuum freeze drier. 

Batch experiments on the interaction of Sb(III) with FeS in the 
absence and presence of PO4

3− were carried out. For all experiments, the 
initial concentrations of FeS and Sb(III) were preset to 44 mg/L and 20 
mg/L, respectively. After mixing of FeS particles and Sb(III) solution, 
PO4

3− solution was added. In the experiments in the presence of PO4
3− , 

Fig. 1. The XRD patterns of the synthesized FeS and the solid phases of ex-
periments P-0 and P-95. 
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the initial concentration of PO4
3− was preset at low loadings (9.5 and 19 

mg/L) and high loadings (95 and 475 mg/L). Experiments were con-
ducted in polyethylene vials. The vials were removed from the anaerobic 
chamber and placed on a shaker to mix the suspensions thoroughly. The 
reaction time was 24 h. All experiments were carried out at room tem-
perature (20–25 ◦C) in triplicate. Other details for each experiment were 
later given in the caption of the figures. 

2.3. Analyses and solid characterization 

The pH of the solution was measured with a Denver UB-7 pH-meter. 
The concentration of Fe(II) was measured by a 1,10-phenanthroline 
spectrophotometric method (APHA, 1998). The precision of the mea-
surement of Fe(II) in the solution was better than 3%. Dissolved sulfide 
was measured immediately using the methylene blue method (Green-
berg et al., 1992) (detection limit: 0.2 mg/L). The concentration of 
PO4

3− was determined by an ammonium molybdate spectrometric 
method (Liu et al., 2021), and the concentration of Sb(III) was deter-
mined by hydride generation-atomic fluorescence spectrometry 
(HG-AFS) (AFS-2202E, Haiguang Instruments Corp., Beijing, China) 
following a method from Fu et al. (2016). The limit of detection for Sb 
(III) based on 11 replicate analyses was 0.05 μg/L, and the relative 
standard deviation was 0.6%. 

The mineralogy of the synthesized FeS and the solid phases after 
interaction was characterized by X-ray diffractometer (Empyrean, 
PANanalytical Co., The Netherlands) using a Cu tube and a scanning 
range from 4◦ to 60◦ with a step size of 0.03◦ and 8 s/step measuring 
time. The solid phases after the interaction were also examined by a field 
emission transmission electron microscope equipped with an energy 
dispersive spectrometer (TEM-EDS, Tecnai G2 F20 S-TWIN, FEI Inc., 
USA) and X-ray photoelectron spectroscopy (XPS, ESCALAB 250Xi, 
Thermo Fisher Scientific, Inc, USA). 

3. Results and discussion 

3.1. The FeS + Sb(III) system 

For the experiments at pH 5.5, 7.0, and 9.0, the concentrations of Sb 
(III)aq after the interaction of Sb(III) with FeS were 6.9, 9.6, and 13.8 
mg/L, respectively (Fig. 2, experiment P-0). The lower Sb(III)aq con-
centration at lower pH indicated that the uptake of Sb(III) increased 
with decreasing pH. Meanwhile, the concentration of Fe(II)aq increased 
notably with decreasing pH (Fig. 2b, experiments P-0), indicating that 
the dissolution of FeS greatly increased with decreasing pH. Consis-
tently, the higher dissolution of FeS at lower pH has also been previously 
reported (Wolthers et al., 2005; Han et al., 2018; Li et al., 2021). In 
detail, the corresponding concentrations of solid FeS after interaction at 
pH 5.5, 7.0, and 9.0 were 15.3, 40.8, and 43.9 mg/L, respectively. 
Overall, the pH 5.5 experiments showed the highest uptake of Sb(III) 
while it had the least solid FeS, implying that an important mechanism 
have notably increased the uptake of Sb(III) at low pH. 

For the experiments at pH 5.5 and 7.0, the TEM-EDS analysis of the 
solid phases showed strong signals of Sb and S (Fig. 3), so precipitation 
of Sb2S3 was suggested to be important for the uptake of Sb(III) by FeS 
under acidic and neutral conditions. This notion was in agreement with 
that of previous studies (Han et al., 2018; Li et al., 2021). It should be 
noted that electrostatic adsorption and Sb(III)–S surface complexes 
could also contribute to the uptake of Sb(III). In previous studies, the 
formation of SbS3-like solid (Kirsch et al., 2008) and surface complex 
Sb–S (Han et al., 2018) has been proposed. For the pH 9.0 experiments, 
Sb2S3 was not been found in the solid phases. A typical result of the 
TEM-EDS examination of all the pH 9.0 samples is shown in Fig. S1. It 
was proposed that Sb(III) was primarily sequestered by FeS through 
adsorption. The adsorption of Sb(III) at pH 9.0 could be related to the 
species of Sb(OH)3 and Sb(OH)4

-. Han et al. (2020) reported that As 
could be bound to FeS on the Fe(II) and S(–II) sites. Moreover, in a study 

on the adsorption of As(III) on FeS particles, Gallegos et al. (2007) 
suggested that more As(III) was bound on the Fe(II) sites with increasing 
pH whereas more As(III) was bound on the S(–II) sites with decreasing 
pH. Because Sb usually shows a similar chemical behavior to As (Filella 
et al., 2002a), it is proposed that Sb(III) was primarily bound on the S 
(–II) sites at pH 5.5 and 7.0 and bound on the Fe(II) sites at pH 9.0. 

3.2. The FeS + Sb(III) + PO4
3− system 

The concentrations of Sb(III)aq and Fe(II)aq in the FeS + Sb(III) +
PO4

3− experiments are also shown in Fig. 2 for comparison with the FeS 

Fig. 2. Aqueous Sb(III), Fe(II), and PO4
3− concentrations of the experiments (P- 

0, P-9.5, P-19, P-95, and P-475 represent the experiments in the presence of 0, 
9.5, 19, 95, and 475 mg/L phosphate, respectively). 
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+ Sb(III) experiments. P-9.5 and P-19 represent the experiments with 
low PO4

3− loadings (9.5 and 19 mg/L), while P-95 and P-475 represent 
the experiments with high PO4

3− loadings (95 and 475 mg/L). 
For the FeS + Sb(III) + PO4

3− experiments at pH 5.5 and 7.0, the 
effect of high PO4

3− loadings differed significantly from that of low 
PO4

3− loadings. The concentration of Sb(III)aq did not vary when the 
concentration of PO4

3− increased from 0 to 19 mg/L, but decreased 
significantly when the concentration of PO4

3− increased to 95 and 475 
mg/L (Fig. 2a). This indicated that, at pH 5.5 and 7.0, low PO4

3−

loadings had a negligible effect on the uptake of Sb(III) but high PO4
3−

loadings notably enhanced the uptake of Sb(III). Moreover, in the TEM- 
EDS examination of the solid phases, Fe3(PO4)2‧8H2O and Sb2S3 pre-
cipitates were found in experiments P-95 (Fig. 4) and P-475 (Fig. S2), 
whereas only Sb2S3 precipitates were found in experiments P-9.5 and P- 
19. Overall, for the experiments with high PO4

3− loadings, the occur-
rence of Fe3(PO4)2‧8H2O in the solid phases and the notable decrease in 
the concentration of Sb(III)aq (Fig. 2a) probably indicated that high 
PO4

3− loading resulted in the formation of Fe3(PO4)2‧8H2O and conse-
quently enhanced the immobilization of Sb(III). The precipitates of 
Fe3(PO4)2‧8H2O and Sb2S3 were not discernible in the XRD analysis 
(Fig. 1), implying that they were amorphous or poorly crystalline. 
Consistent with the formation of Fe3(PO4)2‧8H2O, the concentration of 
Fe(II)aq in the pH 5.5 experiments notably decreased when the PO4

3−

loading increased to 95 and 475 mg/L (Fig. 2b). However, the concen-
tration of Fe(II)aq in the pH 7.0 experiments gradually increased when 
PO4

3− loading increased from 0 to 475 mg/L. This result can not be well 
explained. The precipitation of Sb2S3 and Fe3(PO4)2‧8H2O is specifically 
discussed in section 3.4. 

For the FeS + Sb(III) + PO4
3− experiments at pH 9.0, Sb2S3 or 

Fe3(PO4)2‧8H2O was not found in TEM-EDS examination of the solid 
phases (Fig. S1). The concentrations of Sb(III)aq in experiments P-0, P- 
9.5, P-19, P-95, and P-475 were 13.8, 14.9, 15.0, 16.1, and 16.0 mg/L, 
respectively (Fig. 2a). The increase in PO4

3− concentration from 0 to 95 
mg/L resulted in gradual release of Sb(III) into solution. Meanwhile, the 
concentrations of Fe(II)aq in these experiments were below 0.1 mg/L 
(Fig. 2b) and the decrease in the concentrations of PO4

3− in the exper-
iments P-9.5, P-19, and P-95 at pH 9.0 was only 0.17–0.56 mg/L 
(Fig. 2c), indicating that FeS was stable and PO4

3− adsorption was 

minor. The effect of PO4
3− on the adsorption of As by FeS was reported 

to be negligible because As(III) was mostly present as As(III)–S(–II)–like 
species and this binding mechanism was specific to As(III) (Niazi and 
Burton, 2016; Han et al., 2020). Similar to As(III), the majority of Sb(III) 
bound to FeS is suggested to be stable when affected by PO4

3− . There-
fore, the small amount of Sb(III) released from solid FeS was likely 
related to the change of ionic strength. 

3.3. XPS spectra of the solid phases after interaction 

The XPS Sb-3d spectra of the solid phase samples of the FeS + Sb(III) 
and FeS + Sb(III) + PO4

3− experiments (P-0 and P-95) are shown in 
Fig. 5. The signal of Sb(III)–O is considered an indication of Sb(III) 
species of Sb(OH)3, Sb(OH)4

-, or Sb(OH)2
+ that were electrostatically 

adsorbed on the surface of FeS or bound to FeS on the sites of Fe(II) or S 
(–II), whereas the signal of Sb(III)–S is considered an indication of pre-
cipitates of Sb2S3 or Sb(III) species binding on the S(–II) sites of FeS. 

The occurrence of Sb(III) as Sb(III)–S or Sb(III)–O was found to be 
closely related to pH. The chemical bond of Sb(III)–S was observed in the 
solid phases of experiments P-0 and P-95 at pH 5.5 and 7.0 (Fig. 5a and 
b, d, and e), indicating that the formation of Sb2S3 or the binding of Sb 
(III) on the S(–II) sites of FeS was important under acidic or neutral 
conditions. Moreover, the Sb(III)–S signal of the pH 5.5 sample was 
stronger than that of the pH 7.0 sample for experiments P-0 (Fig. 5a and 
b) and P-95 (Fig. 5d and e), indicating that the binding of Sb(III) to S(–II) 
was more important at lower pH. This result is consistent with the 
abovementioned notion that Sb2S3 formation can be enhanced at lower 
pH. Additionally, it has been previously reported that Sb(III) was much 
more importantly bound to FeS on the sites of S(–II) at lower pH (Han 
et al., 2018; Li et al., 2021). This trend of Sb(III) binding to FeS with 
respect to pH agrees well with that of As(III). Previous studies reported 
that more As could be bound to FeS on S(–II) sites with decreasing pH 
(Gallegos et al., 2007), and the formation of As2S3 can be enhanced at 
lower pH (Wilkin and Ford, 2002; Rodriguez-Freire et al., 2014). 

For the pH 9.0 samples of experiments P-0 and P-95, the Sb(III)–O 
signal was observed (Fig. 5, c and f), whereas the Sb(III)–S signal was 
absent. This is in good agreement with the above result that adsorption 
was the dominant process responsible for the uptake of Sb(III) by FeS at 

Fig. 3. Precipitates of Sb2S3 in the solid phases of experiments P-0 (a and b: TEM image and EDS spectrum of pH 5.5 sample; c and d: TEM image and EDS spectrum 
of pH 7.0 sample) (The signal of Cu, C, and O originated from the support grids for sample). 
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pH 9.0. The lack of a Sb(III)-S signal supported the notion that precip-
itation of Sb2S3 was not possible at pH 9.0 regardless of whether PO4

3−

was present. 
The binding of Sb(III) to S(–II) in the solid phases could be signifi-

cantly affected by high PO4
3− loading. The Sb(III)–S peak of the solid 

phases of experiment P-95 was stronger than that of experiment P- 
0 regarding the experiments at pH 5.5 (Fig. 5, a and d) or 7.0 (Fig. 5, b 
and e), indicating that the presence of high PO4

3− loading (95 mg/L) 
enhanced the binding of Sb(III) to S(–II). This is consistent with the 
above result that high PO4

3− loadings enhanced the formation of Sb2S3 
at pH 5.5 and 7.0. Particularly, for the experiments P-95 at pH 5.5, the 
signal of the Sb(III)–S bond was strong, whereas the signal of Sb(III)–O 
was absent (Fig. 5d). This implies that, in the presence of high PO4

3−

loadings, most Sb(III) was likely present as Sb2S3 precipitates whereas 
Sb(III) adsorption on FeS was not significant. 

For the pH 9.0 samples, the binding of Sb(III)–O can also be affected 
by PO4

3− . The smaller Sb(III)–O peak of the solid phases of experiment 
P-95 (Fig. 5f) than that of experiment P-0 (Fig. 5c) possibly reflected the 
desorption of Sb(III) resulting from the presence of PO4

3− . As described 
above, the release of Sb(III) into solution gradually increased when the 
concentration of PO4

3− increased to 95 mg/L. 

3.4. Precipitation of Sb2S3 and Fe3(PO4)2‧8H2O 

For the interaction of Sb(III) with FeS at pH 5.5 and 7.0, the pre-
cipitation of Sb2S3 can be attributed to the competition between Sb(III) 
and Fe(II) for binding to sulfide (Han et al., 2018; Li et al., 2021). The 
dissolution or precipitation of a compound is dependent of its solubility 
product (Ksp). The solubility product of Sb2S3 (Log Ksp = − 92.8, Mane 
and Lokhande, 2003) is much lower than that of FeS (Log Ksp = − 27.39, 

Fig. 4. Precipitates of Fe3(PO4)2‧8H2O and Sb2S3 in the solid phases of experiments P-95 (a, b, and c: TEM image and EDS spectra of pH 5.5 sample; d, e, and f: TEM 
image and EDS spectra of pH 7.0 sample) (The signal of Cu, C, and O originated from the support grids for sample). 
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Jong and Parry, 2003). The difference in solubility product indicates 
that Sb(III) can possibly outcompete Fe(II) in binding to S(–II)aq. The 
competition of Sb(III) and Fe(II) for S(–II)aq can be described by the 
following equilibrium reaction between FeS and amorphous Sb2S3.  

3 FeS(s) + 2 Sb(OH)3 + 6 H+ ⇌ Sb2S3(s) + 3 Fe2+ + 6 H2O ………      (1) 

This reaction is dependent of pH. When pH decreases, FeS becomes 
more soluble (Wolthers et al., 2005; Han et al., 2018) and releases more 
S(–II) that subsequently react with Sb(III). Moreover, the stability of 
Sb2S3 can increase significantly with decreasing pH (Krupp, 1988; 
Spycher and Reed, 1989; Olsen et al., 2018). Similar to Sb2S3, the sta-
bility of As2S3 has also been reported to increase under acidic conditions 
(Wilkin and Ford, 2002; Rodriguez-Freire et al., 2014). Therefore, the 
precipitation of Sb2S3 in the interaction of Sb(III) with FeS can be 
enhanced at lower pH. When pH increases, FeS becomes more stable and 
is more difficult to dissolve. In the pH 9.0 experiments, the concentra-
tions of Fe(II) were close to zero, indicating that FeS did not dissolve. In 
these experiments, FeS was initially synthesized by addition of Fe(II) 
and S(–II) at a molar ratio of 1:1. Although the molar ratio of Fe:S in this 
material could vary, Rickard et al. (2006) reported a stoichiometric 
composition of Fe1.00±0.01S in which this ratio was very close to 1:1. 
Therefore, very minor S(–II) could be expected to be available for the 
formation of Sb2S3. 

The stability fields of FeS and Sb2S3 according to reaction (1) are 
shown in Fig. 6. It can be seen that the conditions of the pH 5.5 and pH 
7.0 experiments were favorable for the formation of Sb2S3. The 

conditions of the pH 9.0 experiments were not shown because the 
concentrations of Fe(II) were close to zero. Anyway, the stability field of 
Sb2S3 at pH 9.0 was shown to be much smaller than that at pH 5.5 and 
pH 7.0. Consistent with the discussion above, precipitates of Sb2S3 were 
observed in the pH 5.5 and pH 7.0 experiments, but not observed in the 
pH 9.0 experiments. 

When excess sulfide is available, Sb2S3 becomes less stable because it 
can complex with sulfide to form thioantimonite species (e.g., Sb2S4

2−

and HSb2S4
− ) under alkaline conditions (Polack et al., 2009; Planer--

Friedrich and Scheinost, 2011). In the pH 9 experiments, FeS was very 
stable and S(–II)aq was basically not available (as mentioned above) for 
the formation of thioantimonite species, so Sb(III) should be mainly 
present as Sb(OH)3. This is consistent with the result of Olsen et al. 
(2018). They reported that, in a solution containing 3.2 mg/L S(–II)aq, 
Sb(OH)3 was the predominant species from pH 7.5 to 11.8 whereas 
HSb2S4

− was predominant from pH 6.4 to 7.5. In the pH 5.5 and pH 7.0 
experiments, partial dissolution of FeS occurred (Fig. 2b) and the con-
centration of the released S(–II)aq was calculated to be 10.4 and 1.2 
mg/L, respectively. A comparison between these data and result of Olsen 
et al. (2018) indicates that, in the pH 7.0 experiments, the presence of 
HSb2S4

− could be of significance. However, it seems difficult to identify 
the presence of thioanimonite species in the pH 5.5 experiments, 
because the stability of thioantimonite species is much lower at lower 
pH (Krupp, 1988; Olsen et al., 2018). 

In aqueous environments, PO4
3− has a potential to react with Fe(II) 

and form a precipitate of Fe3(PO4)2‧8H2O (Nriagu, 1972). The formation 

Fig. 5. XPS spectra of Sb 3d peaks for the solid phases (a, b, and c: experiments P-0 at pH 5.5, 7.0, and 9.0; d, e, and f: experiments P-95 at pH 5.5, 7.0, and 9.0).  
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of Fe3(PO4)2‧8H2O has been observed in lake sediments (Fagel et al., 
2005; O’Connell et al., 2015; Rothe et al., 2016) and wastewaters 
(Wilfert et al., 2015; Li et al., 2018). In a sulfidic system, however, it is 
difficult for Fe3(PO4)2‧8H2O to be formed because PO4

3− has a lower 
binding strength to Fe(II) than S(–II) (Nriagu, 1972). This can be re-
flected by the solubility products of FeS (Log Ksp = − 27.39) and 
Fe3(PO4)2‧8H2O (Log Ksp = − 36, Nriagu, 1972). It has been suggested 
that high activities of Fe(II) and PO4

3− , as well as low S(–II) activity, are 
required for the formation of vivianite in lake sediments (Fagel et al., 
2005; O’Connell et al., 2015). Therefore, in the FeS + Sb(III) + PO4

3−

system, the formation of Fe3(PO4)2‧8H2O is considered possible only 
when high activities of Fe(II) and PO4

3− are present. The reaction is 
described below.  

3 FeS +2 H2PO4
− + 2 H+ + H2O ⇋ Fe3(PO4)2‧8H2O (s) + 3 H2S ……  (2) 

Under alkaline conditions, FeS is stable and Fe(II) released into the 
aqueous phase is very minor, so the formation of Fe3(PO4)2‧8H2O is very 
difficult. Under acidic and neutral conditions, FeS can dissolve to some 
extent and release some Fe(II) into aqueous phase, making the formation 
of Fe3(PO4)2‧8H2O possible when PO4

3− loading is high enough. This 
explains why precipitates of Fe3(PO4)2‧8H2O were only observed in the 
experiments at pH 5.5 and 7.0 with high PO4

3− loadings (95 and 475 
mg/L). Consistently, Schoepfer et al. (2019) reported that a higher PO4

3- 

loading led to the formation of more vivianite at expense of FeS. The 
formation of Fe3(PO4)2‧8H2O resulted in the release of more S(–II) and 
accordingly enhanced the formation of Sb2S3. Basically, the adsorption 
of Sb(III) on Fe3(PO4)2‧8H2O has been very scarcely investigated. 
Johnson et al. (2021) reported the presence of a small amount of Sb(III) 
on vivianite in the interaction of Sb(V) with vivianite. As shown in Fig. 4 
and Fig. S2, very little Sb(III) was detected to be bound to Fe3(PO4)2‧ 
8H2O when compared to that bound to FeS. Therefore, it is assumed that 
the contribution of readsorption of Sb(III) on Fe3(PO4)2‧8H2O to the 
removal of Sb(III)aq was minor. 

In the experiments with high PO4
3− loadings, the decrease in PO4

3−

concentration at pH 5.5 was found to be similar to that at pH 7.0 

(Fig. 2c). Consistently, in the TEM examination of the solid phases of the 
experiments with high PO4

3− loadings, Fe3(PO4)2‧8H2O was observed in 
the pH 5.5 sample at a similar frequency as in the pH 7.0 sample, 
although the dissolution of FeS at pH 5.5 was stronger than that at pH 
7.0. This means that the presence of a high PO4

3− loading at pH 5.5 and 
7.0 resulted in a similar yield of Fe3(PO4)2‧8H2O. This result is suggested 
to be related to the pH-dependent stability of Fe3(PO4)2‧8H2O. With 
changes in pH, phosphate species transform at different pKa values and 
the stability of Fe3(PO4)2‧8H2O can be influenced (Palansooriya et al., 
2021). Li et al. (2018) reported that, although Fe3(PO4)2‧8H2O was 
stable in the solid phase at pH 6, it was largely dissolved when the pH 
was lowered to 5 and was mostly soluble when the pH was further 
decreased to 3. Overall, the stability of Fe3(PO4)2‧8H2O decreased with 
decreasing pH, but the concurrent stronger dissolution of FeS at lower 
pH could compensate for the formation of Fe3(PO4)2‧8H2O. 

The mitigation of Sb(III) mobility in FeS-containing system by the 
high PO4

3− loading is possibly of minor importance for most environ-
mental systems because of the very high Sb(III) and PO4

3− concentra-
tions in the present study. In some sulfidic mine tailings sites, however, 
PO4

3− has been increasingly utilized to stabilize metal(loid)s (Munks-
gaard and Lottermoser, 2013; Saavedra-Mella et al., 2019). In anoxic 
layers of these mine tailings, high dosages of PO4

3− may encounter the 
presence of FeS and high concentrations of soluble metal(loid)s. For 
example, Ashley et al. (2003) reported Sb concentration of 55 mg L-1 in 
tailings dam seepage water in an Sb (stibnite) deposit at Hillgrove, 
Australia. In these settings, the effect of high loadings PO4

3− on the 
mobility of Sb(III) can be of major importance. 

4. Conclusions 

In the interaction of Sb(III) with FeS, the uptake of Sb(III) could be 
significantly affected by PO4

3− . This impact was closely related to pH 
and PO4

3− concentration. Under slightly acidic (pH 5.5) or neutral 
conditions (pH 7.0), high PO4

3− loadings (95 and 475 mg/L) enhanced 
the uptake of Sb(III) due to the formation of Fe3(PO4)2‧8H2O, which 
enhanced the dissolution of FeS and consequently the precipitation of 
Sb2S3. However, low PO4

3− loadings (9.5 and 19 mg/L) did not affect the 
mobility of Sb(III) because Fe3(PO4)2‧8H2O was not likely to be formed. 
Under alkaline conditions (pH 9.0), the addition of PO4

3− only resulted 
in a minor release of Sb(III) into aqueous phase, because the interaction 
of Sb(III) with FeS was suggested to be dominated by the adsorption that 
could not be readily affected by PO4

3− . 
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