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Aluminum-salt inactivating agents are extensively applied to the restoration of lakes polluted by internal
phosphorus (hereinafter referred to as “P”). However, there is a lack of micromechanism information
regarding the sediment P cycle and its interactions with aluminum salts, which has restricted the en-
gineering applications of aluminum salts. In this study, a sediment core incubation system was used to
simulate the influence of aerobic and anaerobic conditions on the effectiveness and stability of
aluminum-modified clay (AMC). This study also investigated the millimeter-scale dynamics of P across
the sediment-water interface (SWI) using the HR-Peeper and DGT techniques. According to the results,
sediment P release mainly occurred under anaerobic conditions. When the incubation system was in an
anaerobic state, AMC effectively reduced the internal-P loading. In pore water, there was a positive
correlation between soluble Fe and SRP, suggesting that the reductive dissolution of Fe-P constituted the
main mechanism of sediment P release. After with dosing AMC, the concentrations of SRP and labile P in
the capping layer both dropped abruptly to low levels and the content of Al-P in surface sediments rose,
suggesting that AMC had strongly adsorbed phosphates, formed inert Al-P and blocked the phosphate
exchange between pore water and overlying water. This study elaborated on the micromechanism of the
control of sediment internal P input by AMC and revealed that Al-P precipitation constituted the main
mechanism of the inhibition of sediment P release by aluminum-salt inactivating agents. The research
findings have a great significance for guiding field applications of aluminum-salt inactivating agents.
© 2018 Elsevier Ltd. All rights reserved.
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1. Introduction

Eutrophication is a severe challenge worldwide, especially in
developing countries. P is generally recognized as a main limiting
factor of primary productivity and eutrophication of lakes
(Carpenter, 2005). The sources of P in lake water can be classified
into two types, namely external P (such as industrial wastewater
discharge, domestic sewage discharge and agricultural non-point
source pollution) and internal P (P released from sediments).
With the continuous strengthening of water environment protec-
tion, the input of external P has obviously declined; however, there
is already an enormous accumulation of internal P and its contri-
bution to P in lake water is constantly on the rise (Qin et al., 2006;
Conley et al., 2009; Nausch et al,, 2009; Ding et al., 2018a). For
instance, in some lakes, it accounts for as high as 80% of the total P
(TP) input (Penn et al., 2000; Sendergaard et al., 2003; Huang et al.,
2016). Thus, controlling the release of sediment P into overlying
water and reducing the contribution of internal P to P in water are
highly important for the prevention and control of lake eutrophi-
cation (Chen et al., 2018).

The in-situ inactivation technique is a method that is widely
used to control the internal P pollution of sediments according to
the following principle: by dosing inactivating agents into water, an
“inactivation layer” is formed on the sediment surface and the
labile P in sediments combines with the inactivating agents (or is
absorbed by inactivating agents), thus effectively reducing the
release of labile P into overlying water (Rydin and Welch, 1998;
Egemose et al., 2009; Malecki-Brown et al., 2009). At present,
common inactivating agents include aluminum salts (Reitzel et al.,
2005; Huser and Pilgrim, 2014), iron salts (Immers et al., 2014),
calcium-rich minerals (Yin and Zhu, 2016; Li et al., 2017; Ding et al.,
2018b), zirconium-modified bentonite (Su et al., 2013; Lin et al,,
2018), zirconium-modified zeolite (Lin et al., 2019), La-modified
bentonite clay (Douglas et al., 1999; Wang et al., 2017; Ding et al.,
2018c), and natural soils (Dai and Pan, 2014). Although natural
minerals or soils have some effects of inactivating sediment P, their
adsorption capacity is much lower than aluminum salts, iron salts
and other modified materials. Aluminum salts could hydrolyze in
water and generate colloidal, amorphous and highly cohesive
Al(OH); floccule under the condition of pH 6 to 8, which strongly
adsorbs PO3~ or forms AIPO4 or hydroxyl phosphate [AI(OH)y(-
PO4),] precipitation and thus efficiently inhibits sediment P release
(Haggard et al., 2005; Lin et al., 2017). As comparing with iron salts,
the obvious advantages of aluminum salts is that their inactivation
effect is not influenced by redox conditions and that Al-P does not
dissolve to release P under anaerobic or even oxygen-free condi-
tions (Cooke et al., 1993). On the contrary, using aluminum sulfate
also increases the diffusion rate and diffusion depth of oxygen in
sediments (Vopel et al., 2008). However, directly dosing aluminum
salts into water may result in chemical pollution, such as excessive
Al In this case, a suitable amount of aluminum salts can be adopted
to modify natural minerals, create aluminum-modified inactivating
agents and reduce the use rate and environmental risks of
aluminum salts. Based on the above considerations, our team has
developed an aluminum-modified clay (hereinafter referred to as
“AMC”) that consists of 30% clay, 15% aluminum sulfate and 55%
stone powder. The main components of clay are sodium bentonite
and calcium bentonite. The stone powder is carbonate rock pro-
duced in Guizhou, and has been grinded to <1 mm. It serves the
role of binder in fixing aluminum sulfate and clay together and
reduces the loss of inactivating agents at adsorptive sites during the
process of water settlement. The production process of the AMC is:
firstly, a small amount of water is added to the mixture of clay,
aluminum sulfate and stone powder to wet the particles; secondly,
the wetting particles are sieved in a small disc and then dried in a

high temperature furnace; finally, the dried powder is rotated and
screened in the long cylinder.

Understanding the mechanism of inactivation is the premise of
rationally utilizing inactivating agents for pollution control. In
terms of methodology, some studies adopt centimeter-level sam-
pling methods to explore the relationship between inactivating
agents and sediment P composition in samples. However, in engi-
neering applications, the inactivation layer is usually only several
millimeters in thickness and it involves competitive adsorption,
redox, gradient variations in ion concentrations and other critical
processes and information. In this case, it is difficult for these
traditional centimeter-level sampling methods, usually with a low
spatial resolution, to identify such important micro-scale infor-
mation. In contrast, emerging in-situ passive sampling techniques,
including high-resolution dialysis peeper (HR-Peeper), diffusive
equilibrium in thin films (DET) and diffusive gradients in thin films
(DGT), can quickly identify labile P, labile Fe and sulfides in sedi-
ments (Davlson and Zhang, 1994; Xu et al., 2012, 2013). These high-
resolution analytical techniques help to reveal the P cycle at the
SWI and the mechanism of its interactions with inactivating agents,
especially micro-scale processes related to Fe and S cycles (Ding
et al, 2012, 2015). Moreover, in engineering applications, the
inactivation layer in sediment might be influenced greatly due to
the hydraulic or biological turbulence and the settling of particu-
lates in overlying water. These processes also occur in a millimeter
or smaller scale at the SWI, further strengthening the necessity
using high-resolution sampling techniques in this case.

In this study, parallel sediment core samples collected from the
Hongfeng Reservoir, a deep eutrophic reservoir in Southwest China,
are used to simulate the internal P input control effect of AMC
under aerobic and anaerobic conditions. DGT and HR-peeper
techniques are combined with the traditional chemical sequential
extraction scheme to determine the chemical compositions, profile
distribution and temporal variations in P, Fe and S in sediments and
pore water. This study aims to 1) quantify the influence of AMC on
internal P input flux and assess the capacity of AMC for immobi-
lizing sediment P; and 2) investigate the influence of AMC treat-
ment on sediment P distribution and elaborate on the possible
mechanism of its control over sediment P release.

2. Materials and methods
2.1. Site description

The Hongfeng Reservoir (26°30'N and 106°23’E) is a deep
reservoir built in 1960 in Southwest China. It has a basin area of
1596 km?, a water surface area of 57.2km? a maximum water
depth of 45 m, a mean water depth of 10.5 m and a total capacity of
601 million m>. The Hongfeng is one of the major drinking water
sources for 4.8 million people in Guiyang. In past decades, the basin
of the Hongfeng has experienced rapid urbanization and industri-
alization; as a result, the reservoir has become a P-limited and
moderately eutrophic reservoir, whose total N/TP ratio has excee-
ded 40:1. Hongfeng is a seasonal stratified reservoir and its bottom
water is anoxic (DO<1mgL™!) during the stratification period
(from late spring to early autumn). For the rest of the year, the
bottom water is aerobic with a mean DO concentration of 6 mg L™,
In the surface layer (0—5 cm) of the Hongfeng, sediments have a TP
content of 766—4306 mgkg~' and a mean level of 1815 mgkg™!
(n =107, dry weight). To be specific, labile P composition content
accounts for greater than 50% of the TP (Wang et al., 2015). Due to
the sediment P release caused by seasonal anoxia, internal P input
has become a major source of P in water (Wang et al., 2016). The
water pH of Hongfeng is weakly alkaline, similar to most of the
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water bodies in Southwest China.
2.2. Sediment incubation and sample collection

In this study, a gravity sampler (11 cm inner diameter) was used
to collect four parallel sediment cores in the reservoir. The core
samples were immediately sealed in vessels capped with rubber
plugs, wrapped with tin foil paper for protection against light and
transported to the laboratory within 4 h. At the same time, lake
water samples were collected at an interval of 2 m, transported to
the laboratory for low-temperature storage (4°C) and used for
chemical analysis or the simulation experiment. To create rational
experimental conditions, a multi-parameter water quality mon-
itor(YSI6600V2, YSI Inc., USA) was used on site to monitor the water
temperature, dissolved oxygen (DO) and pH of water columns at an
interval of 1 m.

The simulation experiment was performed in four groups,
namely “anaerobic conditions, dosed with AMC”, “anaerobic con-
ditions, not dosed with AMC”, “aerobic conditions, dosed with
AMC” and “aerobic conditions, not dosed with AMC”. In this
experiment, the dosage of AMC was 180 g m~2 (Fig. S1). The tem-
perature of the incubation system was set at 20 + 1 °C, which rep-
resents the perennial mean temperature of the bottom water in the
Hongfeng during the summer. Through injecting continuous and
sufficient pure Ny or air, overlying water was controlled at anae-
robic(DO<1mgL~!) and aerobic state(DO>6mgL™!), respec-
tively. The simulation experiment lasted for a period of 15 d. During
the entire incubation process, the sediment cores were kept in
darkness.

In the experiment, overlying water samples were collected on
the first day at intervals of Oh, 2h, 4h, 8h and 12 h; from the
second day on, they were collected once daily. Because of the high
sampling frequency and large cumulative sampling quantity, the
same volume of bottom water was replenished after each sampling.
In subsequent calculations, these volumes were calibrated. Zr-oxide
DGT, ZrO-Chelex DGT and ZrO-Agl DGT were used to determine
labile-P, labile-Fe and labile-S at the SWI. HR-Peeper was used to
determine soluble P and soluble Fe. Both DGT and HR-Peeper
probes were purchased from Easy sensor Ltd. (www.easysensor.
net). DGT and HR-Peeper probes were respectively inserted at the
SWI of cores and each probe had a segment of no less than 3 cm
exposed above the SWI, so as to obtain a complete P concentration
gradient at the interface. 48 h after insertion, HR-peeper probes
were retrieved and immediately covered with plastic film on the
surface to prevent the oxidation of pore water samples. Next,
deionized water and wet filter paper were used to clean probe
surface and then a syringe was used immediately to transfer the
pore water in the chamber into a 0.5 mL centrifugal tube for stor-
age. DGT probes were retrieved 24 h after insertion and cleaned
with deionized water. The DGT gel used for 2D analysis was put into
a plastic bag for low-temperature storage. For the DGT gel used for
1D analysis, a cutter made of laminated ceramic tips (EasySensor
Ltd., Nanjing, China) was used to split binding gel by the interval of
4 mm and the split samples were stored at a low temperature for
chemical analysis.

2.3. Chemical analysis of DGT/HR-peeper samples

The molybdenum-blue method was used to determine the
concentrations of soluble reactive phosphorus (SRP) and TP in
overlying water samples (Murphy and Riley, 1962). The 2D labile-P
and labile-S concentrations of DGT samples were acquired using
the Computer Imaging Densitometry (CID) technique; detailed
analysis is described previous reports (Xu et al., 2012, 2013; Ding
et al,, 2013, 2015). The DGT samples obtained through cutting

were dissolved with 1.0 M NaOH and 1.0 M HNOs for elution in
succession. The eluents and the pore water samples collected by
HR-peeper were determined by the molybdenum blue method and
the phenanthroline colorimetric method to obtain their SRP con-
centrations and Fe concentrations, respectively (Murphy and Riley,
1962; Tamura et al., 1974).

2.4. Determination of sediment properties

After the experiment, the sediments of the 5cm surface layer
were split at an interval of 1 cm. After freeze-drying, the samples
were grinded to 100-mesh size for chemical analysis. The TP of the
sediments was determined by the HCIO4-H,SO4 digestion method
(Frankowski et al., 2002). Sediment P was classified into five forms
according to the sequential extraction scheme, including NH4C1-P
(loosely sorbed-P), BD-P (mainly consist of iron-bound P (Fe-P)),
NaOH-rP (mainly consists of aluminium-bound P (Al-P)), NaOH-nrP
(mainly of organic P), HC1-P (mainly of apatite or calcium-bound P
(Ca-P)) and Residual-P (mainly of refractory organic-P and inert
inorganic-P)(Hupfer et al., 1995; Rydin, 2000). The P concentrations
of all extracts were determined by the molybdenum-blue method
(Murphy and Riley, 1962).

The geochemical fractions of iron (Fe) in sediments were
sequentially extracted based on a five-step method proposed by
Tessier et al. (1979). Base on this fractional method, the sediment Fe
was divided into five fractions, including exchangeable Fe,
carbonate-bound Fe, Fe-Mn hydroxide-bound Fe, organic-bound Fe
and residual Fe. Details of extraction processes can be found in
several references (Campanella et al., 1995; Xiao et al., 2015).

The Fe, Al, and Ca in sediments were digested with an acid
mixture and tested by inductively coupled plasma/optical emission
spectrometry (ICP-OES; Vista MPX, Varian, USA). Total organic
carbon (TOC) and total sulfur(TS) were determined using an
elemental analyzer (VarioMACRO Cube, Elementar, Germany).
Before TOC analysis, 1 M HCl was used to remove inorganic carbon
from sediment samples.

2.5. Calculation of the diffusion flux of P at the SWI

To quantitatively assess the capacity of AMC to immobilize
sediment P, the internal P input flux of incubated cores was
calculated by two methods, that is, the method based on the vari-
ations in the P concentration of overlying water over time and the
method based on the P concentration gradient at the SWI and Fick's
first law.

Firstly, the sediment P release rate (mg m~2 d~1) is calculated
through linear variation of P concentrations in the overlying water
along with time and the surface area of the incubation system
(Fisher and Reddy, 2001; Gao et al.,, 2015), as follows:

F=[V(G—C)+> Vi1(G1—Ca)l/ (1)
=1

where F is the sediment P release rate (mg m~2 d~!); V is the vol-
ume of the overlying water in the sediment column (L);Vj.;is the
volume of the water sample (L) taken at j-1 time; Cop, C, and Cj_;jare
the P concentrations (mg L) of the water samples taken at the 1st,
nst, (j-1)*t time; C, denotes the P concentration of the replenished
water (mg L~1); A is the surface area of the sediment (m?); and t is
the temporal cycle (d). In the calculation, the influence of the
dilution effect of replacement water needs to be considered.
Secondly, the internal P influx of lakes can be quantitatively
calculated through pore water P concentration profiles at the SWI
(Lavery et al, 2001; Yu et al, 2017). In the non-steady-state
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diffusion process of sediment, the changing rate of P concentrations
over time equals the negative value of the change rate of the
diffusion flux with distance. According to the Fick's first law, the P
diffusion flux through the SWI can be expressed as Eq. (2)(Ullman
and Aller, 1982):

oC
F=¢x Ds&|z:o (2)

where Fis the release flux (mg m~2 d~1); ¢ is the porosity of surface
sediment; Ds is the effective diffusion coefficient of ions in sedi-
ment, where the diffusion coefficient of phosphates can be calcu-
lated through empirical formulas and calibrated with temperature
and pressure (Li and Gregory, 1974); % is the concentration gradient
with a linear change in the P concentration near the SWI, which is
usually designated as the spatial range of several to dozens of
millimeters above and beneath the SWI.

2.6. Statistical analysis

The data shown in this study are represented as the means and
standard deviation of three replicates. Pearson correlation analysis
was used to examine the correlation between pore water SRP and
soluble Fe in sediments with and without inactivating agents. All
the statistical analyses in this study were performed by employing
SPSS 13.0 (SPSS, USA).

3. Results
3.1. Effects of AMC on water chemistry in the overlying/pore waters

According to Fig. 1, the hypolimnion in the Hongfeng was anoxic
(DO <1mgL~!) and the concentrations of TP (0.148 mgL™') and
SRP (0.106 mg L~ 1) in bottom water were both far higher than their
concentrations in overlying water columns (mean: TP
0.039mgL~'; SRP 0.035mgL!), suggesting that sediments had
experienced an intense P release into overlying water under anoxic
conditions. The water pH of Hongfeng ranged from 7.6 to 8.4, which
gradually decreased with the increasing depths. Therefore, the pH
near the sediment-water interface is about 7.6. Fig. 2 shows the SRP
concentration of overlying water and the removal rate of SRP from
overlying water in the core incubation. Under the condition of
DO<1mgL™!, the SRP concentration of overlying water in the

Dissolved oxygen (mgL™)

0 2 -+ 6 8 10
0 -
5 -
g
= ~-10 A
s
o
(=]
-15 A a
—@— water temperature
20 1 —@— Dissolved oxygen

18 19 20 21 22
Water temperature ('C)

control group gradually rose up from 0.025 mg L~! at the beginning
to 0.410mgL~! on the seventh day, after which it tended to be
stable. In a core dosed with AMC, the SRP concentration of over-
lying water did not experience any obvious increase and the ab-
solute SRP concentration (mean: 0.041 mgL™") was significantly
lower than that of the control group (mean: 0.424 mgL~!). Under
anaerobic conditions, the average removal rate of SRP by AMC
reached 90.31% (Fig. 2a). Under the condition of DO>6mgL™’,
whether dosed with AMC or not, the SRP concentration of overlying
water always maintained a low level (<0.02mgL™') or even pre-
sented a slightly declining trend (Fig. 2b), suggesting that aerobic
conditions had effectively inhibited sediment P release and also
promoted the sedimentation of SRP in overlying water.

Table S1 shows the variations in the AI3*, Ca?* and SO5~ con-
centrations of overlying water and sediment pore water during the
incubation experiment. In a core dosed with AMC, no matter under
the condition of DO <1mgL~! or DO> 6 mgL~!, the AI>** and SOF~
concentrations of overlying water both notably rose from
~84mgL! to ~23.0mgL"! (increased to 2.7 times) and from
~46.6mgL~!to~123.2 mg L~ (increased to 2.6 times), respectively.
The AI>* and SOZ~ concentrations of pore water also rose from
~18.4mgL~! to ~43.3mgL"! (increased to 2.4 times) and from
~66.9mg L1 to ~170.9 mg L' (increased to 2.6 times), respectively.
The results suggested that some aluminum salts in the inactivating
agents had dissolved, giving rise to the increase of the AI** and
SO3~ concentrations of water and pore water. In the presence and
absence of AMC, overlying water and pore water did not experience
any obvious variation in Ca** concentration (Table S1).

3.2. Effects of AMC on soluble P/labile P in the pore water

Fig. 3a—d shows the concentrations of soluble P and labile P in
the overlying water-sediment profiles under different treatment
conditions. Under the condition of DO < 1 mg L™, the mean soluble
P concentration in the entire profile of the control group not dosed
with AMC was 0.235 mg L™, which was significantly higher than
that of the experimental group dosed with AMC (0120 mgL™1)
(Fig. 3a). At the SWI, the soluble P concentration of the experi-
mental group dosed with AMC was 0.048 mgL~!, which was
significantly lower than that of the control group not dosed with
AMC (0.229 mg L~ 1). The labile P in profiles also presented similar
concentration distribution characteristics, especially at the SWI
The mean labile P concentration of overlying water in the control

Water P concentration (mg L")
0.00 0.02 0.04 0.06 0.08 0.10 0.12 0.14 0.16
0 A

5

-10 A

Depth (m)

-15 A

20 4

7.4 7.6 7.8 8.0 8.2 8.4 8.6

Fig. 1. The variations of water temperature, dissolved oxygen (a), SRP, TP and pH (b) with depth in the water column of sampling site in Hongfeng Reservoir (May 25, 2018).
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group not dosed with AMC reached as high as 0.604 mg L™, which
was 14.8 times of that in the experimental group dosed with AMC
(Fig. 3b). Under the condition of DO > 6 mg L™, irrespective of AMC
dosage, the mean soluble P and labile P concentrations
(0.016 mgL™! and 0.025 mgL~!, respectively) in the oxide layer
(0—10 mm) of the sediment surface were both far lower than their
concentrations under the condition of DO<1mgL~! (0143 mgL™!
and 0.249 mg L™, respectively). Below the oxide layer (>10 mm),
sediments still presented high soluble P and labile P concentration
gradients which increased with depth. In the control group not
dosed with AMC, the mean soluble P concentration in the entire
profile was 0.131 mg L=, which was still higher than that of the

experimental group dosed with AMC (0.084 mg L) (Fig. 3c). The
labile P in profiles also presented similar concentration distribution
characteristics(Fig. 3d). To sum up, in the sediment incubation
experiment, the concentrations of soluble P and labile P under
aerobic incubation conditions were significantly lower than their
concentrations under anaerobic incubation conditions. Under
anaerobic conditions, AMC presented a stronger capacity for
inhibiting internal P release.

The 2D measurement of labile P presented a trend similar to that
presented by 1D measurement (Fig. 4a—d). Under both aerobic and
anaerobic conditions, the labile P concentrations of overlying water
and the upper sediment layer in the control group not dosed with
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Fig. 4. Two-dimensional changes of labile P and labile S concentration in sediment-overlying water profiles, treated (a,c,e,j) and untreated (b,d,f,h) with AMC. The location of the

sediment-water interface is represented by zero.

AMC were both relatively high. In the experimental group dosed
with AMC, the labile P concentrations of overlying water and the
upper 40 mm sediment layer declined to a low level.

3.3. Effects of AMC on soluble Fe/labile Fe and labile S in the pore
water

Fig. 3e—h shows the concentrations of soluble Fe and labile Fe in
the overlying water-sediment profiles under different treatment
conditions. Under the condition of DO <1mgL~}, the soluble Fe
concentration of the profile in the experimental group dosed with
AMC slowly rose from 0.02 mg L™! (at 20 mm of overlying water) to
0.41 mgL~! (at 120 mm of lower sediments). The soluble Fe con-
centration of the control group profile not dosed with AMC first
increased slowly from 0.01 mg L~! (at 20 mm of overlying water) to
0.22 mg L~! (at 40 mm of upper sediments) and then rose rapidly to
129 mgL~! (at 120 mm of lower sediments) (Fig. 3e). Under the
condition of DO < 1 mg L™, both with and without AMC dosage, the
labile Fe concentrations of the overlying water-sediment profiles
uniformly presented similar distribution characteristics, that is,
rising rapidly from to 0.08 mgL~! (at the SWI) to 2.20mgL~! (at a
depth of about 40 mm), followed by small fluctuations extending to
the profile bottom (Fig. 3f). Under the condition of DO>6mgL~},
both with and without AMC dosage, the mean soluble Fe and labile
Fe concentrations of overlying water were both extremely low
(soluble Fe: 0.01 mgL~!; labile Fe: 0.08 mgL~1). In the oxide layer
(0—10 mm), mean soluble Fe and labile Fe concentrations were low
as well (0.048 mgL~!; 0.159 mgL™1), i.e., lower than those of the
same layer under the condition of DO<1mgL™' (0.173mgL"};
0.282 mgL~'). Below the oxide layer (>10 mm), the experimental
group dosed with AMC and the control group not dosed with AMC

were highly similar in terms of soluble Fe concentration and dis-
tribution, that is, rising gradually from 010 mgL~! (at the SWI) to
about 0.50mgL~! (at a depth of about 120 mm) (Fig. 3g). The
profile variation characteristics of labile Fe in sediments were
similar to those of soluble Fe, that is, in overlying water and the
oxide layer (0—10 mm), the labile Fe concentration maintained a
low level. Below the oxide layer (>10 mm), the labile Fe concen-
tration rose rapidly from 0.34 mgL~! to 2.23 mgL~! (at a depth of
110 mm) (Fig. 3h).

Fig. 4e—h shows the 2D concentrations of labile S in the over-
lying water-sediment profiles under different treatment conditions.
Under the condition of DO <1 mgL~}, the mean labile S concen-
tration of overlying water in the control group not dosed with AMC
was 11.09 ugL~L. The mean labile S concentration of overlying
water in the experimental group dosed with AMC was lower than
the detection limit or O (Fig. 4e and f), suggesting that AMC had
powerfully inhibited the release of dissolved sulfur in sediments.
Under the condition of DO > 6 mgL~!, the mean labile S concen-
tration of overlying water in the control group not dosed with AMC
was 1.49 pgL~!, which was obviously lower than that under
anaerobic incubation conditions, suggesting that a high DO con-
centration could inhibit the release of dissolved sulfur in sediments.
Similar to the results observed under anaerobic incubation condi-
tions not dosed with AMC, under the condition of DO>6mgL™,
the mean labile S concentration of overlying water in the experi-
mental group dosed with AMC was at a low level (0.65 pgL™1), but
slightly higher than that under anaerobic incubation conditions.

3.4. Effects of AMC on sediment properties

Table 1 shows the contents of the main components (TOC, TS, Fe,



Table 1

The chemical properties (mean + SD) of sediments, treated and untreated with AMC, under high and low dissolved oxygen conditions.
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Al and Ca) and various P forms of the sediments in the surface layer
from O to 5cm. In the Hongfeng, sediments had high contents of
TOC, Fe, Al and TP, and their mean concentrations were 5.97%
(5.21%-6.43%), 43.4gkeg™! (264-549gkg!), 752gkg”!
(52.5-106.7 gkg ') and 1465.1 mgkg~! (1208.4—1757.7 mgkg™1),
respectively. Fe-Mn hydroxide-bound Fe and residual Fe consti-
tuted the two main forms of sediment Fe and respectively
accounted for 65.9% and 30.5% of the total Fe content (Table 1). Al-P
and Fe-P constituted the main forms of sediment P and respectively
accounted for 36.7% and 18.5% of TP (Table 1). The contents of TS
and Ca in sediments ranged from 1.17% to 1.89% (mean: 1.59%) and
from 20.9gkg™! to 88.1gkg™! (mean: 53.1gkg™!), respectively.
Under the condition of DO <1 mgL~!, after aluminum modifica-
tion, the Al content and P forms of the sediments in the 1 cm sur-
face layer notably varied. The Al and Al-P contents of this sediment
layer respectively reached 976+4.6gkg™! and
542.7 +249mgkg~! and were obviously higher than those of
lower sediments. Under the condition of DO>6mgL~}, after
aluminum modification, the Al content of the sediments in the 1 cm
surface layer also increased and reached 98.5 + 5.5 g kg~ 1; however,
the Al-P content of this sediment layer did not experience any
obvious variation.

4. Discussion
4.1. Immobilization capacity of AMC on sediment P

To quantitatively assess the capacity of AMC for immobilizing
sediment P, the internal P input fluxes of the experimental group
and the control group were calculated by two methods (Table 2).
The first method was based on the variations in the SRP concen-
tration of overlying water in cores over time. According to the re-
sults, under anaerobic incubation conditions not dosed with AMC,
the internal P input flux of sediments was the highest and reached
13.26 + 1.20 mg m—2 d~L. After dosing with AMC, the concentration
of SRP in overlying water maintained a low level
(0.025—0.047 mg L™ '; Fig. 2a), suggesting that internal P release
had obviously been inhibited. In this case, internal P input fluxes
were only 0.54 +0.03 mg m~2d~L Under aerobic conditions, both
with and without AMC dosage, the SRP concentration of overlying
water in cores uniformly presented a slight declining trend
(Fig. 2b), suggesting that sediment P had not been released and that
the P in overlying water experienced sedimentation. In this case,
internal P input fluxes were —0.31 + 0.04 mg m 2 d ! (treated with
AMC) and —0.66 +0.15mgm 2 d~' (not treated with AMC). The
second method was based on the P concentration gradient at the
SWI and Fick's first law. To be specific, under anaerobic incubation
conditions not dosed with AMC, because of intense release, the
soluble P concentration gradient at the SWI had vanished (Fig. 3).
Thus, this method is not available for the calculation of release flux
in such samples. In other incubated cores, internal P input fluxes
were uniformly low at 0.22mgm~2 d~! (DO<1mgL™'; treated
with AMC), 0.06 mgm~2 d~! (DO>6mgL!; treated with AMC)
and 0.07mgm 2 d! (DO>6mgL!; untreated with AMC).
Because of their different principles, the results calculated by the
two methods showed small differences but they reflected that
sediment P would experience intense release under anaerobic
conditions and that its release under aerobic conditions would be
weak.

In this study, sediment P release occurred only under anaerobic
conditions, similar to the findings of previous studies (Mortimer,
1941; McManus et al., 1997). Under anaerobic conditions, the
dosing of AMC caused internal P input flux to decline from
1326+120mgm2 d ! to 054+003mgm2 d~!, with a
declining rate of 95.9%. In this case, the removal rate of SRP from
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Table 2
The release flux of P from sediment, calculated based on the variation of P concentrations in the overlying water, under different treatment conditions. Positive fluxes are out of
sediment.

Treatment Sediment P release flux (mg m~2d~")

Calculation based on the variations in the P concentration of

overlying water over time

Calculation based on the P concentration gradient at the
SWI and Fick's first law.

Treated with AMC & DO<1mgL™! 0.54 +0.03

Untreated with AMC & DO <1mgL~! 13.26 +1.20
Treated with AMC & DO>6mgL~! —-0.31+0.04
Untreated with AMC & DO >6mgL™" —0.66 +£0.15

0.22
n/a

0.06
0.07

overlying water reached 90.31% (Fig. 2a), suggesting that AMC had a
strong capacity of immobilizing sediment P. Under aerobic condi-
tions, sediment P release was obviously inhibited, in which case it
was unnecessary to dose with AMC or other inactivating agents for
internal P input control.

4.2. Mechanism of internal P loading reduction by AMC

Under aerobic conditions, oxygen is allowed to penetrate
through the SWI until reaching a depth of several millimeters
below the surface layer of sediments, thus forming a thin oxide
layer. According to the classic redox zoning theory, in this oxide
layer, Fe mainly exists in oxidized forms (such as Fe oxides and
hydroxides) (Froelich et al., 1979; Och et al., 2012). These oxidized
Fe compounds have large specific surface areas and strong ion
absorption capacities (Nobrega et al., 2014). In the Hongfeng, sur-
face sediments had a high Fe content, averaging 43.4gkg™!
(Table 1). Thus, when overlying water was in an aerobic state, this
thin oxide layer on the outermost surface of sediments (usually
above 10 mm) naturally formed an inactivation layer similar to Fe
salts. In this case, it would be difficult for SRP to pass through this
oxidized Fe salt layer and enter overlying water (Fig. 3c and d). On
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the contrary, when overlying water was in an anaerobic state, the
clay layer had a low redox potential and Fe>* was reduced into Fe?™,
accompanied by the reductive dissolution of Fe-P in sediments.
Considering that Fe-P constituted one of the main forms of sedi-
ment P in the Hongfeng (with a mean concentration of
2718 mgkg~!, Table 1), if no inactivating agent coverage was
adopted, the large amount of free-state SRP formed by the reduc-
tive dissolution of Fe-P would penetrate the SWI and cause SRP in
overlying water to rise intensely (Fig. 3a and b). This coincided with
our observations of the variations in the SRP concentration of
overlying water (Fig. 2). According to the correlation analysis, first,
the SRP and soluble Fe from the sediments of the Hongfeng pre-
sented a significant positive correlation (P <0.01, Fig. 5), which
further confirmed the role of the reductive dissolution of Fe-P as
the main mechanism of sediment P release (Ding et al., 2016).
Second, in an anaerobic environment, the microorganisms in sed-
iments utilized sulfate radicals as electron acceptors to generate
H,S (Fig. 4), and could promote the precipitation of Fe (FeS) and
further facilitate the dissolution of Fe-P. That is to say, sulfate
reduction was coupled with Fe reduction to promote sediment P
release (Ding et al., 2012).

In this study, AMC was dosed onto the sediment surface and
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Fig. 5. Correlation between SRP and soluble Fe concentrations in the treated and untreated sediments with AMC under different oxidation states.
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powerfully inhibited labile P in pore water from entering water
even under anaerobic conditions (Fig. 2a). Under anaerobic condi-
tions, SRP and labile P had very high concentration gradients at the
SWI (Fig. 3a and b), pointing to a strong diffusion of phosphate
radicals from sediments to overlying water. However, when the
inactivating agent was dosed onto the sediment surface, the con-
centrations of SRP and labile P in the AMC capping layer both
dropped abruptly to low levels (0.015mg L' and 0.038 mgL~! on
average, respectively). This is because the Aly(SO4)3 component in
AMC played a vital role. That is, after Al,(SO4)swas hydrolyzed and
generated Al(OH)3, the huge specific surface area strongly adsorbed
phosphates and formed AI-P, thus creating a barrier at a depth of
several millimeters above the SWI and blocking the phosphate
exchange between pore water and overlying water in sediments. In
lake sediments, the inorganic P combined with Al is highly stable
and such combination is permanent (Rydin and Welch, 1999). Thus,
AMC can stably immobilize the upward-migrating labile P from
sediment pore water. Furthermore, the immobilization of phos-
phates by AMC and other aluminum-salt inactivating agents is not
influenced by variations in redox conditions, which constitutes an
advantage not enjoyed by iron-salt inactivating agents (Rydin and
Welch, 1999; Rydin, 2000).

Because of the AMC dosing, the Aly(SO4)3 in the inactivating
agents partially dissolved and was released into pore water and
overlying water. As a result, the AI** and SO~ concentrations in the
water of incubated cores and in the pore water of outermost surface
sediments both increased to some extent (Table S1). To be specific, a
high SOZ~ concentration could increase the intensity of sulfate
reduction, enhance the co-precipitation of reduced S (H,S) and Fe?*
in sediments, and promote the reductive dissolution of Fe-P, which
would be unfavorable for the immobilization of sediment P (Caraco
et al., 1993; Rozan et al., 2002). In the incubation experiment, the
SOZ~ concentration of the 1 cm surface layer was only observed, so
it was impossible to judge whether the SO~ generated by the
dissolution of AMC would penetrate into the sediment pore water
below the AMC coverage layer and further exert some influence on
the geochemical cycle of Fe-P. However, this process needs close
attention.

Aluminum-salt inactivating agents have a strong P adsorption
capacity and is thought to be the main mechanism for inhibiting
sediment P release (Rydin, 2000). However, there is little knowl-
edge available about the reaction between aluminum salts and
sediment P. In this study, the thin layer coverage based on AMC
could provide a labile barrier system for inhibiting the P flux from
sediments. In AMC, labile Al reacted with the SRP released from
sediments and formed inert Al-P. This role was similar to the
function of the Fe oxide layer under aerobic conditions. Unaffected
by variations in redox conditions, the immobilized P had a higher
stability. In short, surface adsorption reaction constituted the main
mechanism of the immobilization of the internal P from sediments
by AMC. This discovery is of great significance for the applications
of aluminum-salt inactivating agents.

4.3. Factors affecting the application of AMC in lake restoration

The ratio of labile P composition content to TP content in sedi-
ments is the main factor influencing the use rate of inactivating
agents. According to the study conducted by Malecki-Brown et al.
(2009), it took 0.28 mg AI>* to immobilize 1 mg PO3~; however,
because of the competition between sediment components (such
as organic matter) and PO3~ for adsorptive sites on the surface of
Al(OH)s, the use rate of AI** must be increased to achieve the goal
of controlling sediment P release. Rydin and Welch (1998) held that
the dosing rate of aluminum salts should be based to a great extent
on the content of Fe-P in sediments, mainly because of the

sensitivity of Fe-P to redox conditions and its susceptibility to
release. The study done by Pilgrim et al. (2007) indicated that,
when setting Al:P at 4:1 (atomic ratio), the use rate could fully
inactivate the releasable P in surface sediments. Kopacek et al.
(2005) investigated 43 lakes of different nutritional conditions,
pH values, climatic conditions and P input conditions, and the re-
sults showed that, when AlnioH-25:Fegpp>3 or AlNaon-
25:P(H20+BD) > 25, the release of sediment P could be effectively
controlled, even in an anaerobic environment. Considering the
complexity of sediment composition and P cycle, in this study, the
optimal dosage of AMC (180 g m~2) was determined according to a
series of dosage tests. Seen from the inactivation effect, this dosage
could achieve a relatively ideal effect of internal P input control.
The timing of dosing inactivating agents is one of the most
important factors to be considered in conducting internal P pollu-
tion control engineering. In lakes, sediment P is usually released on
a seasonal basis. According to the study conducted by Steinman
et al. (2009) on Lake Mona, during the spring, sediment P release
was about 9% of TP, whereas in the summer and early autumn, it
could reach as high as 68%—82%. The study done by Churchill et al.
(2009) found that inactivation had the worst control effect in the
winter and that it might even increase the release of nutrient
substances. Generally, from late spring to early autumn, the SWI
has a high temperature, so biological activities are obviously
strengthened, which further facilitates the conversion of organic P
into inorganic P. In addition, at this point, the sediment surface is
usually anoxic, which intensifies the reductive dissolution of Fe-P. It
is thus clear that this period has the highest internal P input and
that it is an ideal period for inactivation engineering.
Aluminum-salt inactivating agents, through forming a coverage
layer on the surface layer of sediments and reducing sediment P
release, can have an effective time of 10—15 years (Cooke et al.,
1993; Rydin, 2000; Berkowitz et al., 2006; Malecki-Brown et al.,
2009). The sustainability of their inactivation effect mainly de-
pends on temporal variations in the adsorptive capacity of Al(OH)s,
and adsorptive capacity is in direct proportion to the surface area of
inactivating agents. With the passage of time, Al(OH); gradually
forms gibbsite, and results in the reduction of surface area
(Berkowitz et al., 2006). Furthermore, the binding between sedi-
ment components (such as inorganic matter) also reduces surface
area and thus affects the sustainability of the inactivation effect
(Borggaard et al., 1990). In addition, the re-suspension capacity of
AI(OH)3 floccule is five times of that of ordinary sediments
(Egemose et al., 2009); therefore, AMC is susceptible to the influ-
ence of storm waves, which further weakens the inactivation effect.
In shallow lakes with an intense action of storm waves, it is
necessary to assess their inactivation effect, especially with respect
to stability. The pH of water is another key factor affecting the
inactivating efficiency of aluminum salts. Hydrolysis of aluminium
salts usually occurs only in a weak alkaline condition, with an
optimal pH range of 6—8 (Haggard et al., 2005; Lin et al., 2017). The
hydrolysate can strongly adsorb phosphate, which is the key to
inactivating P in sediments. This also limits the application of
inactivating agents for aluminum salts in weak alkaline waters.
Inactivating agents for aluminum salts have a strong capacity for
immobilizing sediment P and are extensively applied to lake
restoration after pollution by internal P. However, dosing inacti-
vating agents that containing aluminum salts into water may result
in chemical pollution (such as excessive dissolved Al). In our study,
after the addition of AMC, the concentration of aluminum ions
increased slightly in overlying water (from 8.5 ug L' to 23 pgL™1)
and in pore water (from 18 pgL~' to 43 pgL~!) during the incu-
bation (Table S1). However, its concentration is still far below the
limit of drinking water sanitary standard in China (200 pgL~';
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GB5749-2006). This result indicates that the environmental risk of
AMC is acceptable.

P release from sediments occurs mainly under anoxic condi-
tions, but hardly under aerobic conditions (Fig. 2a and b). Therefore,
the remediation of P pollution in sediments is necessary in lakes
with long-term or seasonal hypoxia. The DO levels and its distri-
butions in waters are determined by several factors, among which
water depth and water nutrient level are usually the most impor-
tant ones. The bottom water of deep and eutrophic lakes or reser-
voirs is often observed to be chronically or seasonally hypoxic. Our
research indicates that AMC is effective in controlling sediment P
input under anoxic conditions. Therefore, AMC can be an effective
remediation material in deep eutrophic lakes or reservoirs. In field
applications, the dosage, dosing timing, lake characteristics (pH and
disturbance by storm waves) and other factors of AMC may all in-
fluence the effectiveness and sustainability of inactivating agents,
thus, further in-depth studies are needed.

5. Conclusion

Under aerobic conditions, there was no obvious sediment P
release, irrespective of AMC dosing. Under anaerobic conditions,
AMC effectively reduces the release flux of sediment SRP. According
to high-resolution sampling, there was a positive correlation be-
tween soluble Fe and SRP in pore water, suggesting that the
reductive dissolution of Fe-P constituted the main mechanism of
sediment P release. After dosing AMC, the concentrations of SRP
and labile P in the capping layer both dropped abruptly to low
levels even under anaerobic conditions. This is because AMC had
strongly adsorbed phosphates, formed inert Al-P, and thus created a
barrier on the sediment surface and blocked phosphate exchange
between pore water and overlying water in sediments. The
immobilization of phosphates by AMC was not influenced by var-
iations in redox conditions; therefore, the immobilized P had better
stability. In this case, AMC can be an effective inactivating agent for
remediation of internal P pollution in deep eutrophic reservoirs.
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